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“Where wast thou when | laid the foundations of the earth? declare, if thou hast understanding.

Who hath laid the measures thereof, if thou knowest? or who hath stretched the line upon it?

Whereupon are the foundations thereof fastened? or who laid the corner stone thereof;

When the morning stars sang together, and all the sons of God shouted for joy?

Or who shut up the sea with doors, when it brake forth, as if it had issued out of the womb?

When | made the cloud the garment thereof, and thick darkness a swaddling band for it,

And brake up for it my decreed place, and set bars and doors,

And said, hitherto shalt thou come, but no further: and here shall thy proud waves be stayed?”

Job 38:4-11
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ENGLISH ABSTRACT

Emerging organic pollutants pose a substantial risk to the environment and living things owing
to their high production volumes, consumption, recalcitrance, toxicity, mutagenic, and
carcinogenic properties, and limited knowledge of their fate in the environment. These
pollutants are infrequently regulated in wastewater and water treatment, especially in domestic
wastewater discharge, and therefore are released into the aquatic ecosystem. Conventional
water and wastewater treatment are inadequate in the removal of these pollutants leading to
their detection in treated water. Additionally, water and wastewater treatment that utilize phase
transfer such as adsorption and filtration lead to secondary pollution from adsorbent and
filtration byproducts that necessitate costly post-treatment of adsorbents. Similarly, other
processes utilizing chemical additives are of concern due to the quantities of chemicals used
and their effects on the environment. Radiation technologies are versatile in the removal of
many pollutants in the aqueous phase without additional chemical additives or post-treatment
processing. Additionally, radiation technologies are proposed as promising alternatives for pre

and post-treatment of polluted water.

In this study, the radiation-induced degradation of chloroquine (CQ) and hydroxychloroquine
(HCQ) was investigated as model halogenated emerging organic pollutants. CQ and HCQ are
quinoline derivatives prominently used as antimalarials with further applications in rheumatoid
arthritis treatment, cancer therapy, inflammatory arthritis, systemic lupus erythematosus
(quinacrine), rheumatoid arthritis, dermatological, immunological, infectious diseases, and
most recently proposed for treatment of SARS-Covid 19. However, their use is associated with
retinal retinopathy, cardiac arrhythmia, and as well toxicity. The therapeutic administration of
these pharmaceuticals leads to the release of CQ, HCQ, and their metabolites into wastewater,
wastewater treatment plants, and eventually the aquatic systems. Varying concentrations of CQ

and HCQ were irradiated under an electron beam at absorbed doses ranging from 0.5 kGy to 7



kGy. The initial concentrations of CQ and HCQ decreased with increasing absorbed dose and
the removal efficiency decreased with increasing concentration of CQ and HCQ synonymous
with pseudo-first-order degradation kinetics. The degradation of CQ and HCQ was further
studied under conditions that promote the selective generation of *OH, e,q, and He, in addition
to aerated and Ar purged solutions. The degradation of CQ and HCQ was higher under «OH
compared to He and e.q. The lower removal efficiency for CQ and HCQ under e, was
attributed to the limited reactions involving e.q~ compared to *OH. However, the reactions of
€aq contributed to a greater extent to the degradation of CQ compared to HCQ. This was
attributed to the significantly higher reaction rate constants of the e~ with CQ. Aerated
solutions (DO between 5-10mg/L) had a higher removal efficiency for CQ and HCQ compared
to the Ar purged solution (DO<Img/L). In aerated solutions, the formation of HO:" could
positively influence the degradation of CQ and HCQ. The initial pH of the solutions was not
found to significantly affect the removal efficiency. However, acidic pH between 2 to 4 favored

the removal of CQ and HCQ and the removal efficiency decreased with increasing pH

The degradation of CQ and HCQ was further studied in the presence of selected inorganic ions,
and humic acid commonly found in natural water as well as in the presence of H>0- and S20s*
that promote the production of *OH and SO4™, respectively. The presence of COs*, HCOs™,
NOs~, Fe**, humic acid, and H20O: had a deleterious effect on the degradation of CQ and HCQ
under EB processing. These components competitively scavenge the *OH in addition to the €.q
and reduce the removal efficiency of the target pollutant. Additionally, higher concentrations
of Fe*’, and humic acid cause turbidity. The presence of NOs  greatly influenced the
degradation of CQ compared to HCQ where the COs*" influence was more prominent. The
NOs™ scavenges €.~ Which contribute more to the degradation of CQ than HCQ in addition to

the scavenging of the *OH radicals by NO:~ formed in the reduction of NOs~. However, the

presence of S:0s*>" increased the removal efficiency of CQ and HCQ with increasing
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concentrations of S20s*>" and absorbed dose. Under EB irradiation, the S2Os*>~ was converted to
the strongly oxidizing SO4™. Additionally, *OH radicals are formed that further enhance the
efficiency. In tert-BuOH/ SO4™ solutions, the improvement in efficiency was attributed to the

SO4™.

Several physical-chemical properties were utilized to assess the degradation of CQ and HCQ
under the EB process. Chloride ions were released with increasing absorbed doses which is
consistent with dechlorination of chlorinated organic compounds under EB processing.
Additionally, nitrification an important process in the treatment of nitrogen-containing organic
compounds was achieved evidenced by the decreasing concentration of total Kjeldahl nitrogen
and increasing concentrations of NOs~, and NH4" with increasing irradiation dose. The reduced
removal efficiency for CQ and HCQ at higher doses was attributed to the formation of NOs~
that scavenges the e,q and *OH by resultant NO.". However, total mineralization of CQ and
HCQ was not achieved according to the results of total organic carbon and chemical oxygen
demand obtained in this study. However, the degradation of CQ and HCQ led to the production
of lower molecular weight organic compounds. The changes in pH from a slightly acidic pH
of 5.5 to a pH of 3.5 were attributed to the formation of organic acids. Results showed
increasing concentrations of organic acids with increasing absorbed dose during the EB
treatment of CQ and HCQ. Similar changes in pH have been reported in the degradation of CQ
and HCQ under electro Fenton oxidation which was attributed to the formation of oxalic and
oxamic acids. Other studies also allude to the formation of aldehydes and ketones in the

degradation of organic compounds.

Fenton-assisted EB process (EB-F) was investigated to improve the removal efficiency of CQ
and HCQ. Preliminary Fenton experiments attained a higher removal of CQ and HCQ when
the H20O: concentration was five times (5%) the Fe** and increased with increasing H20-

concentration from 0.1 to 2 mM. However, when the ratio of H-02 was further increased (10x
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to 20%) the removal efficiency decreased owing to the scavenging of *OH radicals. Similar
reductions in removal efficiency due to scavenging were observed when the proportions of Fe**
were higher (0.5x and 0.2x). Therefore, the molar ratio of H.O2:Fe** significantly influences
the Fenton processes. The molar ratios further influenced the Fenton-assisted EB (EB-F)
process. The removal efficiency for CQ and HCQ increased with increasing H-O2 concentration
from 0.1 to 2 mM. However, contrary to the Fenton process, the removal efficiency for CQ
and HCQ was high in excess H20: (20%). This was attributed to sustained reactions of the H.O-
with the reconstituted Fe?* during the synergistic Fenton-assisted EB (EB-F) process. The
removal efficiency under EB-F was observed to improve by ~10% at 7 kGy applied irradiation
dose with 2mM H:0: and 20 times the Fe** volume compared to the EB process. However, the
improved removal efficiency was higher at lower doses between 0.5 kGy and 2kGy.
Additionally, dechlorination and nitrification were higher under the EB-F compared to the EB
process. Similar observations were made for the total organic carbon and chemical oxygen

demand reduction. Therefore, the EB-F process improves the overall removal efficiency of CQ

and HCQ.

Mathematical simulations using CHEMSIMUL software were performed to further investigate
the degradation of CQ and HCQ under EB and EB-F processes. Using available information
from pulse radiolysis studies of CQ and HCQ in addition to water radiolysis studies the
degradation of CQ and HCQ was investigated and compared to the experimental results. The
degradation of CQ and HCQ was faster in simulated conditions compared to the experimental
conditions. This was attributed to the inability to simulate the effects of the degradation
products on the removal efficiency. Complete removal of CQ and HCQ was achieved at less
than 2 kGy under simulations. However, similar to the experimental conditions, the removal
efficiency of CQ and HCQ decreased with increasing concentration under different absorbed

doses. Additionally, the contribution of the *OH radicals was higher than e.q to the degradation
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of CQ and HCQ. Furthermore, e.q~ contributed more to the degradation of CQ than HCQ which
is attributed to the higher rate constants of e.q~ with CQ. However, though the rate constant for
€aq With CQ was higher than *OH, *OH contribution to CQ degradation was still higher. Similar
observations were made in the laboratory experiments. This was attributed to the *OH radicals
having more sites for attack compared to the e.q~. Additionally, in the experimental conditions,
the e.q~ 1s scavenged by the products of degradation such as NOs~. The rate constants for e.q
scavenging by NOs~ are much higher and this will reduce the contribution of the e.q to CQ
degradation. The contribution of e,q~ and *OH to the degradation of CQ and HCQ was
influenced by the initial pH. The contribution of *OH decreased with increasing pH whereas
those of the e,q increased with increasing pH. The pH influences the generation of *OH and
€.q under EB and therefore affects the removal efficiency. These observations in simulations
explain the observation made in experimental results. Similarly, both experiments and
simulations show agreement in the diminished removal efficiency of CQ and HCQ in strongly
alkaline conditions (pH>10). In these conditions, reactions of *OH with OH™ lead to a reduction
in available *OH, additionally the increased concentration in e,q causes the recombination

reactions of the e.q~ to dominate and lead to reduced degradation.

The degradation products of CQ and HCQ were further determined using LCMS and this
information was used to propose a degradation mechanism for CQ and HCQ. The results
indicated that the degradation of CQ and HCQ is mediated by reactions with *OH radicals and
€aq . Reactions of *OH radicals were prominent through the addition to the aromatic and
pyridine rings. Additionally, N-dealkylation reactions and dechlorination contributed to the
degradation of CQ and HCQ. Several degradation intermediates have been proposed.
Furthermore, the formation of NOs~, NH4*, Cl-, and organic acids, and the reduction in TOC
and COD attest to the mineralization of CQ and HCQ. However, from the results of TOC and

COD, complete mineralization was not achieved. From the experiments and simulation results,



EB treatment initiates the degradation of CQ and HCQ in aqueous solutions and the efficiency
of the process is affected by the absorbed dose, the initial concentration of the target pollutants,
the initial pH of the solutions, irradiation conditions that selectively generate radicals, the
presence of inorganic ions, and organic acids. The EB-F process has a higher removal
efficiency for both CQ and HCQ with higher release of Cl-, NOs~, NH4*, and reduction of TOC
and COD. Overall, the removal efficiency for CQ was improved by up to 37% at 0.5 kGy, and
10% at 2kGy for both CQ and HCQ. The Ecological Structure Activity Relationship
(ECOSAR) analysis of CQ, HCQ, and their degradation products showed that the degradation

of CQ and HCQ resulted in less toxic products.



STRESZCZENIE

Zanieczyszczenia zwigzkami organicznymi stanowi powazne zagrozenie dla srodowiska i
organizmow zywych ze wzgledu na duzg skale produkcji tych zwigzkow a takze ich znaczne
zuzycie, trwatos$¢, toksyczno$¢, wiasciwosci mutagenne i1 rakotworcze oraz ograniczong
wiedze na temat ich losow w $Srodowisku. Obecnos$¢ tych zanieczyszczen w $ciekach i
oczyszczaniu wody, zwtaszcza w $ciekach bytowych jest rzadko uwzgledniana a zatem sg one
uwalniane do ekosystemu wodnego. Konwencjonalne metody oczyszczania wody i $ciekow sa
niewystarczajace w usuwaniu tych zanieczyszczen, co prowadzi do ich obecnosci w
uzdatnionej wodzie. Ponadto uzdatnianie wody 1 $ciekdw, ktore wykorzystuja metody takie jak
adsorpcja 1 filtracja, prowadza do wtérnego zanieczyszczenia z adsorbentu i produktow
ubocznych filtracji, ktére wymagaja kosztownej obrobki koncowej adsorbentow. Podobnie
inne procesy wykorzystujace dodatki chemiczne budza obawy ze wzgledu na ilo$¢
stosowanych chemikaliow 1 ich wpltyw na S$rodowisko. Technologie radiacyjne sa
wszechstronnie wykorzystywane w usuwaniu wielu zanieczyszczen w fazie wodnej bez
dodatkowych dodatkow chemicznych lub obrébki koncowej. Ponadto technologie te sa
proponowane jako obiecujace alternatywy dla wstepnego i1 koncowego procesu uzdatniania

zanieczyszczonej wody.

W prezentowanych badaniach zbadano wywotang promieniowaniem jonizujacym degradacje
chlorochiny (CQ) i hydroksychlorochiny (HCQ) jako modelowych halogenowanych
zwigzkow organicznych stanowigcych zanieczyszczenia. CQ 1 HCQ to pochodne chinoliny,
ktére sa powszechnie stosowane jako leki przeciwmalaryczne z dalszymi zastosowaniami w
leczeniu reumatoidalnego zapalenia stawow, raka, zapalnego zapalenia stawdw, tocznia
rumieniowatego ukladowego (chinakryna), reumatoidalnego zapalenia stawow, choréb
dermatologicznych, immunologicznych, zakaZnych, a ostatnio zaproponowane w leczeniu

SARS-Covid 19. Jednak ich stosowanie wigze si¢ z retinopatig siatkowki i arytmia serca, a
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takze toksycznos$cig. Terapeutyczne podawanie tych farmaceutykéw prowadzi do uwolnienia
CQ, HCQ 1 ich metabolitow do S$ciekdw, oczyszczalni $ciekéw 1 ostatecznie do wod

powierzchniowych.

Roztwory CQ i HCQ o réznych stezeniach napromieniowywano wigzka przyspieszonych
elektronow (EB) wykorzystujac dawki w zakresie od 0,5 kGy do 7 kGy. Poczatkowe stezenia
CQ i HCQ zmniejszaly si¢ wraz ze wzrostem dawki, a skuteczno$¢ usuwania zmniejszata si¢
wraz ze wzrostem stezenia CQ 1 HCQ, zgodnie z kinetyka reakcji pseudo pierwszorzedowych.
Degradacje radiacyjng CQ i1 HCQ badano nastgpnie w warunkach, ktore sprzyjaja
selektywnemu wytwarzaniu rodnikow hydroksylowych *OH, solwatowanych elektronow e.q
1 rodnikéw wodorowych He, oraz dodatkowo w roztworach napowietrzanych i ptukanych Ar.
Degradacja CQ 1 HCQ byta wigksza w warunkach faworyzujacych powstawanie *OH w
porownaniu z degradacja uzyskang w roztworach zawierajacych He 1 e.q . Nizszg skutecznos¢
usuwania CQ 1 HCQ w roztworach z e,q przypisano ograniczong ilo$cig reakcji z ich udzialem
w porownaniu z ilo$cig reakcji *OH. Jednak reakcje z e.q~ przyczynily si¢ w wigkszym stopniu
do degradacji CQ w poréwnaniu z HCQ. Przypisano to znacznie wyzszym stalym szybkosci
reakcji e.q z CQ. Roztwory napowietrzone (ilo$¢ tlenu miedzy 5-10 mg / 1) miaty wyzsza
skuteczno$¢ usuwania dla CQ 1 HCQ w pordwnaniu z roztworem plukanym Ar (ilo$¢ tlenu<I
mg / 1). W roztworach napowietrzonych tworzenie si¢ HO2¢ moze pozytywnie wpltywac na
degradacje CQ 1 HCQ. Nie stwierdzono, aby poczatkowe pH roztwordéw miato istotny wplyw
na skuteczno$¢ degradacji. Jednak pH miedzy 2 a 4 sprzyjato usuwaniu CQ 1 HCQ, a

skuteczno$¢ usuwania zmniejszala si¢ wraz ze wzrostem pH

Degradacje CQ 1 HCQ badano w obecnosci wybranych jonéw nieorganicznych i1 kwasu
humusowego powszechnie wystgpujacego w wodzie naturalnej, a takze w obecnosci H20: 1
S20¢*", ktore promujg wytwarzanie odpowiednio *OH 1 SO4~. Obecnos$¢ COs*, HCOs, NOs ™,
Fe?*, kwasu humusowego 1 H.O: miata szkodliwy wptyw na degradacje CQ 1 HCQ z uzyciem
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EB. Skfadniki te konkurencyjnie wychwytuja *OH oprécz e.q 1 zmniejszaja skutecznos$é
usuwania badanych zanieczyszczen. Dodatkowo wyzsze stezenia Fe** 1 kwasu humusowego
powoduja zmetnienie. Obecno$¢ NOs~ znacznie wptyneta na degradacje CQ w pordwnaniu z
HCQ. Z kolei obecno$¢ COs* pozytywnie wplywato na degradacje HCQ. NOs~ zmiata €.q,
ktore bardziej przyczyniajg si¢ do degradacji CQ niz HCQ. Zmiatane sg takze rodniki *OH
przez NO:~ powstajace podczas redukcji NOs~. Obecnos¢ S:0sz* zwigkszala skutecznos$c
usuwania CQ 1 HCQ wraz ze wzrostem stezenia S:0s*" 1 dawki. Pod wptywem EB S:0s*"
zostaje przeksztalcany w silnie utleniajacy SO4". Dodatkowo powstaja rodniki *OH, ktore
dodatkowo zwigkszaja wydajnos¢. W roztworach alkoholu tert-butylowego zwickszenie

stopnia degradacji przypisano SOa".

Do oceny degradacji CQ i HCQ w procesiec EB wykorzystano kilka wlasciwosci
fizykochemicznych. Stezenie jonéw chlorkowych zwigkszato si¢ wraz ze wzrostem dawek, co
wynikato z odrywania atoméw chloru z chlorowanych zwigzkéw organicznych obrobki z
wykorzystaniem EB. Dodatkowo wystapita nitryfikacja, wazny proces w uzdatnianiu
zwigzkow organicznych zawierajacych azot, o czym $§wiadczy zmniejszajace si¢ stezenie
catkowitego azotu Kjeldahla i rosngce stg¢zenia NOs~ i NH4" wraz ze wzrostem dawki
napromieniowania. Zmniejszong skutecznos$¢ usuwania CQ i HCQ przy wyzszych dawkach

przypisano tworzeniu NOs~, ktéry wymiata e,q 1 *OH przez powstajacy NO:» . Catkowita
mineralizacja CQ 1 HCQ nie zostata osiagnigta, co stwierdzono po analizie catkowitego wegla
organicznego i chemicznego zapotrzebowania na tlen uzyskanymi. Jednak degradacja CQ i
HCQ doprowadzita do wytworzenia zwigzkéw organicznych o nizszej masie czasteczkowe;.
Zmiany odczynu z lekko kwasnego przy pH 5,5 na pH 3,5 przypisano tworzeniu si¢ kwasow
organicznych. Wyniki wykazaty wzrost stezenia kwasow organicznych wraz ze wzrostem

dawki podczas napromieniowywania CQ i1 HCQ. Podobne zmiany pH odnotowano w

degradacji CQ i HCQ pod wptywem utleniania w procesie elektro-fentona, co przypisuje si¢
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tworzeniu kwasoéw szczawiowego i1 oksamowego. Inne badania rowniez nawigzuja do

powstawania aldehydow i ketonow w degradacji zwigzkow organicznych.

Zbadano wplyw zastosowania wigzki elektronéw wspomagany przez roztwér Fentona (EB-F)
na skuteczno$¢ usuwania CQ i HCQ. Wstepne eksperymenty z wykorzystaniem tego roztworu
wykazaty zwiekszong skuteczno$¢ usuwania CQ i HCQ, gdy stezenie H2O: bylo pigciokrotnie
wigksze niz Fe**. Skutecznos$¢ ta wzrastata wraz ze wzrostem st¢zenia H>O2 z 0,1 do 2 mM z
zachowaniem stosunku H20> do Fe**. Jednak po dalszym zwiekszeniu zawartosci H.02 w
stosunku do Fe** (od 10-krotnego do 20-krotnego) skuteczno$¢ usuwania zmniejszyta si¢ z
powodu zmiatania rodnikéw *OH. Podobny efekt zaobserwowano dla wyzszych stezen Fe?*
(2-krotnie 1 5-krotnie wyzszych w stosunku do H202). Zatem stosunek molowy H20- do Fe**
znaczaco wplywa na procesy zachodzace z wykorzystaniem roztworu Fentona. Stosunki
molowe dodatkowo wptynety na proces z wykorzystaniem EB-F. Jednak w przeciwienstwie
do procesu z wykorzystaniem roztworu Fentona, skuteczno$¢ usuwania CQ 1 HCQ byta
wysoka w nadmiarze H.O: (20-krotnie wigcej niz Fe*"). Przypisano to utrzymujacym si¢
reakcjom H:0: z odtworzonym Fe*" dajacym efekt synergistyczny podczas zastosowania
wigzki elektronow (EB-F) wspomaganej przez roztwér Fentona. Zaobserwowano, ze
skuteczno$¢ usuwania przy zastosowaniu EB-F poprawita si¢ o =10% dla dawki
napromieniowania wynoszacej 7 kGy 1 z zastosowaniem roztworu H.O: stezeniu 2 mM i
stosunku H>O»: Fe** wynoszacym 20:1 w poréwnaniu ze skuteczno$cig usuwania przy
zastosowaniu jedynie wigzki elektronéw i dawki 7 kGy. Jednak lepsza skuteczno$¢ usuwania
byta wyzsza przy nizszych dawkach od 0,5 kGy do 2 kGy. Odchlorowanie i nitryfikacja z kolei
zachodzily bardziej intensywnie w przy zastosowaniu EB-F niz przy wykorzystaniu samej
tylko wigzki elektronow. Roéwniez catkowity wegiel organiczny oraz chemiczne
zapotrzebowanie na tlen ulegly zmniejszeniu w wiekszym stopniu po wykorzystaniu EB-F.

Dlatego proces EB-F poprawia og6lng wydajnos$¢ usuwania CQ i HCQ.
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Przeprowadzono symulacje matematyczne z wykorzystaniem oprogramowania CHEMSIMUL
w celu dalszego zbadania degradacji CQ 1 HCQ w procesach EB 1 EB-F. Korzystajac z
dostgpnych informacji z badan radiolizy impulsowej CQ i HCQ, a takze badan radiolizy wody,
zbadano degradacje CQ 1 HCQ i poréwnano je z wynikami eksperymentalnymi. Degradacja
CQ i HCQ byta szybsza w warunkach symulowanych w poréwnaniu z warunkami
eksperymentalnymi. Przypisano to niemoznos$ci symulacji wptywu produktéw degradacji na
skutecznos¢ usuwania. Catkowite usuni¢cie CQ 1 HCQ osiggnieto przy mniej niz 2 kGy w
symulacjach. Jednakze, podobnie jak w warunkach eksperymentalnych, skuteczno$¢ usuwania
CQ 1 HCQ zmniejszata si¢ wraz ze wzrostem ich stg¢Zenia, co zaobserwowano przy réznych
dawkach promieniowania. Ponadto udziat rodnikoéw *OH byt wyzszy niz eaq” w degradacji CQ
1 HCQ. Co wigcej, e.q- W wigkszym stopniu przyczynito si¢ do degradacji CQ niz HCQ, co
przypisuje si¢ wyzszym statym szybkos$ci e.q~ z CQ. Jednakze, chociaz stala szybkosci dla eaq”
z CQ byta wyzsza niz *OH, udziat rodnikéw *OH w degradacji CQ byt nadal wyzszy. Podobne
obserwacje poczyniono w eksperymentach laboratoryjnych. Przypisano to temu, Ze rodniki
*OH mogty atakowaé czasteczki CQ i HCQ czg$ciej w porodwnaniu z €.q . Dodatkowo w
warunkach eksperymentalnych e.q jest wychwytywany przez produkty degradacji, takie jak
NOs". Stale szybko$ci wymiatania ea,q przez NOs~ sg znacznie wyzsze, co zmniejszy udziat
€aq W degradacji CQ. Na udziat eaq™ 1 *OH w degradacji CQ i HCQ mialo wplyw poczatkowe
pH. Udzial *OH zmniejszat si¢ wraz ze wzrostem pH, podczas gdy udzial eaq- wzrastat wraz
ze wzrostem pH. pH wptywa na wytwarzanie *OH i e,;- w warunkach napromieniowywania
srodowiska wodnego, a tym samym wptywa na skuteczno$¢ usuwania omawianych zwigzkow
organicznych. Te wnioski uzyskane dzigki symulacjom pozwalaja wyjasni¢ obserwacje
poczynione na podstawie wynikow eksperymentalnych. Podobnie, zaré6wno eksperymenty, jak
1 symulacja wykazuja zgodno$¢ w zmniejszonej skuteczno$ci usuwania CQ i HCQ w

warunkach silnie zasadowych (pH>10). W tych warunkach reakcje *OH z OH™ prowadza do
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zmniejszenia stezenia rodnikéw *OH, dodatkowo zwigkszone stezenie eaq- powoduje czeste

wystepowanie reakcji rekombinacji eaq 1 prowadzi do zmniejszenia stopnia degradacji.

Produkty degradacji CQ i HCQ zostaly nastepnie okreslone za pomoca LCMS, a informacje te
wykorzystano do zaproponowania mechanizmu degradacji dla CQ i HCQ. Wyniki wskazuja,
ze degradacja CQ i HCQ odbywa si¢ za posrednictwem reakcji z rodnikami *OH 1 €aq .
Najczesciej zachodza reakcje przytaczania rodnikow *OH do pierScieni aromatycznych i
pirydynowych. Ponadto reakcje N-dealkilacji i odchlorowania przyczynity si¢ do degradacji
CQ 1 HCQ. Zaproponowano kilka potproduktéw degradacji. Ponadto tworzenie NOs~, NHa4",
CI', kwasow organicznych oraz redukcja TOC i ChZT $wiadczy o mineralizacji CQ i HCQ.
Jednak z pomiaréw TOC 1 ChZT wynika, Ze nie uzyskano pelnej mineralizacji. Z
eksperymentéw 1 wynikow symulacji wynika, Zze obrobka wiagzka elektrondw inicjuje
degradacj¢ CQ 1 HCQ w roztworach wodnych, a na wydajno$¢ procesu wptywa dawka
promieniowania, poczatkowe stezenie zanieczyszczen, poczatkowe pH roztwordw, warunki
napromieniania, ktore selektywnie generuja rodniki, obecno$¢ jondow nieorganicznych i
kwasow organicznych. Obrobka z wykorzystaniem EB-F charakteryzuje si¢ wyzsza
wydajno$cig usuwania zarowno dla CQ, jak i HCQ z wyzszym uwalnianiem Cl-, NOs~, NHa4"
oraz redukcjg TOC i ChZT. Ogolnie rzecz biorac, skuteczno$¢ usuwania CQ poprawita sie
nawet 0 37% przy 0,5 kGy i 0 10% przy 2 kGy zarowno dla CQ, jak i HCQ. Analiza zaleznosci
struktury ekologicznej 1 aktywnosci (ECOSAR) CQ, HCQ i produktow ich degradacji

wykazata, ze degradacja CQ i HCQ skutkuje powstaniem mniej toksycznych produktow.
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CHAPTER ONE

1. Introduction

Water resource scarcity coupled with pollution are global concerns exacerbated by high
demand in urban and industrial acceleration (Lin et al., 2020). The World-Wildlife Fund for
nature (WWF) estimates that 1.1billion people lack access to reliable water supply, 2.7billion
people experience inadequate water supply at least one month in the year, and 2.4billion people
are faced with inadequate sanitation and are susceptible to water-borne diseases. Globally, as
of 2019, the 13" death risk factor was unsafe drinking water which was responsible for 1.23M
deaths. Additionally, although 70% of the earth’s surface is covered by water, only 3% is
available for human consumption with the remaining portion confined in inaccessible ice caps
(Worldwildlifefund, 2023). The stress burden on the available water resources creates the need
for recovering ground, surface, and wastewater by incorporating treatment methods that
eliminate pollutants and make it suitable for repurposing by attaining the prerequisite

guidelines on water quality.

Generally, domestic, municipal, industrial, or agricultural practices are the main sources of
chemical and biological pollutants in the aquatic environment. Emerging pollutants (EPs) such
as chemicals used in pharmaceuticals and personal care products (PPCPs) are released into the
environment through domestic, hospital, pharmaceutical wastewater, landfill leachate, and
animal manure. These pollutants are rarely monitored in conventional water quality indices but
pose potential detrimental effects to the environment, plants, and human and animal health
(Kasonga et al., 2021; Llamas et al., 2020). Their concentrations range between ng/L—ug/L in
water, soil, wastewater, and sludge (Kawabata et al., 2013; Liu et al., 2020). Regulations
governing point sources such as manufacturing industries ensure relatively lower pollutant

injections compared to nonpoint sources such as households and agricultural runoff (Rahman



et al., 2009). The contamination of water results in changes in nutrient levels, abundance,
biomass, diversity of organisms, bioaccumulation of organic and inorganic compounds, and
the alteration of tropic interaction among species (Hossain et al., 2018). Pharmaceutical
residues affect aquatic biota and microbial populations by exacerbating the development of
secondary bacterial resistance or infusing drug-resistant bacteria into the environment (Li et

al., 2013).

The natural water cycle performs water purification through filtration, evaporation, oxidation,
and photolysis. Similar techniques are utilized in conventional wastewater treatment. However,
they are inefficient in eliminating most anthropogenic pollutants due to high concentrations,
solubility, and persistence. Dilution, hydrolysis, biodegradation, sorption, and other properties
dictate the attrition of these pollutants (Wang et al., 2015). The contaminants in natural systems
vary greatly because of natural transport processes and reaction mechanisms dependent on
physicochemical properties, environmental factors, and chemical partitioning to water, air, soil,
and sediment (Pinasseau et al., 2020b). Analytical techniques seek to identify chemical variants
previously below the detection limits of existing equipment. These chemicals if toxic, endanger
the life of aquatic organisms and terrestrial life (Delgado et al., 2019). Deficiencies in detection
techniques, low concentrations, and the spatial variability between locations add to the

challenges in accounting for most EPs (Chiaia-Hernandez et al., 2020).

EPs such as pharmaceutically active compounds (PhACs) present in aquatic environments are
a concern to human and ecological health due to their large number and insufficient information
about them. Moreover, the design, pharmacokinetics, and contraindications of PhACs
implicate them in disrupting key processes in sensitive non-target organisms (Gonzalez-
Gonzaélez et al., 2022; Peer Muhamed Noorani et al., 2024). The consumption of therapeutic
drugs leads to the excretion of metabolites, and unmetabolized PhACs in urine and feces which

are discharged into the sewage and septic systems and finally into the aquatic environment.
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Limited or non-existent data concerning the fate, transport, and toxicity of these compounds at
the current environmental concentrations coupled with limitations in chemical analysis
methods, expense, and time consumption make elucidation of these properties daunting (Dong
et al., 2022). Personal care products range from fragrances, UV filters, insect repellents,
antibacterial, surfactants, and flame retardants used daily and therefore have high production
volume and high contribution to pollutant influx. However, EPs do not need to be highly
persistent to negatively affect ecosystems and human health as their degradation is offset by
their sustained input into the environment (Bugueno-Carrasco et al., 2021; Kanakaraju et al.,

2018; Llamas et al., 2020).

The more persistent a compound is, the greater the potential for transportation of suspended
solids to locations far away from the source or to bioaccumulate (Chiaia-Hernandez et al.,
2020). EPs are transported from the initial point and non-point sources to secondary deposition
sites including ground water (Bork et al., 2021; Linke et al., 2023; Pinasseau et al., 2020b).
Banned pollutants are detected in aquatic ecosystems at high frequencies and levels attesting
to their slow degradation (Kovacs et al., 2015; Wojnarovits et al., 2018). Their recalcitrance
toward biodegradation and their physical-chemical properties i.e., the relatively high solubility,
and low hydrophobicity lead to their tendency to remain in the aqueous phase, rather than

partitioning into microbial biomass and resulting biosolids.

1.1. Emerging pollutants and the environment

Many registered chemical substances including pharmaceuticals, and personal care products
are potentially dangerous. Antibiotics, estrogen steroids, antidepressants, calcium channel
blockers, genotoxic and antiepileptic drugs i.e., phenytoin, valproate, and carbamazepine that
initiate apoptosis in brain development, analgesics, beta-blockers, hormones, and hormone-
mimics are commonly reported PhACs. Parabens, common antimicrobial preservatives in

cosmetics, toiletries, pharmaceuticals, and even foodstuffs have been shown to have residual
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estrogenic activity (Delgado et al., 2019). Quinolones, fluoroquinolones, and sulfonamides are
effective due to their broad-spectrum activity and exceptional oral absorption but are
potentially ecotoxic and genotoxic (Garcia-Molina et al., 2013; Li et al., 2013). DDT an
organochlorine pesticide, and its metabolites possess endocrine-disruptive properties, a long
half-life, and stable chemical properties that pose difficulty in degradation and removal in
routine water treatment processes (Kasonga et al., 2021; Lu et al., 2019). The high consumption
of antibiotics in human, animal, and aquaculture applications contributes to the antimicrobial
agents, drug-resistant bacteria, and genes present in surface and groundwater (Giebuttowicz et

al., 2018).

Natural or synthetic endocrine-disrupting compounds (EDCs) block or mimic natural
hormones (e.g., estrogens) and interfere with the hormonal system. The EDCs affect the
hormone system firstly by the agonistic effect by mimicking hormones and binding to the
receptor sites of target cells and eliciting a response. Secondly, in the antagonistic effect, they
block hormones by binding to the receptors and preventing normal hormone receptor
interactions. In the third mechanism both agonistic and antagonistic binding to the same
receptors results in subtle changes in receptor conformation (Rahman et al., 2009). Estrogenic
EDCs mimic or block natural estrogen, whereas androgenic forms mimic or block natural
testosterone, and thyroidal variants directly or indirectly impact the functions of the thyroid
(Snyder et al., 2003). EDCs can be harmful to the human reproductive system, and cause
endocrine and reproductive disorders in fish, birds, and mammals (Inam et al., 2019).
Population declines and reproductive disorders including imposex (tributyltins),
supernumerary limbs, and missing limbs in amphibians, changes in the levels of sex steroids,
gonadal histology, female egg yolk precursor, vitellogenin in male fish are reported effects of
exogenous EDCs. Additionally, genotoxicity induction, enzymatic alterations, oxidative

stress, decreased swimming embryo activity, physiological changes and behavioral symptoms



of the heart, kidneys, lungs and intestinal epithelium, cell degeneration, renal tubule epithelial
cell necrosis, and alveolar emphysema in Rattus norvegicus also make up the caucus of harmful
effects of pollutants (Andrade et al., 2002; Sweeney et al., 2015; Vandenberg et al., 2012).
Furthermore, perchlorate CIO.~ has been shown to competitively inhibit iodine transport to the
thyroid gland (McLanahan et al., 2009). Low sperm quality and quantity in human males,
increased incidence of prostate cancers, and breast and testicular cancers result from protracted
exposure to EDCs (Rehman et al., 2018). Pharmaceutical, and personal care products (PPCPs)
can interfere with individual growth and development, inhibit metabolic pathways, and
decrease the gene expression levels of hematopoietic stem cells in vivo (Snyder et al., 2003;
Wei et al., 2021). Emerging organic pollutants pose ecological risks even in trace
concentrations. Their detection and concentrations in aquatic organisms are reflective of their
distribution in water and eventual entrance into the food web with consequences on human

health and the ecosystem (Tang et al., 2020).

Bisphenol A (BPA), nonylphenol (NP), and triclosan (TCS) are infamous EDCs due to their
toxicity and persistence in the environment and are regarded as some of the representative
EDCs (Gao et al., 2020). BPA used for epoxy resin, polycarbonate Plastics (PC) production,
food and beverage packaging, baby bottles, and dental sealants has been reported to be
carcinogenic despite increased global consumption and has been banned in China, and Canada,
and restricted use in Malaysia, the United States, and the European union. Nonylphenol (NP)
is used for the synthesis of NP ethoxylates surfactants and conversely, their main degradation
product is used in industrial, commercial, and domestic products i.e., detergents, personal care
products and insecticides, lubricants, defoamers, emulsifiers, and paints, textile, and metal
processing industries. They are accumulative and among the 27 controlled persistent toxic
pollutants by the United Nations Environmental Protection Agency (Vargas-Berrones et al.,

2020). Triclosan (TCS), is a broad-spectrum antibacterial agent frequently used in soaps,



toothpaste, facial cleansers, and preservatives with potential estrogenic activity and slight

teratogenicity (Dhillon et al., 2015; Luo et al., 2019).

Marine organisms are studied to ascertain the internal distribution of persistent organic
pollutants compared to their terrestrial counterparts. Dietary uptake is the major route of
exposure for plants and animals. The shorter food chain length in terrestrial food webs is
believed to lower the accumulation of EPs. However, it is important to understand the internal
distribution of these chemicals both in consumed animals and in human beings (Shin et al.,
2020). The internal distribution and fate of EPs depend on their biological and physicochemical
properties, chain lengths, and functional groups. Hydrophobic compounds such as dioxins are
predisposed to the adipose tissues of humans (Lee et al., 2017), and per-fluoroalkyl substances
(PFASs) accumulate in the livers of birds, fish, and humans due to their lipophilicity by binding
to the liver fatty acid and serum albumin proteins. Furthermore, long-chain PFASs are
predisposed to accumulating in the liver and kidney tissues. Organophosphorus flame
retardants (PFRs) metabolites and plasticizers have been found in ovoviviparous species in

water snakes and small common carp in contaminated ponds (Liu et al., 2020).

Veterinary antibiotics are released into agricultural fields via manure, drug manufacturing
process, disposal of drug containers, medical waste, and application of drug-containing waste
material. The consumption of antibiotic-exposed crop plants harms human and animal health.
Evidence suggests adverse effects of antibiotics on the growth and performance of plants
(Chaturvedi et al., 2021; Minden et al., 2017; Youssef and Bashour, 2017). Delayed
germination and post-germinative development by direct damage, decreased photosynthetic
pigments, reduced number and size of mature leaves, and inhibition of root elongation are some
of the reported effects. The plant species and the antibiotic determine the response e.g.,
phytotoxic, homeotic, or mutational (Tasho and Cho, 2016). Herbs have been reported to be

more sensitive to antibiotics compared to grasses. The growth and development of Phaseolus
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vulgaris L., Glycine max, Medicago sativa, and Zea mays, among other plants have been
affected by commonly used therapeutic chemicals (Jjemba, 2002). Phytotoxic effects ranging
from inhibition of soil phosphate activity, soil respiration, and soil microbial and enzymatic
activities have been reported (Liu et al., 2009). Pharmaceuticals and personal-care products
(PPCPs) accumulate in plants (ng to mg Kg™) with suspected toxicity to the plants. PPCPs are
taken up accumulated, and metabolized by plants eventually affecting the plants, their
microbiota, and the organisms feeding on them, including humans (Bartrons and Pefiuelas,
2017). Plants are excellent natural bio-indicators of global pollution owing to their wide
distribution on the planet and potential to accumulate chemical compounds from the

atmosphere, water, and soil (Pic6 et al., 2023).

The inadvertent generation of pollutants from wastewater treatment practices is another
concern. Chlorination is a vital water treatment process. However, disinfection byproducts
(DBPs) are unintentionally generated by the application of chlorine and chloramine
disinfection processes (Al-Abri et al., 2019; Mazur and Lebedev, 2022). Enhanced coagulation
and chloramination create DBPs such as brominated/iodinated DBPs and nitrogenous DBPs
(Wang et al., 2015). DBPs have high cytotoxicity and mutagenicity and pose a human health
hazard risk (Xu et al., 2014). Chloramines deployed as alternative disinfectants to reduce the
formation of trihalomethanes (THMs) and haloacetamides (HAAs), promote the formation of
nitrogenous disinfection byproducts (N-DBPs). Dissolved organic nitrogen compounds in
wastewater and raw water are precursors for N-DBPs that pose a greater health risk compared

to chlorine-DBPs (Xu et al., 2014).

PPCPs and most EPs are inefficiently removed by conventional water treatment processes
involving coagulation, precipitation, acidification, and biosorption therefore impacting water
quality (Snyder et al., 2003; Wei et al., 2021). PPCPs in human and veterinary drugs, hormones,

cosmetic formulations, their metabolites, and their transformation products are detected in
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wastewater, surface, ground water, drinking water, sludge, and sediments (Martinez-Alcala et
al.,, 2021). Most water quality standards do not specifically incorporate or regulate
pharmaceuticals and EDCs. However, Australia and the United Kingdom have set the pace for
the regulation of these compounds in waste water for reuse (Lu et al., 2019). The acute toxicity
effects on humans or animals, difficult volatilization, and ease of bio-accumulation of PPCPs
threaten the ecological environment and human health (Couto et al., 2019). Approximately
33% of manufactured and 25% of sold drugs are disposed of alongside household waste in
Germany and Austria respectively. In the United Kingdom, 63.2% of unwanted medicines
comprise household wastes and 11.5% are flushed down the sink or toilet. Beta-blocker nadolol
is excreted from the human body unmetabolized while carbamazepine only 3% is excreted
unchanged (Rahman et al., 2009). Steroids, plasticizers, detergent metabolites, analgesics, lipid
regulators, antibiotics, steroid hormones, anti-epileptics, X-ray media contrasts (iopromide),
caffeine, and detergent metabolites are in surface waters and sewage treatment plant (STP)

effluents (Llamas et al., 2020).

Most EDCs and PPCPs have higher polarity, acidic or basic functional groups, coupled with
the occurrence at trace levels (Img/L) pose challenges in both removal processes and analytical
detection (Snyder et al., 2003). Waste water treatment plants (WWTPs) eliminate the potential
risk of known contaminants. However, the efficiency of the systematic removal and
degradation of PPCPs depends on their physicochemical properties and the operational
parameters of the WWTP; hydraulic retention time, sludge retention time, dissolved oxygen
concentration, temperature, and pH (Kawabata et al., 2013). The biodegradation of organic
compounds by activated sludge treatment follows the order of saturated aliphatic > unsaturated
aliphatic > aromatics > chlorinated compounds. These persistent pharmaceuticals are
decomposable by further water treatment methods such as ionizing radiation (Kimura et al.,

2012).



Pharmaceuticals have successfully been removed from sewage influents using membrane
bioreactors, activated sludge processes, UV-induced degradation, absorption, biodegradation,
and sunlight photodegradation. Regulations or guidelines for water reuse conventionally focus
on compliance with parameters such as turbidity, chemical oxygen demand (COD), biological
oxygen demand (BOD), total suspended solids (TSS), bacteria, residual chlorine, etc.
Secondary effluent from WWTPs, and effective tertiary or advanced treatment processes often
meet most of the prescribed criteria. Activated sludge treatment in conventional WWTPs
involving sorption onto sludge flocs, microbial processes, and volatilization, can degrade
PPCPs. Microbial biodegradation is a fundamental removal/degradation mechanism for
organic pollutants and removes the PPCPs by utilizing them in metabolic functions i.e., the
nitrification process in an aerated tank converts ammonia to nitrate by nitrifying
microorganisms (Martinez-Alcala et al., 2021). However, PPCPs are not efficiently removed
but are more likely sorbed into the solids. Delgado et al. (2019) working with a rotating
biological contact (RBC) commonly used in waste water treatment observed that PPCPs
remained unaffected by photodegradation even after 72hrs (Delgado et al., 2019).
Electrochemical oxidation, activated carbon, membrane filtration, advanced oxidation,
biosorption, and adsorption are some of the treatment methods developed to mitigate
contaminants of emerging concern. Advanced oxidation processes (AOPs) such as photo-
Fenton, sonolysis, electrochemical oxidation, radiation, and ozonation utilize the highly
reactive *OH radicals to progressively oxidize organic compounds into innocuous products
These methods however require high energy and capital inputs to run and maintain (Kanakaraju

etal., 2018).

1.2. Radiation processing of wastewater
The application of radiation technologies as the method of water and wastewater purification

is effective for a wide range of organic and inorganic pollutants (Makarov and Ponomarev,



2018; Sampa et al., 2007). lonizing radiation efficiently generates oxidizing hydroxyl ("OH)
radicals and strongly reducing e.q~ following water radiolysis. Both advanced oxidation and
reduction processes (AO/RPs) are performed simultaneously or selectively through the
application of appropriate scavengers for specific reactive species (Trojanowicz, 2020). The
primary radicals that form during water irradiation can react with the target harmful organic
molecules, with dissolved organic compounds (DOC), chloride, bicarbonate, carbonate ions,
nitrites, and nitrates to form secondary radicals (Csay et al., 2012; Wojnarovits and Takécs,
2017, 2016). Ozone, H20-, or persulfate, are known to increase the oxidation efficiency of
organic pollutants by transforming reductive intermediates to oxidizing species during

irradiation.

Gamma-rays from radioisotope sources or accelerated electrons are preferred for persistent
organic pollutant (POPs) destruction in waters and wastewater. Gamma irradiation sources
(such as ®°Co or 13/Cs) are commonly used but there is a growing preference for the electron
accelerator machines owing to their very high dose rate, ease of handling, and adaptability. The
generated reactive species are reactive towards a myriad of organic pollutants. Rate coefficients
of «OH radicals with selected antibiotic molecule reactions have been computed. Compounds
with aromatic rings or conjugated double bonds have rate coefficients in the range of (6 — 8) x
10° M* 57! range where the basic reaction involves radical addition. The presence of strong
electron-withdrawing groups and N atoms gives smaller rate coefficients. Molecules without
aromatic rings have smaller values in the range of (3 — 6) x 10° M' s with hydrogen
abstraction being the dominant reaction (Wojnarovits et al., 2018). Electron-beam treatment of
natural water and wastewater is a proven way of neutralizing various biohazardous pollutants
but the high cost of accelerators and their relatively low power limits their application and
economic feasibility (Ponomarev, 2020a; Ponomarev and Ershov, 2020). Water treatment

requires much lower doses at a very high flow rate. The daily water consumption and
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wastewater discharge are huge - from tens and hundreds of thousands of cubic meters in large

industrial enterprises to millions of cubic meters in megacities.

lonizing radiation is economically attractive with a wide range of applications and potential
degradation of domestic, agricultural, industrial, and municipal wastewater. Its advantages over
conventional wastewater treatment and other AOPs are minimal by-product formation,
performance minimally reduced by turbidity, and no additional byproduct treatment required.
Radiation technology provides the possibility for simultaneous oxidative and reductive
processes for the removal of organic pollutants and heavy metals. The ability to integrate
radiation technology alongside other treatment processes such as ozonation, coagulation, or
biodegradation is an added advantage for synergistic purposes (Trojanowicz et al., 2018a).
However, controversial perception about radiation technology persists. Albeit, no extensive
use limits the adoption of these technologies (Jan et al., 2015). High-energy, radiolytic
processing using electron beam (EB), y-rays or non-thermal plasma (NTP) of water matrices
have shown promising results in many applications both as a stand-alone process or combined
with others in the degradation of emerging organic pollutants, removal, and inactivation of
microorganisms and parasites (Capodaglio, 2019). Irradiation has been found simultaneously
effective in reducing the pathogenic load of Coliforms, Salmonella, and viruses at doses up to
1kGy (Maruthi et al., 2013; Sampa et al., 2007). Antibiotic resistance genes and bacteria caused
by the presence of antibiotics in water and are a risk to human and animal health are also
susceptible to direct damage by radiation and indirect damage by *OH radicals (Chu et al.,

2021; Shen et al., 2019).

The limitation of EB processes use is a limited water penetration (from 1 to 5 cm, depending
on beam energy) of the beams that necessitate the design of delivery systems to overcome this
drawback (Trojanowicz et al., 2020). Similarly, gamma ray radiation requires longer exposure

times for doses comparable to e-beam, regular replacement of radionuclides, and the persistent
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potential risk of radiation contamination (Pai and Wang, 2022). Naturally occurring
compounds (e.g., Oz, HCOs™, CO. ", CI7, NO2", NOs~, DOC) present in wastewater affect the
process efficiency or require a higher energy input due to their radical scavenging action. The
presence of NOs™ inhibits the removal of antibiotics such as norfloxacin, tetracycline, and
ciprofloxacin due to the ease with which NOs™ reacts with "OH, ez, and "H therefore reducing
their availability (Zhuan and Wang, 2019). Notwithstanding, electron beam accelerators have
been applied for off-gases, wastewater treatment, and biological sludge from wastewater
treatment plants (Chmielewski and Han, 2017, 2016). Additionally, electron accelerators have
been used to treat non-biodegradable emulsifier “nekal” (in Russia). and textile-dyeing

wastewater (China) (S. Wang et al., 2022).

Electron beam radiation differs from gamma radiation with respect to dose rates and
penetration. Additionally, it's considered safer and cheaper, requiring reduced inventory,
flexibility in dose changes, lower material degradation therefore reduced product damage,
uniformly controlled dose for precise dose delivery with no shielding from other products, non-
radioactive source therefore no security, transportation / on-off technology, and re-sourcing of
radionuclide is not required from depletion of radioactive cobalt. Energetic electrons produced
by the accelerator propagate the treatment process by modifying the physical and chemical
properties of the material it traverses. The ratio of energy given to the material per unit length
(LET) is higher than that of gamma rays. The absorbed dose rate is very large since the electron
beam has directivity to the direction of acceleration. Reaction control, operation, and
maintenance can be performed easily as the electron accelerator is an electromechanical
system. Electron beams have been used for medical equipment sterilization, water treatment,
food preservation, material (polymer) modification, and pollution mitigation. Table 1.1

provides an overview of some of the differences between electron beam and gamma irradiation.
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Table 1.1 Pros and Cons of gamma radiation and electron beam radiation processing methods

Parameter Gamma irradiation Electron beam
Irradiation Low to medium. Cannot be quickly adjusted Medium to high. Quickly
doses because of low dose rates adjustable because of higher

dose rates
Processing Longer time >24hrs Shorter time <8mins for low
time doses
Operation Cannot be turned off. Gamma radiation Can be turned off. The

Penetration

released isotropically

High penetration capability for all material
types

electron beam can be directed

Low penetration dependent
on the density

Eco- Radioactive material requires disposal and Uses electricity to generate

Friendliness  regulatory control. Low eco-friendliness electrons; High eco-
friendliness

Operation Low. Requires replenishment of gamma Low. Greater demand for

Cost source and disposal electricity ~ compared  to
gamma source

Capital Cost  Medium. Depends on the cost of radioactive The high initial cost of

sources, and the installation of control
systems, infrastructure, and operations

installation and infrastructure
compared to gamma

Energy and current are principal characteristics of electron beam accelerators. Predominantly,
0.15 to 10 MeV energy ranges of electron beams are used for processing. Low energy electrons
of 0.15 to 0.5 MeV are used in the treatment of surfaces, irradiation of coatings and polymeric
films, and high energy beams (5-10 MeV) are used for sterilization of medical products and
processing treatment of food (Ozer, 2017). Table 1.2 shows the properties of available radiation

Sources.
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Table 1.2 Properties of common radiation sources (Trojanowicz et al., 2017)

Radiation Source Energy (kW) Dose rate (MGyh™)

X-ray

250kV 5x107° 1.8x10°

%Co vy source

5x10°Ci 1.8 x 107 0.65
1.0 x 10¢ Ci 0.36 1.30

Electron accelerators

1mA, 1MeV 2 7.2 x10°
10mA, 10MeV 100 3.6 x10°
S0mA, 10MeV 500 1.8 x10°

Variables i.e., absorbed dose, electron beam energy, depth of penetration, and line speed
determine the control of the process to predict the production and quality of the product.
Different absorbed doses are a prerequisite for the efficacy of different applications. Similarly,
electron beam energy determines the penetration depth which is also dependent on the density
of material being irradiated. Line speed shows the processing rate of the material under the
beam. Electron accelerator types used for industrial applications are high voltage direct current,

microwave, and radio frequency systems.

The cocktail of pollutants in wastewater makes it difficult for biological treatment and
conventional waste water treatments to efficiently remove them. The cost of any treatment
system, resulting in degradation intermediates and efficiency highly impacts the adoption of
technologies. Combinational treatment has been proposed and researched by scientists ranging
from reverse osmosis (RO) filtration with biodegradation (Hylling et al., 2019), chemical
oxidation and biological treatment, UV or chlorine treatment, thin films on oxide substrates

(Miao et al., 2019), ultrasound and photocatalysis, sonication and photocatalysis.
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1.3. Scope of the Study

Halogenated organic compounds many of which are toxic are used in refrigeration, pesticides,
solvents, and pharmaceuticals (Wu et al., 2009). Chlorinated emerging organic pollutants pose
a substantial threat to the ecosystem as well as a challenge in their removal from wastewater
by conventional wastewater treatment methods (Kimura et al., 2012; Makarov and Ponomarev,
2018). Additionally, nitrogen-containing compounds are of concern in wastewater treatment
due to eutrophication, algal blooms, bacteria growth, and increased biological oxygen demand
(Klare et al., 1999). N-heteroaromatics are also considered toxic, mutagenic, carcinogenic, and
of concern when they contaminate surface and ground water (Nicolaescu et al., 2003).
Furthermore, pharmaceutically active compounds, due to their pharmacokinetics and

properties are of environmental interest.

Quinoline (Fig.1.1), consists of a benzene ring fused to a pyridine ring and was first isolated
from coal tar and therefore occurs naturally. More importantly, quinoline derivatives are used
in antiseptics, pharmaceuticals (i.e. chloroquine (CQ) and hydroxychloroquine (HCQ)), dyes,
paints, insecticides, fungicides, and herbicides. Quinoline and its derivatives are recalcitrant,
bio-accumulative, toxic, and persistent. CQ and HCQ have been detected in surface water,
ground water, domestic wastewater, and the recent influx of the drug during Covid 19 period
(Morales-Paredes et al., 2022) although their efficacy in SARS-Covid 19 treatment faced
challenges (Aljadeed, 2022; Manivannan et al., 2021). The nitrogen atom in the cyclic ring of
quinoline increases hydrophilic tendencies therefore the potential for quinoline and its
derivatives (i.e., CQ and HCQ) persistence in the aquatic environment. In wastewater streams,
quinolines have been removed with >80% efficiency. However, due to their strong sorption
properties and poor degradation, they are more persistent in sewage sludge. The application of
sewage sludge to soils provides a route for these pharmaceuticals into the terrestrial

environment (Dorival-Garcia et al., 2013).
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This study investigated the degradation of selected chlorinated quinoline derivatives; CQ and
HCQ (Fig 1-1) that have been used as pharmaceuticals under electron beam irradiation. CQ
and HCQ are predominantly antimalarial prophylaxis alongside other indications i.e.
inflammatory arthritis, systemic lupus erythematosus (quinacrine), rheumatoid arthritis (RA),

dermatological, immunological, cancerous, and infectious diseases (Al-Bari, 2014).

OH
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Fig. 1-1 (a) Quinoline, (b) CQ and (c) HCQ

The resistance of the pathogens Plasmodium falciparum and Plasmodium vivax to CQ
prophylaxis led to disuse in affected areas. However, CQ analogs are still widely used in the
prophylactic treatment of malaria. CQ analogs are water soluble and almost completely
absorbed from the gastrointestinal tract. They have strong affinities for blood constituents and
bind to plasma proteins and several body tissues during therapeutic administration. Excretion
is therefore slow and it’s excreted in small amounts in bile, sweat, and saliva, but majorly via
the renal system where urine pH affects its elimination. It can either be excreted as N-
desethylchoroquine or altered. HCQ differs from CQ only by a hydroxyl group and is 3-fold
less toxic. HCQ is excreted from the body through the renal system where 23-25% of the
compound is unmodified. It's potentially persistent and bio-accumulative with a high solubility
(86mgmL") and production volume. Dabié, Babié¢ & Skorié¢ (2019) observed a minimal degree
of hydrolytic degradation (<5%) of HCQ. Conventionally, hydrolytic degradation of 10% at

50°C corresponds to a half-life of approximately 30 days equivalent to the half-life of 1 year at
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25°C implying that HCQ is stable and its fate in the environment and removal are worth

investigating (Dabi¢ et al., 2019).

The highly stable structures of CQ and HCQ and their low concentrations contribute to the
challenge of their removal (Ferreira and Carvalho, 2023). HCQ and CQ were degraded (98.3%)
under gamma irradiation in an aqueous solution (Bors et al., 1991; Boujelbane et al., 2022;
Zaouak et al., 2022). Additionally, HCQ and CQ were degraded using membrane bioreactors,
electrochemical oxidation, and photodegradation. To the best of our knowledge, no extensive
work has been reported on their degradation under electron beam radiation. Additionally, these
compounds only have a slight difference in structure and would provide insight into how

variations in structure would affect degradation.

1.4. Objectives of the Study
The main aim of this research work is the development of radiation-induced pathways for the
destruction of halogenated EOPs. This objective will be achieved through the following

objectives;

1. To study the degradation of CQ and HCQ under electron beam radiation technology.

2. To investigate the influence of different parameters (dose, dose rate, pH of the solution,
anions, etc.) on the degradation efficiency of CQ and HCQ

3. To identify the products of CQ and HCQ degradation following EB irradiation.

4. To investigate suitable methods for improving the efficiency of the treatment of CQ and
HCQ under EB treatment

5. To develop a numerical simulation of CQ and HCQ degradation to elaborate the

degradation mechanism.
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CHAPTER TWO

2. Literature Review

Pure fresh water is necessary for human health and socio-economic activities. Unfortunately,
the upsurge in population density makes water intake and sewage discharge points closer to
each other resulting in poor-quality water treatment that threatens human health and the
environment. Despite existing regulations of water purification and measures to improve
treatment systems around the world, the biological and chemical pollution of fresh water bodies
is steadily increasing. Society is facing serious environmental problems caused by the critical
condition of water sources and the risk of foreseeable water pollution via unplanned wastewater

discharges exacerbates water-related emergencies (Ponomarev and Ershov, 2020).

Prescribed water remediation technologies while retaining economic attractiveness, provide
desired versatility in eliminating undesired constituents. Non-ionizing radiation (UV) and
ionizing radiation i.e., gamma rays from 8°Co or **’Cs, and electron beams from an accelerator
are researched and utilized in wastewater treatment. Radiation processing offers a cost-
effective and exceptionally efficient treatment process capable of achieving the desired water
quality by removing chemical and biological contaminants (Jan et al., 2015). The utilization of
radiation to change the properties of materials it traverses through is the basis of radiation
processing. Heat and chemicals have conventionally been used to modify materials.
Alternatively, radiation requires less energy to effect similar chemical changes in materials
(Hossain et al., 2018). lonizing and non-ionizing radiation are extensively researched to
understand the removal of impurities, BOD, COD, color, pH, elemental composition,
inactivation of microbes such as coliforms and pathogens, and the degradation of natural, and

synthetic chemicals while retaining economic feasibility.
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2.1. Removal technologies of emerging pollutants
Different methods are developed, researched, improvised, and implemented to meet the need
for techniques for water treatment that result in the desirable quality of drinking water or
discharged wastewater. These techniques vary from the conventional constructed wetlands to
advanced oxidative processes and membrane technology. A brief overview of the applications
of these methods in dealing with the problems of EPs is discussed. Additionally, Table 2.1
provides an overview of the applications of various treatment techniques in eliminating

pollutants.

2.1.1. Engineered wetlands and natural systems

Conventional surface water treatment plants (SWTPs) use coagulation by alum, ferric chloride,
and/or synthetic polymers in combination with flocculation, sedimentation, filtration, and
disinfection to process wastewater with exceptionally high removal of biological particles and
pathogens with moderate removal efficiency for dissolved organic carbon (DOC) (Snyder et
al., 2003). Constructed wetlands (CWs) are common ecological wastewater treatment
technologies classified into surface flow, subsurface flow, and vertical flow CWs depending
on the flow direction of wastewater. Absorption and degradation are the main physical-
chemical processes taking place in the constructed wetlands. Adsorption is facilitated by the
substrate, soil, and sediment in the packed beds of the CW. Roots stems, and leaves of plants
within the CWs facilitate absorption. Microbial degradation, photolysis, and hydrolysis

influence the degradation processes of EPs.

The removal efficiency of CWs is affected by treatment temperature, CW configuration, and
plant species. However, optimization and the development of combined processes of CWs and
other technologies are under study. Conventional treatments involving coagulation,

sedimentation, and filtration remove less than 25% of most EDCs and PPCPs. Clarification
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using ferric chloride (FeCls) as a coagulant removes 15% of the average concentration of
organic contaminants (Rahman et al., 2009). Studies have also shown the removal of chemical

oxygen demand, total Kjeldahl nitrogen, and total phosphorous (Vo et al., 2019).

2.1.2. Biological treatment Methods

Aerobic and anaerobic treatment methods are widely used as biological treatment methods for
wastewater. Activated sludge, membrane bioreactors, and composting are some of the
biotechnologies used in water treatment. Activated sludge utilizes biological coagulation,
adsorption, and oxidation of sludge. However, temperature, pollutants present, and other
factors may greatly affect its efficiency. The residence time and temperature impact the
removal (Gani et al., 2019; Snyder et al., 2003). Higher composting temperature increases the
degradation efficiency of the composting process (Yu et al., 2019). Sutherland and Ralph
(2019) provided a review on microalgal bioremediation of chemicals of emerging concern
(CECs) (Sutherland and Ralph, 2019). Bilal et al., (2019) presented a review on the removal of

CECs by enzyme-assisted biodegradation (Bilal et al., 2019).

2.1.3. Mineral Surface Adsorption and Ion Exchange

Adsorption is a mass transfer process involving hydrophobic and electrostatic interactions with
the adsorbent. Common adsorbents are activated carbon, silica gel, and activated alumina.
Adsorption materials with high adsorption and low prices are in high demand. Carbon
adsorption materials (CAMSs) such as activated carbon (AC), carbon nanotubes (CNSs),
graphene, and biochar are also used for removing pollutants. Properties such as specific surface
area, pore structure, pH, temperature, the dosage of adsorbent, interfering substances in water,
charge, hydrophobicity, and surface functional groups impact their adsorption capacity.
Hydrophobic interactions dominate the removal mechanism of most non-polar organic

compounds in activated carbon adsorption systems. Alternatively, ion exchange interactions
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result in the removal of polar solutes. Low temperatures reduced the adsorption of hydrophobic
micropollutants, dissolved organic matter (DOM) in surface water, and micropollutants
absorbed by activated carbon would exhibit competitive behavior; and a high dose of adsorbent
and long adsorption time could promote the adsorption, but at the same time, it increases costs

and energy demand (Nam et al., 2014).

The ability of activated carbon to remove compounds affecting the taste and odor of water is
of interest. Powdered activated carbon (PAC) and granulated activated carbon (GAC) have
shown 50-90% efficiency in laboratory-scale removal of antibiotics with reduced efficiency of
between 10-20% in natural waters. However, GAC has very high removal of micropollutants
during the first weeks but progressively, more strongly adsorbable constituents displace
previously adsorbed compounds (Snyder et al., 2003). GAC is recommended by USEPA for
the removal of endocrine-disrupting compounds such as methoxychlor, endosulfan, DDT, and
polychlorinated biphenyls (Rahman et al., 2009). Powdered activated carbon (PAC) even
though is less expensive, is more labor-intensive and less efficient than GAC (Najafpoor et al.,

2019).

Coagulation potentially removes non-polar and molecular weight EPs either using coagulants
or a combination. Mn** oxidation is a commonly used coagulant. Iron coagulation and
sedimentation process combined with Mn*" peroxidation (Mn*'-C/S), hypochlorite
peroxidation, and permanganate peroxidation are used in targeting acesulfame, carbamazepine,
bisphenol S, and nano-ZnO (Ai et al., 2019; Yan et al., 2019). The removal of chemicals of
emerging concern (CECs) using metal-organic framework nano adsorbents (MOF-NAs) under
different water quality conditions, their synthesis, regeneration, and efficiency during water

and wastewater treatment processes have been reviewed (Joseph et al., 2019).
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2.1.4. Membrane technologies

Porous or nonporous membranes operating in pressure-driven, electric-driven, concentration
difference-driven, and temperature-driven modes are extensively used to intercept pollutants.
They are categorized as microfiltration (MF), ultrafiltration (UF), nanofiltration (NF), and
reverse osmosis (RO) based on pore sizes (Liu et al., 2020). They are simple to operate and
occupy small floor spaces with a desirably high pollutant removal rate with efficiency
dependent on the membrane flux, pore size, hydrophobicity, and pollutant characteristics.
Although Reverse osmosis (RO) and nanofiltration are effective for the elimination of EDCs

and PPCPs, they are costly and brine disposal is a challenge (Rahman et al., 2009).

Nanofiltration (NF) and reverse osmosis (RO) membranes have a high rejection rate. However,
NF membranes have lower operation pressure compared to RO membranes therefore more
desirable for energy consumption. The membrane surface can assume certain charge
orientations through functionalization. Negatively charged NF membranes have little affinity
in separating heavy metals, bio-macromolecules, basic dyestuff, and multivalent cations while
positively charged NF membranes such as the SiO2/Y20s remove bacterial and viral pollutants.
Others such as the hyperbranched polyethyleneimine (PEI) have given 90% removal efficiency

for Cu?* in wastewater in addition to organic ions and dyes (Wang et al., 2020).

Membrane bioreactors (MBR), combining microbial degradation and membrane separation are
highly adaptable, easy to automate, and occupy small ground. However, they are expensive,
and fouling restricts its application (Zhen et al., 2019). Electro-membrane bioreactors (EMB)
use current on the membrane to reduce the fouling rate and improve the removal efficiency

(Borea et al., 2019).
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2.1.5. Chemical Oxidation

Chemical oxidation destroys the molecular structure, completely oxidizes, and decomposes
some organic pollutants into stable, low-toxicity, or nontoxic substances by a redox reaction.
Ozonation, advanced oxidation, and electrochemical oxidation are some of the processes used
in chemical oxidation. Additionally, Cl., ClO2, H202, permanganate (MnQO."), and their
combinations, such as UV/Os, and UV/H20: have been used in chemical oxidation (Gao et al.,
2020). In drinking water treatment systems, Cl., C1O2, and Os are commonly used for chemical
oxidation, deodorizing, removing color, iron, manganese, and disinfection (Snyder et al.,
2003). Os is a selective electrophile while "OH radical reacts less selectively (Rahman et al.,
2009). Low utilization potential of Os, limited target pollutants, incomplete oxidization, or
mineralizing pollutants are some of the challenges experienced. Catalysts and other oxidation

technologies are used to overcome these deficiencies (Liu et al., 2020).

Advanced oxidation processes (AOPs) produce oxidizing free radicals such as *OH and SO4™,
that mineralize some EPs into CO:, and H20O or transform them into less toxic and easily
biodegradable small molecular organics therefore reducing the COD and BOD in the treated
effluents. Oxidation is achieved through exposure to photochemical, ionizing radiations, or
chemicals (Abdel Rahman and Hung, 2020). AOPs have high efficiency, wide application
range, and low secondary pollution. Fe** ion-activated persulfate/bisulfite could be a good
process for the removal of pollutants with the added benefit of having a low activation energy,

low cost, and high efficiency (Liu et al., 2020).

2.1.6. Electrochemical Oxidation

Electrochemical oxidation (EO) has high efficiency and good controllability for the removal of
EPs. However, the production of degradation intermediates and electrode deactivation are some

of its drawbacks. Both inert electrodes (i.e., IrO2, Pt, and RuO-) and the active electrode (i.e.,
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SnO:, PbO., and boron-bearing diamond) are commonly used. Combined processes such as
electro-Fenton oxidation, and photo-electro-Fenton oxidation improve the efficiency of EO. In
addition, optimizing process parameters, electrolyte, voltage, and electrode are believed to
improve efficiency (Liu et al., 2020). Electrochemical methods have high efficiency, relatively
smaller equipment sizes, rapid startup, the ability to operate in ambient conditions, and minimal

sludge generation (Mook et al., 2012).

2.1.7. Catalysis (Photolysis/Photocatalysis, Fenton Processes)

Photocatalytic degradation presents strong oxidation ability and mild reaction conditions
influenced by pH, light source type, and catalyst properties. Graphene-based TiO./Ag
composite (GTA) photocatalysts reduce the survival of antibiotic-resistant bacteria (ARB) and
their antibiotic-resistance genes (ARGs) under simulated sunlight (Guo and Tian 2019).
MnWO. nanorods anchored on g-CsN. nanosheets (MnWOs@g-C3N4) (S. et al., 2019),
modified natural magnetite (Fes0s-R400) and H-0O: (Serrano et al., 2020), photosensitizing
catalysts incorporated into a chitosan carrier (PCICC) (Foszpanczyk et al., 2019), magnesium
substituted Zn nano-ferrite (Znl1-xMgxFe204) (Dhiman, 2021), BiOCI catalyst under UV-B
light (al Sarihi et al., 2019), modified carbon nitride (CN) photocatalyst, Fenton and photo-
Fenton process, enzyme catalysis, microalgae—bacteria (MB), purple phototrophic bacteria
(PPB) consortia, Piezoelectric catalysis, Ag-doped graphitic carbon nitride (g-CsN4) material,
cobalt (Co) doped TiO- have been developed to degrade a sleuth of EPs in aqueous solutions.
Research is ongoing to address various drawbacks in photocatalysts ranging from poor
conductivity and wide band gap (3.2 eV) experienced with TiO: and its predisposal to absorb
UV A<387nm with no photocatalytic activity in the visible light spectrum (Liu et al., 2020).
UV irradiation has been reported to induce photo adduct formation, photo-oxidation, photo
rearrangement, photocyclization, decarboxylation, and dehalogenation that cause

photodegradation of fluoroquinolones (Kawabata et al., 2013).
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Most of the methods mentioned utilize a passive phase transfer of pollutants apart from
biological treatment, chemical oxidation, catalysis, and electrochemical methods that produce
reactive moieties that react with pollutants present in wastewater and transform them into labile
species. However, the toxicity of some chemical pollutants would hinder biological processes
whereas most chemical processes would likely cause secondary pollution due to an influx of
the chemical reagents utilized. Additional cost implications in acquiring the oxidants along
with the huge volumes of reactants impede the practical applications of these methods. Table
2.1 showcases some methods that have been used in the removal of various substances of

interest in water.
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Table 2.1 Wastewater treatment methods used in the treatment of pharmaceutically active

compounds
Method Conditions Efficiency Comments Reference
Engineered wetlands and Natural systems
CW Diclofenac,
ibuprofen, <10% except for
benzafibrate, diclofenac g?aggoag) et
carbamazepine (66%) N
sulfamethoxazole
VF-CW Removal of
Acetaminophen COD, TKN, and (Vo et al,
P total 2019)
phosphorous
VF-CW o Earthworms in VF-
cand il o Ibuprofen 89% CW had little effect (de Oliveira
sand Tfter, growih o - on the removal etal., 2019)
: caffeine 97% :
coracoid conch) 0 efficiency
Cw Ethinylestradiol, 9-100%
CW-GS Ethinyl estradiol ge\g\:'ef\é\rmrx;vitg; (Campos et
: and BPA were al., 2019)
CW-GWH Levonorgestrel removed well by levonorgestrel.
CW-GBCF bisphenol A, CW-GBCF
Biological treatment Methods
Activated sludge 92 to 98%
.~ Increased residence (Gani et al.,
Diethylhexyl 30 % decrease in iime imoroved the 2019
phthalate temperature (42 IIO Snyder et
to 13°C) reduced '€Mova al., 2003)
the removal rate
Sterilized/non-sterilized Temperature- Higher temperature
chicken manure. Tetracvelines dependent increases (Yu et al,
y ' thermal composting 2019)
degradation efficiency.

Pseudomonas
aeruginosa KS2002

Triclosan

>99%
transformation
of toxic to 2,4-
dichlorophenol
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Method Conditions Efficiency Comments Reference
Activated sludge and Oseltamivir, aspirin,
ionizing radiation and ibuprofen at 100% (4 hours)
smM
Carbamazepine, _ (l|<imura et
ketoprofen, not biodegraded . . .. by 1-ray al., 2012)
mefenamic acid, completely after ;- i-tion at 2kGy.
clofibric acid, and 8 hours,
diclofenac
Hyperthermophilic Tylosin antibiotic (Liao et al.,
composting fermentation residues  95.0% Above 60°C for at 2019)
ARGs, flow genes,  75.8% least 6 days. (Duan et al.,
_ ) 2019)
Mobile genetic 98.5%
elements
Microalgae Ehg'ﬁg:y::z and
bioremediation BPA and tetracycline 100% ydaroly (Xie et al.
Toxic 2020)
0
g]alﬁrgg)domonas sp. Sulfamethoxazole 20% transformation
intermediates
Mineral Surface Adsorption and Ion Exchange
- (Morin-
d-, B-, and y- CEWICs Efficiency Crini et al.
. increased in the , '
Atrazine 2018;
f)rder 0-> f->7- Romita et
in 1 hr al., 2019)
. Removal
Powdered activated Sulfamethazine, efficiency (Gao et al
trimethoprim, "
. between 81% to 2020)
carbon dimethyl carbonate 98%
Natural zeolite modified 64% adsorption
:‘er:nge nlc3.5§r'lve|:|r;|z Iga?r:(; Diclofenac  sodium 'ate (Garcia et
u -driv S
arency g (DS) 52% unmodified al., 2019)

discharge in argon

zeolite
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Method Conditions Efficiency Comments Reference
Gemini surfactant- 1H-benzotriazole Simultaneous
(BTA),  5-methyl- removal of Cu?*
modified 1H-benzotriazole _ pH influenced (Li et al
(TTA), and 1- Ad_sqrptlon Adsorption and was 2019) N
montmorillonite hydroxy efficiency order optimal at pH 5
benzotriazole TTA > BTA >
(GSMM) (HOBT)) and Cu?* HOBT.
Microporous
. . Adsorption
aluminum pillared clay |mjpramine efficiencies of Specific  surface
) (59.8mg/L) 332% and 681% area of 258 m?/gand (Chauhan et
(MAPC) with Amoxicillin higher than a porosity of 0.16 al., 2020)
o (7.7mg/L) natural clay cmd/g
montmorillonite as raw respectively
materials
A magnetic adsorbent Adsorption  was
spontaneous,
derived from 187.97mg/g at exothermic, and (Liu et al
Methylene blue 288K for a pseudo-second- 2020) N
Broussonetia papyrifera monolayer. order kinetics, and
Langmuir isotherm
leaves (MA-BPL). model
GO Adsorption
Reduced graphene chlortetracycline
> tetracycline > |5\ :
. . pH value is
oxide (RGO) and Tetracycline, oxytetracycline,  peneficial to the A et al
graphene oxide (GO). oxytetracycline, and R adsorption of the 2019)

chlortetracycline

tetracycline >
chlortetracycline
>

oxytetracycline.
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Method Conditions Efficiency Comments Reference
Fe3O4/graphene
oxide/citrus peel- Adsorption
] . Ciprofloxacin gg‘éc:&ncy High surface area of (Zhou et al.,
derived biochar-based  gparfloxacin 50037  mglg 1956 cm?/g 2019)
nanocomposite respectively.
(mGOCP)
. (Alvarez-
Activated Carbon (AC) Caffem_e,_ _ Pseudo_-second- _ Torrellas et
chlorofibric acid, order linear reaction al 2016
diclofenac, gallic achieving G|I ot al’
acid, ibuprofen, and equilibrium in 40 2019° Yas
salicylic acid mins etal., 2014)
Nanomaterials such as it : >50%
Antibiotic resistance
raphene oxide (GO v-Al203 dosage ,
orap (GO) genes from 0.33 to 0.78 C(Najafpoor
_ _ n etal., 2019)
Ciprofloxacin 29% to 43% 9
; . 72.9%,
Mn*-C/S Dissolved  organic ° Advantageous over
carbon hypochlorite (Ai et al,
Total nitrogen peroxidation  and 2019; Yan
g 31.74% permanganate etal., 2019)
EPs 217893490  Peroxidation
Membrane Technologies
Microporous membrane >099.9% at 300 Regenerated
doped with microporous Bisohenol A Lm~hr! water me?nbrane b (Wang et
-cyclodextrin polymer P flux and 50mg/L hanol filtrati y al., 2019)
feed conc. ethanol filtration

Olive pomace (OP) and
solid

olive
wastes/chitosan

composite (OSW/CC)

Tetracycline

Adsorption of 16
and 1.6 mg/g,

respectively
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Method Conditions Efficiency Comments Reference
Melanin-covered Melanin  has an
Escherichia coli in a CQ 98% removal of affinity for
membrane bioreactor . CQ (20 hours) phenothiazine, (Lindroos et
(MBR) 0.ImM influent 10g/L cell aminoquinolines, al., 2019)
loading and
fluoroquinolones
Chitosan extracted from Amoxicillin High current density (Borea et
shellfish waste diclofenac improves removal
. - al., 2019)
carbamazepine efficiency
Pseudo-second-
Chitosan extracted Ketoprofen order kinetic model
>90% and pH-dependent  (Rizzi et al,,
from shellfish waste absorption 2019)
Diclofenac Depends on
concentration.
Chemical Oxidation
Catalytic ozonation 93% in _
Synthetic (Najafpoor
Ciprofloxacin wastewater pH 5.251t0 9.5 (Ie\][eilw.étizgigi
14-41.2% in real etal., 2019)
wastewater
Chlorination The oxidation of
. : Free Cl;  was
reduced  inorganic .
) predicted to produce (Snyder et
species  such  as - )
chloramines in the al., 2003)
Fe(ll), Mn(Il), and resence of NH
S(-11). P 3
AOPs 80%-100% and 20 min for real
Carbamazepine, urban  wastewater, (Rahman et
ciprofloxacin, and 89%-100%. neutral pH, 20°C, al., 2009)
ibuprofen and different H.0. "
concentrations
Palladium/iron 99%  removal _ _
nanoparticles Hexa-bromo-cyclo-  €fficacy in Humic aclds (Le et al.
dodecane (15mM)  aqueoussolution  IMprove 2019) ’

(1g/L in 9hr)
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Method Conditions Efficiency Comments Reference
Magnetic porous Performance better
sulfurized FeOs (PS- in neutral conditions
FeOs) to  activate by PS-Fe20s than
persulfate  monoester 100% at neutral  the unmodified
(PMS) . and slightly  Fe,0s. (Zheng et
Atrazine. alkaline al., 2019)
conditions S04~ play lead. CI,
HCO3 , NO3, and
HA inhibits the
removal
CeOz-Fe304_ (CF In neutral pH F_uIV|c _ acid,
nanocomposites to (7.0), DRI6 is bicarbonate ion, and
agtrg/;t?nonosulfate Synthetic dye Direct removed after 25 28?&? inhi?)(i)tdefg; (Ghanbari
peroxy Red 16 (DR16). minutes at a CF CE- etal., 2019)

loading rate of
0.3g/L.

peroxymonosulfate
system.

Electrochemical Oxidation

Flow reactor with boron-
doped diamond (BDD)
anodes

Electrochemical
photocatalysis on
titanium meshes with
TiO: coating with an
electrical ~ polarization
(bias) applied to the
catalyst.

EO-BDD coupled with
uv radiation and
sonication. EO.

Ciprofloxacin

100 ppm

Carbamazepine

HCQ 36-250mg/L

CQ 36-250mg/L

100% removal
in 20 minutes
BDD anode with
the least doping.

current  density
of 30 mA/cm?,
pH of 10, flow
rate of 2.5 L/min

UV/supported
TiO2 +
bias>UV/TiO:
Degussa P25>
UV/supported
TiO> UV.

100%

Anode
densities
influenced

current

Acidic, slightly
acidic, and
neutral pH

Degradation
influenced by pH,
flow condition, and
current density

TiO2 + bias + UV

treatment had more
efficiency than TiO:
+ UV or UV

Lower
concentrations had
faster  rates  of
elimination.

(Wachter et
al., 2019)

(Murgolo et
al., 2019)

(Bensalah et
al., 2020;
Midassi et
al., 2020)
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Method Conditions Efficiency Comments Reference
Catalysis (Photolysis/Photocatalysis, Fenton Processes)
Photo-catalytic Amoxicillin 90%
degradation using TiO: _ 19 mg/L, pH 7.6, o
hydrochloride . mg/L, and treatment et al., 2019)
>60% time of 150 min
mineralization
PPMP : 0 0 (Liu et al,
Rhodamine B 63.2%-98.43% 2020)
E:r‘])ltio‘:ﬁgradat'on by ’(A’:;t)"’"g':os%ﬁ” ©p) AM. DP. and Except for AA, IM,
ght. , 0ap " DX attained and PH, all the
raloxifene (RL), :
: 100% removal pharmaceuticals
phenytoin (PH), hil n ol b
dexamethasone while others were susceptible to (Kawabata
: 50%. UV-C UV-A etal., 2013)
(DX), amiodarone .
. .~ completely photodegradation.
(AM), indomethacin dearaded all the AA and PH
(0 rrovn () Ce0S0 2 e 28 a0 i e
and sulindac (sl) pharmaceuticals degraded by UV-B.
Heterogeneous TiO2/B- 91.89% HCQ )
Bi20; synthesized by degradation B-BI20s
hydrothermal method after 120 min nanoparticles
HCQ. improve visible gfag%azrl) et
6 cycles of light absorption of
catalyst, 70.59% TiO, photocatalyst
degradation
Simulated solar Photolytic Faster  dearadation
irradiation in Milli-Q HCQ degradation with romoted gt hiaher (Babi¢ et
water and spring water half-lives of P g al., 2017)

5.5h and 11.6h

PH values

*ARG- Antibiotic-resistant Genes, CEWICs -cyclodextrin-epichlorohydrin water-insoluble copolymers, EO-

BDD- Electrochemical oxidation using boron-doped diamond, CW-Constructed wetland, CW-GBCF-

Constructed wetland fragrance cultivation, CW-GS- Constructed wetland with gravel sand, CW-GWH-

Constructed wetland with gravel water hyacinth, PPMPs-Polypyrene microspheres, VF-CW- Vertical flow

constructed wetland

2.2. Application of ionizing radiation in water treatment

lonizing radiation such as electromagnetic gamma, high energy electrons, charged particles,

and neutrons are studied for applications in water treatment technologies. Gamma rays and

32



electron beam irradiations are preferred because of their properties, source availability, and
economic and safety concerns. Gamma rays are appealing in terms of penetrative capability in
aqueous solutions. However, their operation requires more specialized radiation protection for
personnel and delivers smaller dose rates compared to electron beams (Trojanowicz, 2020).
Electron beam technologies have been used in the modification of polymer products, molecular
cross-linking of cable insulation, tire manufacturing, sterilization of medical devices, and
curing of coatings (Ponomarev, 2020b). Radiolysis of water using fast electrons with energy in
the MeV range (1 eV = 1.602 x 107! J) is the most practical and fastest method of water
treatment. This creates high concentrations of radicals that can neutralize and disinfect
contaminants in the aquatic environment. The mode of action of radiolysis involves the transfer
of energy from radiation to the substrate. The absorbed dose (the energy transferred to a unit
of mass 1 Jkg~! = 1 Gy); absorbed dose rate( increment of the absorbed dose per unit time
Gys ™ !); and radiation chemical yield (G-Value the number of molecules formed or destroyed
because of the absorption of radiation energy 1 umol J-! = 0.1036 molecules per 100 eV) are

essential parameters.

EB provides extra-large dose rates (10% and 10° MGyh™?) efficient for treating copious volumes
of liquids at large flow rates. Medium energy accelerators capable of producing electron
energies ranging between 0.3 to 5 MeV with an average beam power of up to 200 kW are the
most used in water treatment. The penetration of the electron is dependent on the energy of
electrons; 4 mm for 1 MeV energy, while for 10 MeV about 5 cm in water. These parameters
are essential for designing liquid flow in the irradiation chambers to accommodate a fast flow
of treated liquid while maintaining efficient penetration by generated electrons (Trojanowicz,
2020). Radiolytic radicals present high reactivity, short lifetime, and ease of generation
corresponding to the current trend to reduce the role of chemicals in water treatment and reduce

the residual concentration of chemicals in purified water. Electron beam irradiation provides
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higher processing rates, low temperature, and lower specific energy expenditure. In addition,
it requires no catalysts, activators, or additives. EB can be directly used for processing and
electron energy varies with power to match processing requirements to offer desired dose rates

(Capodaglio, 2019, 2018; Hossain et al., 2018).

2.3. The theory of water radiolysis

Electron accelerators are relatively easy to use while at the same time delivering high power.
Industrial accelerators generate hundreds of billions of accelerated electrons per second each
of which subsequently produces tens of thousands of ionizations of water molecules. The
radiolysis of water generates reactive oxidizing and reducing radicals regardless of the type of
ionizing radiation used. These reactive species drive the neutralization process of dissolved
pollutants (Ponomarev & Ershov 2020). Direct radiolysis of water-containing impurities is
negligible and the chemical changes in the system take place due to the reaction of the reactive
intermediates of water radiolysis. The radiolysis of water can be represented in summary by

Eqg. (2.1) below.
H.O -« "OH, €aq , H, HsO0", H20-, H» ( 2.1)

The vyields of water radiolysis products are expressed in either unit of molecules/100eV or
pmol-J*t commonly referred to as the G-values (Buxton, 2001; Buxton et al., 1988; Sampa et
al., 2007). The water radiolysis products and their corresponding radiation chemical yields are

provided in Fig. 2-1.
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Fig. 2-1 Radiolytic yields (G-Values) of water radiolysis products

The initial radiation-chemical yield G of water decomposition is 1.24 umol J™! (12 molecules

per 100 eV). The G-value is calculated according to Eg. (2.2) and Eq. (2.3).

No. of molecules formed
G= (2.2)
100eV

Conversely, it can be calculated as

CpNa

" Dx1.602x1019 (23)

Where Cp is the concentration of a species at dose D and Na is Avogadro’s number. The

approximate concentrations of the reactive species can be calculated using Eq. (2.4).

Crc = D X Gyalyerc (2.4)

Where Cg. refers to the reactive compound concentration [umol/kg], D-applied dose [J/kg],
and G,querc 1S the G-value of the reactive species. The formation of these reactive

intermediates is preceded by a series of reactions following irradiation.
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2.3.1. The Physical Stage

The initial interaction of radiation with water involves energy transfer to the system leading
directly or indirectly to the formation of ionized water molecules (H.O™), pre-solvated

electrons e (10°sec) (Eq. (2.5)), and excited water molecules H.O™ (Eq. (2.6)).
H,0 w» e~ + H,0"* (2.5)

However, excited state water molecules play a less significant role in radiolysis (Wojnarovits

and Takacs, 2016).

2.3.2. The Physicochemical Stage

The physicochemical stage (10*sec) establishes thermal equilibrium involving ion-molecule
reaction, dissociative relaxation autoionization of excited states, solvation of electrons, and
hole diffusion leading to the production of reactive primary species ("OH, e;4, H), ions (HsO")
and molecular products (H. and H20). The radical cation, H.O™* migrates over a distance of a
few water molecules by resonance electron transfer. However, H.O™* is a strong acid and gives
a proton (proton transfer reaction) to one of the surrounding water molecules to form HzO* and

"OH (Eq. (2.7)).
H,0'* + H,0 - H;0" + « OH (2.7)
H;0" - H* +« OH (2.8)

Electrons ejected in the ionization process become thermalized and hydrated: The dry electron
formed in Eq. (2.5) undergoes numerous collisions with the surrounding water molecules and

loses its kinetic energy forming the hydrated (solvated/aqueous) electron (Eg. (2.9)).

e— +nH;0 - e; (2.9)
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ez + H30" > H,0 + H (2.10)
The excited water molecule dissociates to *OH and H* (Eg. (2.11)).
H.0" — "OH + H’ (2.11)

Increments in the radiation dose lead to subsequent increases in the concentration of the
reactive species but may be overestimated as the direct effect increases (Siwek and Edgecock,
2020; Wojnarovits and Takacs, 2016). In highly contaminated environments the reactive
species are hindered. The percentage contribution of each species to pollutant removal can be
calculated by the relation;

Ky X Gxx100%
Ky X Gx+KyX Gy+ K;XGy

Ck =

(2.12)

Where k, ,, , are rate constants [M' s™'] of reactions between the contaminant and the x,y,z

reactive species; Gxy. is the G values of x,y,z radical formation; and Cx is the x radical

contribution in contaminant removal.

2.3.3. The Chemical Stage

The chemical stage consists of diffusion away from the point of origin and chemical reaction
of primary species (eq,, *OH, H304,, and +H), to the establishment of chemical equilibrium. It
begins in the spur about 107! sec after the passage of the radiation and about 10-*° sec in the
bulk of the solution. During the energy deposition following irradiation and in the subsequent
fast reactions there is a high probability that two or more reactive species are created close
enough to each other that they can mutually influence each other’s subsequent reaction
possibilities. This isolated space is called a spur. There is a competition between the reaction
of intermediates in the spur and their diffusing out of the spur (spur expansion). The
intermediates that escape the spur in the bulk become homogeneously distributed with respect
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to solute molecules. Approximately 40% of the initially produced intermediates are consumed
by spur processes. Hz (0.047 pmol J*) and H>0: (0.073 umol J*) form and there is also some

reformation of water molecules (Eqg. (2.13)).
‘OH+H — H.0 (2.13)

The chemical stage involves the reaction of the evolved reactive species with surrounding
molecules simultaneously inducing oxidation and reduction reactions. Ionizing radiations
generate high free radical yield per unit energy input (Jan et al., 2015). Natural water contains
impurities in mgL! concentrations whereas concentrations in wastewater are in gL', Direct
ionization and excitation of water molecules is the predominant reaction. Pollutants are
indirectly affected by radiolysis through reactions with the products of water radiolysis. More
contaminated water may require a higher absorbed dose of radiation (Ponomarev and Ershov,
2020). It is generally accepted that increasing the temperature increases the primary yields of
free radicals G (eqq), G(H'), and G("OH) while decreasing the molecular yield g(H202). The
temperature rise makes diffusion of free radical species out of spurs become more favored than
recombination therefore resulting in less molecular recombination products (Meesungnoen et

al., 2015).

2.4. Reaction of Radiolysis products

Water radiolysis generates both oxidizing (*OH, HO3, O, O™, 05, 05~, H20-, HO3, etc.) and
reducing (e.q, H’) products based on their respective redox potentials. These products
contribute to the mineralization of pollutants and decrease toxicity by eliminating functional
groups, such as —Cl, -NO, —SH, and others. The dissociative capture of an e.q, removal of
functional groups, the addition of radicals to double bonds, and decomposition of the
conjugated bonds system along with oxidation and fragmentation of molecules play a role in

the degradation of pollutants. Hydroxyl radicals ("OH) are very reactive towards saturated and
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unsaturated hydrocarbons, alcohols, ethers, and amines, which react via the abstraction of a
hydrogen atom or the addition to a double bond (Ponomarev and Ershov, 2020). Conversely,
eaq~ Slowly reacts with these compounds but is active in reactions with nitro and halogen
derivatives of organic compounds. Therefore, “OH radical interacts mainly with hydrocarbon

components, and e.q~ predominantly interacts with heteroatom functional groups.

2.4.1. Hydrated/Aqueous electron

The e.q is visualized as an excess electron surrounded by oriented water molecules and
behaves like a normal univalent ion almost the same size as an iodide ion. It is assumed that it
has a fully developed ionic atmosphere before it reacts but, in some instances, the electron may
react with the solute before completing the formation of its ionic atmosphere in which case its
reactivity with the solute is very high and it has a short half-life calculated by Eq. (2.14) before

the reaction (Buxton et al., 1988; Draganic, 2012).

0693

t1
3 Xk; Gy

(2.14)

ki is the rate constant for the reaction between the ith species and the electron, C; is the ionic

concentration

The e.q is a very reactive species with rate constants close to the diffusion-controlled values.
The half-life of the electron, even in dilute solutions is very short (a few tens of microseconds)
but depends on the presence of impurities in the solution. Molecular oxygen is a very efficient
radical scavenger as evidenced by the production of H.O. during radiolysis and H3O* from
dissociation of water. The concentration of e.q also affects its lifetime: The higher the
concentration, the shorter the lifetime, because the reaction of recombination is favored. Its
standard reduction potential is -2.9 V and it reacts rapidly with species having positive
reduction potentials. Its mode of reaction can be generally represented as the one-electron
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transfer process. The rate constants of the e,q~ range from ~10'Ms? up to the diffusion-
controlled limit with small activation energies in the range of 6-30kJmol™* suggesting that the
presence of a vacant orbital in the solute into which the electron can transfer is the dominant
kinetic parameter. All e.q reactions are electron-transfer reactions resulting in the primary

product of the electron-transfer reaction acquiring an additional electron (Eq. (2.15)).
e;q + A" — A1 (2.15)

The primary product is thermodynamically unstable and undergoes further reactions such as
protonation, dissociation, disproportionation, or charge transfer. A non-dissociative electron

capture reaction e.q~ is shown by Eq. (2.16).
eyq+ 02 — 03 k=19 x 10" M's (2.16)
another non-dissociative electron capture by an ion
Cu®** + e;y — Cu? (2.17)
Dissociative capture reaction is also characteristic of e.q
ez + HPO3™ — He +HPO;™ (2.18)

The e.q are powerful reductants that react with nucleophiles through an electron transfer
process over distances greater than the encounter distance. It can react in its dry and
presolvation state. In its reactions with organic molecules, it also acts as a nucleophile with
reactivity-enhanced by electron-withdrawing substituents adjacent to the alkene double bonds
or attached to the aromatic rings. The presence of substituent halogen molecules also increases
reactivity by facilitating the elimination of the halide ion from the negative ion formed (Eq.

(2.19)).

ezq + RX — RX™ — R'+ X~ (2.19)

40



In reactions with organic molecules, eg, reacts as a nucleophile (standard one-electron
reduction potential E°(ag/ e.q) = -2.9 V). It reacts preferentially with low-lying vacant
molecular orbital structures, such as aromatic hydrocarbons, conjugated olefins, carboxyl
compounds, and halogenated hydrocarbons. Its reactivity is greatly enhanced by an electron-
withdrawing substituent adjacent to the double bonds or attached to the aromatic rings.
Increased reactivity is also observed when organic molecules contain substituent halogen
atoms, in which case the negative ion forms and rapidly eliminates the halide ion. The e.q
reacts with many compounds that can release an anion by dissociative electron capture; these
reactions can occur only when single bonds are involved in the process. Compounds with high
electron affinity (e.g., nitro- and cyano-derivatives) react with eaq~ with diffusion-controlled
rate constants of 2.59 x 101 M s~! with the formation of the corresponding radical anions.
The rate constants with aldehydes and ketones are 4.9 x10° M sl The electron is
accommodated on the carbonyl carbon. The e.q~ rate constants for the reactions with carboxylic
acids, esters, and amides are in the order of 10’ M s, Simple olefins do not react with e,q~ at
appreciable rates, but compounds with extended p-electron delocalization react rapidly with
the e.q~. The k.- values of maleates and fumarates, which contain conjugated double bonds
(e.g., O=C(OH)-HC=CH-C(OH)=0), are in the range of diffusion controlled-limit

(Wojnarovits and Takacs, 2017, 2016).

2.4.2. Hydrogen

The hydrogen atom was initially considered the only reducing species in water radiolysis but
two kinds of reducing species were later found present in irradiated water. Hydrogen is a minor
reducing radical and less powerful than e.q~ in a neutral solution while in an acidic solution, it
can act as an oxidant. The hydrogen atom is the conjugate acid of e, and the major reducing
species in an acidic solution. At the beginning of the chemical stage of radiolysis, the amount

of H atoms is substantially less than that of e.q~ (very likely by a factor of 5), and their reactivity
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is in general considerably weaker. In dilute acidic solutions, the reaction below readily occurs

(Eg. (2.20)):

e;q + H30" — H® + H,0 (2.20)

With a reduction potential of -2.3V, the hydrogen atom is a slightly less powerful reducing
agent than e.q . Generally, the G- is ~ 0.6, independent of pH. The interaction of radiation
with water leads to the production of excited water molecules that may undergo dissociation to
produce atomic hydrogen (Eq. (2.11)): Increasing the concentration of an efficient scavenger
for e.q~ or H;0™ reduces the reaction and decreases Gy-. The conversion of hydrogen atoms
into e.q” (EQ. (2.21)) is quite slow compared to the fast conversion of e.q~ into He but the

reaction is very important in alkaline solutions

H' + OH;, — ez + H,0 (2.21)
In strongly acid media we consider the reaction below (Eqg. (2.22)) which is very slow

H° + H;0*" — Hj + H,0 (2.22)

Whereas the e,q reacts with water very slowly (k =16Ms). The He atom reduces inorganic

ions having more positive reduction potentials than itself, but often at slower rates than eg,

(Eq. (2.23)).
Cu’* +H* — Cu*+ H (2.23)

Additionally, the abstraction of hydrogen from organic molecules in the reaction produces

molecular hydrogen (Eq. (2.24))
H'+ HR — H; +R° (2.24)

It also adds to centers of unsaturation (Eg. (2.25)).
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H* + CHZ = CHZ — e CH2CH3

2.4.3. Hydrogen Peroxide

In hydrogen-saturated solutions, the H* atom is produced via the reaction

‘OH+ H, — H" + H,0

The H* atom reacts faster with O than with H-0- (Eq. (2.27) to Eq. (2.30) ).

e;q + 02 —_— Oi_

H' + 0, — HO;

e;q + HZOZ — ‘OH + OH™

H' + H,0, — "OH + H,0

2.4.4. Molecular Hydrogen

(2.25)

(2.26)

(2.27)

(2.28)

(2.29)

(2.30)

The Gy, ~ 0.45 irrespective of pH and decrease with increasing concentration of e.q

scavengers. The origin of the primary molecular hydrogen may be sought, in the recombination

(Eq. (2.31)).

e,qt+ €3q — Hz + 20H™ (2H;0)

And additionally in the reaction in Eq. (2.32)

e;q+ He— H, + OH™ (2H,0)

(2.31)

(2.32)

but to a lesser extent. The extent of recombination of H atoms is also small (Eqg. (2.33)).

H' + H — H,
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Therefore, from these reactions, a sufficient increase in the concentration of an efficient

scavenger (S) for e,q~ must lead to a decrease in Gy, .

2.4.5. Hydroxyl Radical

The «OH radical is a powerful oxidant. The standard reduction potential value £° = -2.8 V for
the pair «OH/OH™ at the acidic solution ([H'] = 1M) implies that «OH can oxidize all inorganic

ions existing in higher valence states via a simple electron transfer (Eq. (2.34)).
eOH + S" — S"™1 4+ OH" (2.34)

However, oxidation is dependent on the behavior of other primary and secondary radicals

present (H*, e;q and HO3) under given conditions. The «OH radical is produced via Eq. (2.35)

and Eq. (2.36).
H20.+ + Hzo —e OH + H30+ (235)
H,0" + e — H,0" >« OH + H* (2.36)

Additionally, *OH radicals are produced by the reactions of primary reducing species with

H,0, + H' — H,0 + « OH (2.37)
H,0, + e;, — OH™ ++ OH (2.38)

Certain conditions can be introduced in the radiolysis of water such as the addition of N.O

which converts e,q into *OH radicals (Eg. (2.39)).
N20+ e — NZ + 0_(+H20 =OH" + OH_) (239)

The «OH radical oxidizes inorganic ions and reacts with organic molecules. Electron transfer
is the most frequent mechanism of OH-induced oxidation of both inorganic anions and cations.

44



The *OH radical adds to centers of unsaturation, abstracts the H atom from C-H bonds, and OH
addition when reacting with organic molecules (Draganic, 2012). Addition reactions also occur
with free radicals. It is more reactive and less selective than the hydrogen atom because of its
greater exothermicity. Electron transfer reactions may give rise to a stable product e.g.

oxidation of the ferrous ion to the ferric ion (Eg. (2.40)).

Fe?* 4+« OH — Fe3* + OH™ ( 2.40)

In reactions with anions, electron transfer leads to the formation of a free radical (Eqg. (2.41))

X~ ++OH — X' + OH™ (2.41)

Where X" is a halide ion and X" is the corresponding halide radical Cl, Br, or I. Hydrogen

abstraction from an organic molecule can be generally represented by Eq. (2.15).

R;CH ++ OH - H,0 + R5C" (2.42)

R represents atomic hydrogen or a functional group. In aqueous solutions of benzene, the
addition reaction of the «OH radical occurs to give the hydroxy-cyclohexadienyl radical in a
fast, irreversible reaction at room temperature (k2.43 = 7.8 x 109 M ' s ') (Eq. (2.43)). In the
presence of oxygen, the hydroxy-cyclohexadienyl radical is converted into the cis- and trans-
isomers of the hydroxycyclohexadienyl peroxyl radicals (Pan et al., 1993; von Sonntag and

Schuchmann, 2001).

C6H6 + OH® — (OH) L CC5H6 (243)

Not only addition reactions to stable molecules but also to free radicals are possible. In aqueous

solutions at high electron dose rates, the following reaction in Eq. (2.44) takes place
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In acid medium (0.02 M H3zO" ) the product obtained has a half-life of 2 sec, which decreases

with the change of pH. The disappearance of H.Os can be represented by Eq. (2.45).
H203 i Hzo + 02 (245)

There is no evidence that the «OH radical reacts with oxygen. However, the addition of the O

ion radical to 0, can take place (Eq. (2.46)).
0~ + 0, — 035 (2.46)

The *OH radical induces the degradation of organic molecules in water treatment by ionizing
radiation and Advanced Oxidation Processes (AOP). The «OH may react either by direct
electron transfer, abstraction of H-atoms from C—H bonds, or by addition to the double bonds.
However, direct electron transfer is rarely observed and often involves intermediate complexes.
The rate constants of H-atom abstraction reactions are generally in the 1 x 10— 1 x 10° M
s ! range. The reactions take place with a considerable selectivity and the rates increase in the
order primary<secondary<tertiary H-atom. Due to its electrophilic nature, *OH reacts readily
with C=C and C=N double bonds, but not with C=0 double bonds, which are electron-deficient
at the carbon atom where the «OH radical prefers to add. In aromatic compounds, electron-
donating substituent directs “OH into the ortho and para-positions; in the case of the electron-
withdrawing substituents, meta-addition is preferred. The dissolved organic carbon (DOC) uses

up a large fraction of available "OH in AOP (Wojnarovits and Takéacs, 2017).

2.4.6. Perhydroxyl Radical

The origin of the perhydroxyl radical is presumed to be in the intra-spur reaction (Eq. (2.47))
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Gho,. cannot be large for radiations with low Linear energy transfer (LET) values. Increasing
the LET leads to an increase in the per hydroxyl radicals’ concentration existing at the
beginning of the chemical stage of water radiolysis. The value of Gy,. for LET radiations is
small and hence not considered in establishing a quantitative reaction scheme in such cases.
Perhydroxyl radical is very important as a secondary radical in the radiolysis of aqueous

solutions in the presence of oxygen. Wastewater usually contains oxygen, therefore e;, and H’

are mostly converted into peroxyl radicals(Eqg. (2.48) to (2.50)),

€aq + 02 — 05 k=1.9x 10" M1s? (2.48)
H' + 0, — HO; k=2x10°"M'st (2.49)
HO;, —H'+ 03 pk =4.8 (2.50)

The 057is a weak reductant, while HO3is a moderate oxidant. Unlike *OH, 05~ and HO; may
not directly contribute to the degradation of organic pollutants. In the absence of suitable
reaction partners, 05~ and HO; disappear from the solution in slow radical-radical reactions
giving H202(Eq. (2.51) and (2.52)); in neutral solutions, the cross-reaction (Eq. (2.51))

dominates:
2HO, - H,0, + 0, k=8.3 x10° M's' (2.51)
HO, + 05" + H,0 —» H,0, + 0, + OH~ k=8.3 x M1s (2.52)

Radiation-induced degradation of haloalkanes shows a mechanism based on dehalogenation
and uni- and bimolecular reaction of the peroxyl radicals formed in oxygen scavenging. Under
standard conditions the HO; radical is an effective oxidizing agent. The HO; radical may also

react as a reducing agent (Eq. (2.54)).

HO; + Ce** — H' + 0, + Ce3* (2.53)
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The HO; radical is a considerably weaker reducing agent (£° for the couple H*, O. / HOis

calculated to be 0.3V). In agueous solutions the reaction in Eq. (2.56) seldom takes place

Like H20, the HO; is often inert toward organic substances and its fate lies in dismutation

leading to the formation and accumulation of H,0,in solution (Eq. (2.57)).

The form of the HO; radical changes with pH, as shown by kinetic studies of the recombination
reaction, HO; + HO; and the reaction HO;+ OH. The neutral (HO3) and basic ( 05™) forms

are generally accepted, and pK values of 4.5 have been reported for the equilibrium (Eq. (2.58)).

HO, = H* + 0} (2.56)

The amount of H-0: present at the beginning of the chemical stage depends, for a given amount

of energy absorbed, only slightly on the pH

2.5. Review of radiation process in wastewater management

Wastewater and effluent discharges cause pollution in water bodies and pose potential risks to
living organisms. Electron beam irradiation (EB) is a clean process for the degradation and
mineralization of organic pollutants due to the absence of chemical initiators. Concerns
regarding the disposal of domestic wastewater without sufficient treatment are increasing,
especially in developing countries due to inadequate sewage system development.
Pharmaceuticals, personal care products, and their bioactive metabolites are released into
wastewater therefore creating a need to understand the mechanisms involved in the removal of
pharmaceutical mixtures as well as complex raw wastewater. Membrane technology,
bioremediation, photodegradation, and radiation technology are promising processes for water

and wastewater treatment. Advanced oxidative processes (AOPs) that utilize reactive oxygen
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species (ROS) such as *OH radicals (*OH), H20:, Os, and superoxide anion radicals (O:") are
popular prospects. Ozonation, photo Fenton, photocatalysis, ionizing radiation, and
electrochemical oxidation are prominent alternatives to conventional WWTPs. Undoubtedly,
radiation-induced processes have desired diversity in applications with reduced drawbacks as

experienced in other advanced oxidative processes.

2.5.1. Gamma Radiation

Gamma irradiation between 1 to 4kGy enhanced the biodegradability of lincomycin,
sulfamethoxazole, and tetracycline and was proposed for the pretreatment of recalcitrant
pollutants to transform them into biodegradable adducts (Kim et al., 2014). The decomposition
of solutions increases with increasing absorbed dose (Yu et al., 2008). Using gamma irradiation
exponential reductions in carbamazepine concentrations at doses up to 1kGy and concentration
of 0.05mgL™* which is the threshold for chronic pharmaceutical toxicity, have been reported.
Similarly, Mefenamic acid and ketoprofen have decomposed at 2 kGy doses. The electrophilic
*OH radicals preferentially attack the high electron density places such as the phenyl ring.
Thereby, the azepine group in carbamazepine which acts as an electron donor was easily
attacked by *OH radicals. Ketoprofen and mefenamic acid, which have electron-accepting
groups such as carbonyl and carboxyl, had lower decomposition yields than carbamazepine.
Clofibric acid and diclofenac concentrations decreased with dose and were eliminated at 1 kGy
dose. The phenyl ring of clofibric acid was substituted by a chlorine group as a weak electron
acceptor and an alkoxy group as a strong electron donor, while the phenyl rings of diclofenac
have also two chlorine substituents and two electron-donating groups. The electron densities
of the phenyl rings of clofibric acid and diclofenac may be similar, and the decomposition

curves by gamma-ray irradiation were almost the same (Kimura et al., 2012).
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Ibuprofen (28mg/L), a common non-steroidal anti-inflammatory drug has been degraded with
100% efficiency at an absorbed dose of 1.1kGy using gamma radiation. The degradation was
enhanced by adding 0.1% H.0O. and humic acid but was suppressed by the addition of 0.5%
H-0.. Acidic pH favored the degradation compared to neutral or alkaline conditions and the
degradation was further suppressed by the addition of CO3~, NO3 , thiourea, and methanol
(Zheng et al., 2011). Similar results have been reported in gamma irradiation degradation of
diclofenac (30mg/L) where the presence of humic acid(30mg/L) decreased the degradation
efficiency from 80% to 62% at doses of 0.8kGy. This is attributed to the competition of humic
acids with diclofenac for the available *OH radicals. The decrease was observed with
increasing humic acid concentration (Zhuan and Wang, 2020). Diclofenac (50mg/L), has been
removed from an aqueous solution with 100% efficiency and 50% from sewage water and
sediment when using gamma rays and electron beams at doses of up to 5kGy. These values are
comparatively higher than the 50% adsorption reported on sludge (Bojanowska-Czajka, 2021a;

Trojanowicz et al., 2018b, 2017).

Sulfamethoxazole (SMX-0.04mM) has been degraded with 99% efficiency at 1kGy under
gamma irradiation. However, TOC was not significantly diminished (<13%). High
concentrations of CI™ ions inhibited degradation whereas, bicarbonate, carbonate, and
phosphate ions were found to be inhibitors at lower concentrations and enhancers at higher
concentrations (20-50mM). The carbonate and phosphate radicals generated in the presence of
carbonate and phosphate ions respectively, played a key role in sulfamethoxazole degradation
at higher concentrations and preferentially attacked the amino group thereby resulting in
different intermediate products to *OH radical driven pathway in the absence of these anions.
Sulfate ions showed slight inhibition on the degradation of SMX. The increase in the initial
concentration of nitrate ions decreased SMX degradation. The scavenging effect of anions for

reactive species i.e., *OH radicals, e.q, and hydrogen radicals, plays a key role in these
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processes (Wang and Wang, 2018). In other studies, sulfamethoxazole concentrations ranging
between 5 to 40 mg/L had removal efficiencies ranging between 100% to 40% respectively at
0.8kGy indicating the effect of initial concentration on the degradation efficiency under gamma
irradiation. Additionally, in the presence of 10 mmol/L C03~, HCO; , the degradation
efficiency of sulfamethoxazole declined from 91.7% to 62.1%, and 74.5% respectively. TOC
removal was <20% even at low initial concentrations of sulfamethoxazole (Zhuan and Wang,
2019). Pharmaceutical wastewater from an erythromycin (ERY) production factory treated
by gamma irradiation with the addition of peroxymonosulfate (PMS, 50 mM) had a removal
of 99.2% at the absorbed dose of 25 kGy. It is surmised that ionizing radiation can be applied
as pretreatment to degrade the toxic antibiotics and recalcitrant humic substances, which are

less effective to be removed by biological treatment (Chu et al., 2021).

Ciprofloxacin and norfloxacin fluoroquinolone antibiotics have been degraded under 0.5kGy
gamma irradiation with 70% efficiency at concentrations of 33 and 32mg/L respectively. Only
25% and 10% COD and TOC respectively were achieved at 2kGy when the final
fluoroquinolones concentrations were below the detection limit indicating low oxidation and
mineralization degrees. Higher oxidation and mineralization were possible at 6kGy. Irradiation
led to the conversion of non-biodegradable ciprofloxacin to substances degradable by
metabolic processes of microorganisms (Tegze et al., 2018). Gamma irradiation has also been
deployed in the destruction of aqueous samples with aniline concentrations ranging between
20 to 200 mg/L(Jia-Tong et al., 2017). losartan, a common antihypertensive drug has efficiently
been mineralized at doses of 0.5 to 4 kGy in aqueous solutions with decreasing chemical
oxygen demand (COD) and total organic carbon (TOC) with irradiation indicating
mineralization (Zaouak et al., 2021). Trihalomethanes (THM) at concentrations of 100 ug/L
have been removed with an efficiency of 98% at a dose of 1 kGy. Similarly, CHCIs has been

removed with 92.5% efficiency by increasing the dose to 6 kGy. Additionally, chloroform
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concentrations between 145 to 780 pg/L showed reduction efficiency near 95% at doses below
6 kGy. Nitrophenols (1 umol/L) have been reduced using gamma irradiation under O-, air or
He saturated at a dose of 5 Gy. Degradation of polycyclic aromatic hydrocarbon (PAH) in
moist and dry sewage was carried out at 2, 4, 6, 8, and 10 kGy of gamma irradiation dose. The
combination of irradiation and H.O. promoted a synergistic effect with increased degradation
efficiency of chlorophenols and TOC removal (Hu and Wang, 2007). Antibiotic fermentative
residues containing antibiotic resistance genes (ARGSs) and residual antibiotics have also been
treated using ionizing gamma radiation (Shen et al., 2019). Though gamma irradiation has
proven effective in the degradation of a variety of chemicals of emerging concern, its
drawbacks concerning handling and long irradiation time limit its commercial applications.

These limitations create an inclined interest and preference toward electron beam irradiation.

2.5.2. Electron beam radiation

The application of electron beam processing in industrial and medical processes is promoted
by the reliability and ease of producing ionizing radiation using electron beam accelerators.
Electron beam irradiation is a non-chemical process and therefore offers an environmentally
friendly alternative for degrading pollutants. In laboratory experiments, electron beam
treatments (EB) effectively removed the anti-inflammatory aspirin even in the presence of
another pharmaceutical (fluoxetine). Negligible mineralization indicated the formation of
byproducts under experimental conditions. Increased toxicity and H.O. formation were
observed with increasing doses (Tominaga et al., 2021). Diclofenac (DCF), a popular anti-
inflammatory drug has been degraded by electron beam at doses of up to 5kGy. Negligible
TOC removal was observed even at 7.5 kGy, with the formation of recalcitrant, non-
biodegradable by-products (Tominaga et al., 2018a). The psychiatric drug carbamazepine
(CBZ) was susceptible to degradation and mineralization under electron beam irradiation at

5kGy (Zheng et al., 2020). Ciprofloxacin has been degraded with 95.86% efficiency at 1kGy
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with a TOC reduction of 38% at 5kGy under electron beam irradiation. Conversely in a mixture
consisting of ciprofloxacin, metformin, and acetylsalicylic acid, a removal efficiency of 96%
was achieved for ciprofloxacin and 81% fluoxetine (Kiyoshi Tominaga et al., 2023).
Lincomycin has also been degraded at 5kGy under electron beam irradiation as well as under

gamma irradiation as already mentioned (Ham et al., 2014).

Reinholds et al. obtained 90-100% removal efficiencies at 0.5 to 5kGy doses for influent
wastewater containing 19 multi-class pharmaceuticals at a wastewater treatment plant. Electron
beam irradiation requires shorter exposure times therefore more energy efficient compared to
gamma irradiation. Pharmaceutical product residues were reduced in eighty percent of the
samples exposed to 0.5 to 5kGy of the electron beam (600 and 1200 kGyh™) or gamma
radiation (22.5 and 37.5 kGyh) treatment. However, higher doses >5kGy were required for
the decomposition of macrolide antibiotics. Furthermore, bacterial decontamination of
wastewater was achieved at radiation doses between 7 to 12 kGy. Increments in the dose
resulted in faster degradation and rapid degradation was observed between 0.5 to 3 kGy with
maximum removal efficiency of 84 to 100% achieved between 5 to 7 kGy absorbed dose
(Reinholds et al., 2017). Other than human pharmaceuticals, pesticides, comprising organo-
chlorinated compounds of anthropogenic origin banned by the Stockholm Convention though
still used in certain regions of the world undergo radiolytic degradation via interactions with
hydrated electrons with the yields of degradation being larger in polar than in non-polar
solvents. In general, the degradation efficiency is larger in aqueous solutions than in organic
solvents (Trojanowicz, 2020). Diuron (phenylurea herbicide) degrades in aqueous solutions
mainly through the reactions of «OH radicals formed following water radiolysis. The «OH
radical adds to the ring to form hydroxy-cyclohexadienyl radical and by inducing
dechlorination. Dissolved oxygen enhances the rate of degradation and is highly important to

achieve efficient ionizing radiation-induced degradation of diuron in dilute aqueous solution
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(Kovécs et al., 2015). The destruction of 96% of PCBs and water-dissolved herbicide was

demonstrated in research conducted by MIT in 1980 (Hu and Wang, 2007).

The applications of electron beam radiation in the treatment of wastewater are not limited to
pharmaceutical wastewater. Bromate a disinfection byproduct and perfluorooctanoic acid
(PFOA) have also been degraded using an electron beam in simulated wastewaters
(Trojanowicz et al., 2020; L. Wang et al., 2016). Perfluorooctanoic acid (PFOA) and
perfluorooctane sulfonate (PFOS) have successfully abated by >80% using electron beam
technology at doses up to 50kGy (Kowald et al., 2021). Similarly, bio-refractory organic
compounds present in printing and dyeing textile wastewaters have been successfully
degraded using e-beam. In these applications, electron beam treatment was found to enhance
the biodegradability of the wastewater constituents. This would favor its applications in the
pretreatment of otherwise non-biodegradable chemical constituents (Deogaonkar et al., 2017;
Deogaonkar-Baride et al., 2021; He et al., 2016; Nasir et al., 2010). Domestic laundry
surfactants have also been degraded using electron beams (Selambakkannu et al., 2020).
When coupled with a membrane bioreactor, the hybrid electron beam membrane bioreactor
system was found to reduce the COD of textile wastewater containing polyvinyl alcohol by
31% (Sun et al., 2016). Effluents from the textile industry contain contaminants such as
surfactants, dyes, peroxides, salts, acids, metals, suspended solids and organic compounds,
and other additives with high solubility, residual color, and low biodegradability. These
chemicals affect dissolved oxygen, turbidity, color, temperature, and consequently, aquatic
organisms. Combined processing techniques utilizing activated sludge systems and
Advanced Oxidative Processes (AOPs) may enhance organic degradation efficiency. Textile
effluent decoloration after EB treatment of Red 239 dye under an applied dose of 5 kGy
yielded 95% color removal, while 0.5 kGy accounted for 80% color removal (Garcia et al.,

2020). Electron beam radiation enhanced the biodegradability of simulated textile effluent
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(mixed) pre-treated by activated sludge process. The mixed effluent comprised scouring,
desizing, dyeing, and printing process effluents (Deogaonkar et al., 2019). However, E-beam
irradiation pre-treatment did not improve the biodegradability of textile effluent even at 80
kGy dose. Alternatively, in the post-treatment of biologically treated samples, e-beam
irradiation significantly enhanced biodegradability at low doses of 1 kGy with «OH radical
(‘OH) playing an active role. Following electron beam exposure up to 2 kGy dose, the COD,
BOD, and BOD/COD ratio increased by 7% and 12% respectively above the average values
of COD and BOD. However, with doses of 5 kGy to 80 kGy, the COD and BOD decreased
slightly with a reducing BOD/COD ratio which confirms that e-beam radiation doses above
5 kGy do not show a significant improvement in biodegradability of simulated mixed
effluent. EB irradiated sample after the activated sludge process becomes considerably
biodegradable. Similar observations were reported in the experiments involving dyeing
wastewater. Therefore, EB post-treatment is effective for biodegradability enhancement of
textile wastewater. The discoloration of remazol black B and orange 3R solutions was
effective at 1 and 2.5 kGy which is a comparatively low dose and possibly will add to an
appropriate expenditure for irradiation technology. Irradiation of real textile BVT effluents
resulted in high-quality color elimination but the sharp toxicity reduction varied widely 97%
(0.5 kGy), 54% (2.5 kGy), and 19% (1.0 kGy), BTV1—BTV3 (IAEA, 2013).

The electron beam has also been used in the treatment of sludge from drinking water and
sewage treatment and has shown exceptional results in reducing heavy metal content, and
polyacrylamide content as well as complete inactivation of pathogens at 25kGy (Rankovié et
al., 2020). The combination of coagulation, electron beam irradiation, and biological
treatment on real pharmaceutical wastewater obtained 94% COD removal and 89% organic
content reduction (Changotra et al., 2020). The electron beam has shown efficacy toward

hepatitis A virus (HAV), astrovirus (ASV), rotavirus (RV), enterovirus (EV) virus, norovirus
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(NVLI) virus, and adenovirus (Roque et al., 2022; J. Wang et al., 2022). Yun Kim et al.
reported the neutralization of 2,4,6-trinitrotoluene (TNT, trotyl) and hexahydro-1,3,5-trinitro-
1,3,5-triazine (RDX, hexogen) wastewater. Dissolved TNT and RDX are highly toxic,
carcinogenic, and easily accumulate in soil, plants, and living organisms to cause mutations.
Evaporation and combustion methods used in the treatment of TNT and RDX generate
hazardous wastes (ash and gases) and require too much heat. On the other hand, their
biodegradability through biological treatment is minimal. However, under electron beam
treatment, the formation of nitrates and ammonium indicated their volatilization following
reactions with the reducing intermediates of water radiolysis (Yuri Kim et al., 2020).
Denitration was alluded to the dissociative capture of e,q~ and hydrogen radical atom.
Furthermore, the absence of nitrite accumulation could be explained by the elimination of the
nitro group in the form of *NO: radical that easily converts to nitrate by reacting with *OH,
HO;3, H,0,. Following EBT, the BOD increased and light organic acids; oxalic and glyoxylic
acids in the solution of TNT, and formic acid in the solution of RDX were formed. A dose
of 20 kGy gave BOD/COD ratio higher by factors of 8 and 15 for TNT and RDX solutions
respectively indicative of an increase in the degree of oxidation of the solute. The organic
acids presence indicated the breaking of skeletal bonds (C—C in TNT and C-N in RDX).
Electron beam irradiation efficiently decomposes nonylphenol and its derivatives with doses
of about 1 kGy.

Acetone, a major byproduct of methyl tert-butyl ether (MTBE a classified carcinogen), is
difficult to degrade in normal advanced oxidation processes (AOPs) for MTBE degradation
where it is formed in high concentrations. Acetone degradation via electron beam treatment
has been reported to be mainly by reactions of the e.q . Nitrate was found to decrease the
removal of acetone but alkalinity was found to have no significant effect (Yoon et al., 2009).

AOP results indicate that acetone is less reactive towards *OH and is also formed from some
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of the MTBE byproducts (TBF, TBA, and MA). Electron beam irradiation has been reported
to form conspicuously low concentrations of acetone compared to conventional AOPs which
also require high ozone and H-O- concentrations with UV for 99% efficacy. Acetone is easily
bio-degradable but an industrial-activated sludge treatment system has been found unable to
biodegrade acetone and is also reported to inhibit biochemical processes. Its high water
solubility gives it a low adsorptive capacity on granulated activated carbon technology (GAC).
Removal efficiency has been observed to increase with increasing absorbed doses at fixed
initial concentrations. Alternatively, efficiency decreases with increasing concentration at a
fixed absorbed dose. Nitrate is present in industrial, municipal wastewater, and groundwater.

Nitrate has a high reactivity with e,, and H* but insignificant reaction towards “OH. Nitrate

scavenges e, thereby decreasing the removal efficiency of acetone.

Radiation-induced destruction of pollutants has been found effective against a wide assortment
of pharmaceuticals, and dyes (Garcia et al., 2020; He et al., 2016; Rauf and Ashraf, 2009;
Wojnarovits et al., 2005; Zaouak et al., 2018), pesticides (Sayed, 2014; Serrano et al., 2020),
PFOAs (Oshima et al., 2020) and a variety of other EPs. Additionally, Electron Beam
irradiation in the treatment of wastewater reduces the pathogenic load (Maruthi et al., 2013).
Rate coefficients of «OH radical with antibiotic molecule reactions suggest that compounds
with aromatic rings (e.g., amoxicillin) or conjugated double bonds (e.g., tylosin) have rate
coefficients in the range of (6 — 8) x 10° M s™! range where radical addition is the primary
reaction. Additionally, the presence of strong electron-withdrawing groups and N atoms give
smaller rate coefficients whereas molecules without aromatic rings have smaller values in the
range of (3 — 6) x 10° M s with hydrogen abstraction being the dominant reaction
(Wojnarovits, Téth & Takacs (2018). The main advantages of the applications of radiation
technologies are in their capability to provide a dual property of sanitization as well as removal

of organic pollutants. Compared to other advanced oxidative processes, radiation-propagated
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processes do not require inputs into the matrices and therefore forego the possibility of
producing any further contaminants such as depleted catalysts or adsorbents. Additionally,
radiation processes appear to be more time-conservative to achieve mineralization or removal
in a considerably shorter time compared to other treatment processes. The radiation processes

can be used to treat copious volumes of water as is common in most wastewater batch reactors.

UV radiation though effective for poor quality and primary wastewater effluents is limited by
the presence of particle-associated microbes. Suspended solid concentration can increase
microbial survival by shielding the microbes from UV irradiation. On the other hand, lonizing
radiation degrades organic molecules such as halogenated compounds, dyes, and pesticides in
relatively less time than non-ionizing radiation. In combination with oxidants such as ozone or
H:0., the removal efficiency is further improved. Further, UV rays used for microbial
inactivation have proved detrimental by generating mutations in microbes. Radio resistivity of
pathogens is not fully explored but could also be a problem when using radiation technology.
Gamma and electron beam irradiation are effective in curbing harmful algal blooms (HABS)
occurring due to ecosystem imbalances such as rising temperatures and escalating
anthropogenic nutrient pollution causing eutrophication, releasing odor, taste compounds, and
harmful toxins into the surrounding water (Folcik and Pillai, 2020). Gamma rays together with
electron beams can be suggested as the most efficient method for wastewater remediation (Jan
etal., 2015). Additionally, radiation treatment combined with other techniques e.g., 0zonation,
H20., or TiO: greatly enhances the effectiveness of pollutant degradation (Duarte et al., 2002;

Sampa et al., 2007).

2.6. Sterilization activity of electron beam
The electron beam processing efficiently eliminates pathogenic microbes and organic
contaminants. These outcomes are greatly influenced by the dose rate, energy source, and

radiation absorbed dose. Electron beam induces radiolysis of water and produces hydrated
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electrons (eg,), *OH, H atoms, H3O" ions, H20- and H. The unpaired electron of the oxidative
*OH radical, the reductant e.q~, and the ionized hydrogen atoms make them highly reactive and
effective in degrading heavy metals, and organic and inorganic pollutants while simultaneously
imputing disinfection properties against microbes. Radiation dose affects living organisms
either directly when absorbed by DNA and other critical cellular components thereby affecting
survival or reproductive capacity. Indirect effects emanate when the reactive species generated
through irradiation react with the micro and macromolecules of the cells. EB irradiation has a
degradative effect on cell walls, alteration of cell permeability, variation in physical
components of cell protoplasm, and inactivation of some crucial metabolic enzymes. It has
been shown that the logarithmic number of microbes in unit volume linearly decreases with
dose (Jan et al. 2015). 3 to 5 kGy dose of ionizing radiation is deleterious to pathogenic
microbes in sewage sludge, 1 to 6 kGy doses of gamma radiation are sufficient for disinfection
of sewage water and sewage sludge, respectively, whereas viruses exhibit higher resistance to
inactivation by ionizing radiation (D10 value is 2.5 kGy in sewage sludge). Absorbed doses of
between 5 to 10 kGy can inactivate pathogens in water EB treatment (Ponomarev and Ershov,

2020).

UV radiation is effective for poor quality and primary wastewater effluents, but the presence
of particle-associated microbes has negative effects on the disinfestation process. Suspended
solid concentration can increase microbial survival by shielding the microbes from UV
irradiation. Further, UV rays used for microbial inactivation have proved detrimental by
generating mutations in microbes. Radio resistivity of pathogens is not fully explored but
presents a problem when using radiation technology. Gamma and electron beam irradiation are
effective in curbing harmful algal blooms (HABs) occurring due to ecosystem imbalances such

as rising temperatures and escalating anthropogenic nutrient pollution causing eutrophication,
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releasing odor, taste compounds, and harmful toxins into the surrounding water (Folcik and

Pillai, 2020).

Sewage sludge has been hygienized using radiation technology. The bacterial population has
also been observed to decrease with increasing radiation dose under EB irradiation. The total
bacterial counts (TBC), total coliform counts (TC), and E. coli counts declined with time after
the EB treatment. EB pretreatment was shown to be a faster way of stabilizing wastewater for
reuse for non-potable purposes (Rawat and Sarma, 2013). Maruthi et al. (2013) used EB
irradiation in the treatment of wastewater to reduce the pathogenic load. EB doses of 1.5 kGy
eliminated coliforms. Furthermore, doses of 10 kGy killed Cryptococcus laurentii, Aspergillus
fumigatus, and Absidia sp., and no larvae of helminths (Ascaris lumbricoides) were recovered

at doses > 1.5 kGy(Hossain et al., 2018; Maruthi et al., 2013).
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CHAPTER THREE

3. Methodology
This section provides an overview of the experimental procedures applied in achieving the

research objectives. The conditions, parameters, and instrumental methods have been outlined.

3.1. Chemicals and Materials

Analytical grade HCQ sulfate (>98%), CQ phosphate powder (>98%), potassium dichromate
(99%), methanol HPLC grade (>99.9%), hydrogen peroxide (30%), ferrous sulfate
heptahydrate (>99%), sodium hydroxide, sulfuric acid (95%), silver nitrate (99%), acetonitrile
HPLC grade (>99.9%), dibasic sodium phosphate (98%), sodium nitrate (99%), humic acid
sodium salt, sodium persulfate (98%), orthophosphoric acid (98%), triethylamine (99.5%),
sodium hydrogen carbonate (99.5%), sodium carbonate (99.5%), and perchloric acid (95%)
was procured from Sigma Aldrich (Germany). Low-density polythene sample bags(100mL)
with zip locks were purchased locally. Tube tests for chloride ions, total nitrogen, chemical
oxygen demand, total organic carbon, and ammonium ion concentration produced by Macherey

Nagel (Germany) were purchased from Aqua Labs (Poland).

3.2. Analytical techniques

3.2.1. UV spectrophotometry and HPLC Analysis

A Jasco V670 from Jasco (Poland) and a Nanocolor Vis II from Mercherey Nagel (Germany)
spectrophotometers together with a Shimadzu HPLC class VP with a DAD detector were used
for the detection of CQ and HCQ with maximum absorption at 343nm wavelength. For the
HPLC chromatography, the mobile phase consisted of 70% acetonitrile and 30% 1.4g/L sodium
phosphate dibasic with 0.4% triethylamine at pH 3.0. A Gemini NX 5u C19 110A 250X4.6mm

column at oven temperature of 40°C and flow rate of ImL/min was used for HPLC analysis.
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3.2.2. LC-MS methods

The identification of CQ and HCQ degradation products was performed on an Agilent LC-MS.
In the CQ degradation products, the eluent consisted of 0.1% formic acid (A) in ethanol (B) at
a flow rate of 0.3mL/min with the MS in electrospray ionization positive mode. The LC-MS
analysis for HCQ degradation products was also performed on the Agilent model with MS in
positive mode electron spray ionization. The mobile phase of the chromatography consisted of;
phase A deionized water with 0.05% trifluoroacetic acid; Phase B acetonitrile and 0.05%
trifluoroacetic acid, flow rate 0.5ml/min, gradient washing: 20% solvent B (0—0.2 min), 20 to
50% B (0.2-1.5 min), 50-90% B (1.5-1.6 min), 90 to 100% B (1.6-2.0 min), 100% B (2.0—

2.5 min), 100 to 20 % B (2.5-2.6 min), and 20% B (2.6-3.5 min), wavelength 220nm.

3.2.3. Colorimetric methods

Further identification of degradation products was performed using Nanocolor photometric test
tube kits using the Nanocolor VIS II spectrophotometer. Nanocolor test kits produced by
Macherey Nagel (Germany) were purchased from Aqua Labs (Poland) for photometric
determination of total Kjeldahl nitrogen (1.0-16mg/L), total nitrogen (0.5-50mg/L), nitrate
NOs-, NH; (0.2 — 8mg/L), C1~(0.5-50mg/L), total organic carbon (20-300mg/L), and chemical
oxygen demand (50-300mg/L). The pH measurements were conducted using an Elemetron-
CX-461 multi-meter (Poland) while dissolved oxygen was measured using a dissolved oxygen

meter from Mettler Toledo (Poland).

3.2.3.1. Tests for Chlorides

Chloride ions quantitatively displace thiocyanate from mercuric thiocyanate leading to the
subsequent formation of a red ferric thiocyanate complex that can be measured
calorimetrically. The chloride ion concentration in the sample is proportional to the intensity

of the color formed.
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2CI" + Hg(SCN), — HeCL + 2SCN- (3.1)

SCN- + Fe* — FeSCN?* (3.2)

Chloride 50 test tubes from Macherey Nagel (Germany) contain nitric acid 5-20 % (test tube
A), and reagent R2 contains mercury (1) thiocyanate 0.32—0.64 % in methanol 50-100 %. 4.0
mL sample solution (the pH value of the sample must be between pH 4 and 13) was added into
test tube A containing nitric acid and thereafter 1.0 mL of reagent R2 was added. Test tube A
was then closed and mixed. The test tube was then wiped externally and measured after 3

minutes (Yoshinaga and Ohta, 1990).

3.2.3.2. Determination of total nitrogen, total Kjeldahl nitrogen, and nitrates

The NANOCOLOR® total Kjeldahl nitrogen TKN 16 is suitable for the photometric

determination of Kjeldahl nitrogen in surface, groundwater, and wastewater.

3.2.3.2.1. Total Nitrogen

Total nitrogen cumulatively represents the total bound nitrogen; organic nitrogen (urea,
peptides, proteins), and inorganic/mineral nitrogen (ammonium/ammonia, nitrate, nitrite)
except for elemental nitrogen (N2). The presence of nitrogen compounds in water bodies is a
result of the degradation or decomposition products of nitrogen-containing organic substances.
Organic and inorganic nitrogen were oxidized to nitrate using potassium persulfate in an
alkaline environment while heated using digestion tubes containing sulfuric acid and sodium
hydroxide on a heating block at 100°C for 1 hour. Thereafter, the digestion tubes were left to
cool, and chromotropic acid was added to the solution. The solution absorption was read at

345nm.
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3.2.3.2.2. Nitrates

According to 1SO 7890-1, all organic and inorganic nitrogen-containing substances are
oxidized to nitrate in an acidic medium. Nitrate reacts with 2,6-dimethylphenol in an acidic
solution (sulfuric/phosphoric) to form 4-nitro-2,6-dimethylphenol which can be determined
photometrically at 345nm and is directly proportional to the nitrate-nitrogen concentration. The
Merck test kit allows the concentration to be determined without the use of a calibration curve
by multiplying the measured absorbance at 340 nm by a known factor. This method is suitable
for the concentration range 0.5 — 25.0 mg/L nitrate-nitrogen (equivalent to 2.2 — 110.7 mg/L
nitrate) in a variety of water types including surface, ground, and drinking waters. This test kit
is not suitable for chloride concentrations exceeding 1000 mg/L, and thus cannot be used to
determine the nitrate-nitrogen concentration in seawater. Any turbid samples must be filtered
before analysis and samples with a chemical oxygen demand (COD) above 500 mg/L cannot

be analyzed.

3.2.3.2.3. Total Kjeldahl Nitrogen (TKN)
The Total Kjeldahl Nitrogen (TKN) is the total organically bound nitrogen and ammonia
nitrogen. In the presence of detectable amounts of nitrate/nitrite, TKN was calculated by

subtracting the nitrate/nitrite nitrogen from total nitrogen.

3.2.3.3. Test for Ammonium ion

Colorimetric and photometric determinations based on the Berthelot reaction were performed.
Ammonium or ammonia reacts with hypochlorite and salicylate in a strongly alkaline solution
(pH = 12.6), in the presence of sodium nitroprusside (sodium (nitrosopentacyanoferrate(I1l))
as a catalyst to form a blue indophenol. In the first reaction step, hypochlorite is generated in

situ from dichloroisocyanuric acid in an alkaline medium.

R-Cl + NaOH — NaOCl + R-H (3.3)
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The hypochlorite reacts with ammonia to form chloramine.

NH3 + NaOCI — NH.CI + NaOH (3.4)

With a catalytic amount of sodium nitroprusside, chloramines react with phenols (here: sodium
salicylate) to form quinonimines. The quinonimine reacts with a further equivalent of sodium

salicylate, resulting in a blue indophenol (Fig. 3-1).

. NaO,C N

NeOL Na,[Fe(CN):NO] %0, e
+ NH/*CI . ) = . L
‘ nitroprusside sodium
HO O

sodium salicylate chloramine quinonimine

N,—ID-C:@
HO

sodium salicylate

NaO,C CO,Na

indophenal (blue)

Fig. 3-1 Reaction scheme for the analysis of ammonium ions

3.2.3.4. Test for Total Organic Carbon

Total organic carbon represents the quantity of organic compounds contained in a sample of
water either dissolved or undissolved. Biological oxygen demand was the method for
wastewater analysis but owing to repeatability and long waiting period (5-day incubation)
issues, chemical oxygen demand was preferred because of its stability to toxic substances,
precision, and reliability even though high chloride concentration interfered with the test.

However, COD produces hazardous mercury, hexavalent chromium, sulfuric acid, silver, and
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other wastes depending on the methods used. Total Organic carbon is a method that substitutes
both COD and BOD and is faster and more precise, especially for wastewaters(Celine et al.,

2017; Dubber and Gray, 2010).

The TOC is the sum of dissolved and undissolved organic carbon compounds. The TC (total
carbon) of a sample consists of the TIC (total inorganic carbon) and the TOC. The TOC content
of wastewater can reliably be determined with the new tube tests through the removal of
inorganic carbon by bubbling a purge gas in an acidic solution according to the non-purgeable
organic Carbon (NPOC) method. The inorganic carbon compounds are known to be unstable
at low pH and react to CO2(Eq. 3.5). The purge gas relieves the CO- from the sample and only

the non-purgable organic compounds remain.

HCO; + H* - €O, + H,0 (3.5)

Sample decomposition was performed in a heating block at 100°C for 1 hour over an indicator
solution. Thereafter, the cuvettes were left to cool and the change in indicator absorption was

measured with a NANOCOLOR Vis spectrophotometer.

3.3.3.5. Test for Chemical Oxygen Demand

The chemical oxygen demand of water is determined by silver-catalyzed oxidation (increase
in the oxidation ability of aliphatic substances) with potassium dichromate / sulfuric acid for
2 hours at 148 °C. The COD covers all oxidizable contents of the sample. In COD testing with
a low measurement range, the decrease in the potassium dichromate concentration is
determined. In COD tests with a higher measurement range, by contrast, the increase in Cr(l11)
ion concentration is determined. Possibly present chloride is precipitated by mercury
sulfate. Thus, it is removed from the unwanted oxidation to elemental chlorine. Silver sulfate

catalyzes to increase the oxidizability of aliphatic substances. Therefore, lower apparent
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findings are avoided. For example, using potassium hydrogen phthalate (KHP) as a reference

substance:
2 KCgHs504 + 10 K2Cr207 + 41 H.SO4 — 16 CO:2 + 46 H20 + 10 Crz(SO0a4)3 + 11 K2SO4 ( 3.6)

Since each molecule of potassium dichromate K2Cr.O7 has the same oxidizing power as

1.5 O2 molecules, the equivalent reaction is:
2 KCgH504 + 15 O2 + HaSO4 — 16 CO:2 + 6 H20 + K2SO4 (3.7)

As described above, two molecules of KHP consume 15 oxygen molecules. Therefore, the
theoretical COD for one milligram KHP is 1.175 milligrams of oxygen O.. Tube tests for the
determination of COD are precise, time-saving, reliable, and rapid tests for all kinds of water
and wastewater samples. COD is not a quantity-based size but an effect parameter (a
requirement). In an acid medium, potassium dichromate forms reactive oxygen species, by the

reaction with hydrogen ions
KoCr,07 + 8 HY — 3 <O>+2 Cr** + 2 K* + 4 H,0 (3.8)

These oxygen compounds can oxidize organic compounds to carbon dioxide. The consumption
of an oxidizing agent is independent of the size of the molecule. The COD content was
photometrically determined from the consumption of potassium dichromate. Depending on the
measurement range, the decrease in concentration of the yellow potassium dichromate or the
increase in concentration of the green chromium (I11) ion is determined. For all tests with a low
measurement range, up to the test NANOCOLOR COD 300 (REF 985033), the former applies.
From the test, NANOCOLOR COD 600 (REF 985030), the increase of the green chromium
(111) is determined. An important process in COD determination was the decomposition carried
out for two hours at 148 °C A faster decomposition at 160 °C for 30 minutes is also possible

but not suitable for all tests.
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3.3. Preparation of catalysts

Melamine was calcined into pure bulk g-C3N4 (Catalyst I) using the calcination method,
melamine powder 20 g was added into a crucible with tin foil, and put into a muffle furnace to
be heated up to 550 °C at a rate of 5 °C/min and held for 4 h and then cooled down in the
furnace, to obtain a yellow bulk sample, and the bulk sample was ground into powder using an
onyx mortar and pestle. Then the mesoporous g-CsNa nanosheets were prepared by chemical
etching method, 3 g of yellow powdered g-CsNa was added into 20 mL of sulfuric acid and
stirred for 12 h to obtain a yellow solution, then 200 mL of deionized water was added into the
reacted solution and ultrasonically dispersed to homogeneity, and then centrifuged at 6000
r/min for 4 min, and the precipitates were washed repeatedly with ultrapure water to weakly
acidic, and then the samples were placed in an oven at 60°C for 8§ h to obtain the white

mesoporous nanosheets, labeled as MCN (Catalyst II).

MIL-Mn(Fe)-NH: catalyst was prepared by a solvothermal method by weighing 0.521 g
of FeCl:-6H:0, 0.1662 g of MnO: and 0.118 g of 2-amino terephthalic acid and dissolving in
10 mL of N, N-dimethylformamide. The solution was then ultrasonicated for 30 min until
sufficiently mixed. The resulting mixed solution was heated at 125 °C for 5 h in a 25 mL high-
pressure reactor. The high-pressure reactor was left to cool naturally to room temperature and
the powdered sample was separated by filtration and then purified by washing three times with
N, N-dimethylformamide, and methanol. the sample was then dried at 100 °C for 24 h under

vacuum conditions to obtain the MIL-Fe(Mn)-NH: sample (Catalyst III).

The g-CsNa/MIL-Mn(Fe)-NH:z (Catalyst IV) and MCN/MIL-Mn(Fe)-NH: (Catalyst V)
composites were prepared by the in situ introduction of the solvothermal method, and the
preparation process was as shown in Fig. 3-2. Firstly, a certain amount of g-CsN+ and MCN
prepared according to the above method was accurately weighed and dispersed in 10 mL of N,
N-dimethylformamide, and the homogeneous suspension was obtained by ultrasonication for
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30 min. 0.1662 g of MnO:, 0.521 g of FeCls-6H-0, and 0.118 g of 2-amino terephthalic acid
was continuously added while ultrasonicating the suspension for 30 min to dissolve completely.
The resulting suspension was heated at 125 °C for 5 h in a high-pressure 25 ml reactor vessel.
The reactor vessel and its contents were left to cool to room temperature then the powdered
samples were filtered and separated. The sample was washed and purified three times using N,
N-dimethylformamide, and methanol before being dried at 100 °C for 24 h under vacuum

resulting in the final composite material.

i i * MnO,
dimethylformamide ' ¢ FeCly'6H,0
— —_— MCN
125°C 5h 80,0 .'0. * CH,NO,
Hydrothermal o 00

Fig. 3-2 Steps in the preparation of g-CsNa catalysts

3.4. Radiation Processing

Particle accelerators are designed to propel charged particles through an electric field. The
electron beam accelerator produces negatively charged electrons and is comprised of the
electron source, accelerating structure, and delivery system. Thermionic emission is the
principle by which the electrons are released from the cathode. The beam density is dependent
on the temperature and cathode material properties. The cathode is usually the most crucial part

of the electron source and its lifespan is defined by the cathode quality. After emission from
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the cathode, the electrons are accelerated toward the anode, which is positively charged, under

the influence of a force (F.) created by the electric field (Zbigniew Zimek, 2018).
Fe =qXx Eq ( 39)

Where q is the charge of the particle charge (electron 1.602 x 107! Cuolombs) and Eq is the
density of the electrical field (V/m = N/C). In electron beam accelerators, three types of electric
field generators are commonly used; high voltage direct current (DC), radio frequency (RF),
and microwave linear accelerators (LINACs). The electron beam power(kW), electron beam
current (mA), applied dose (kGy), and exposure time (s) are important technical features for
the operation of the accelerator and affect the overall electron beam irradiation process. The
energy (in MeV) of accelerated electrons is proportional to the applied voltage (1 MeV = 1.602

x 10713 J). The power, beam current, and electron energy are described by the equation:
P=UxI (3.10)

Where P is power (kW), U is the energy of the electrons (MeV) and I is the beam current (mA).
The beam power and exposure time determine the electron beam dose. Low accelerating
voltage translates to an extended exposure time and/or increasing the beam current to maintain
the efficiency of removal. Increasing the accelerating voltage and the beam current increases
the overall accelerator capital cost which is dependent on power, as this determines the
electricity requirement. The efficiency for converting electrical power into beam power
depends on the accelerator technology but is in the range of 60—-80% (IAEA - International
Atomic Energy Agency and IAEA, 2013). The energy of the applied electrons is the foremost
consideration in an e-beam irradiation installation for both wastewater and sludge treatment as
it affects operations costs, and determines the penetration depth of the electrons. In practice,
the maximum energy that can be used is 10 MeV, as above this, the electron beam can start to

activate the material (Kim et al., 2020; Siwek and Edgecock, 2020).
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3.4.1. Accelerator Set-up

The HF resonance accelerator ILU 6 (1988) at The Institute of Nuclear Chemistry and
Technology, Warsaw Poland was used for the irradiation of the aqueous samples. The technical
parameters of the accelerator were 1.6 MeV, 2Hz, and 50mA. The samples in plastic sleeves
were placed 30cm under the accelerator window (Figure 3.2). The 100mL sleeve bags were
filled with a sample volume of 35mL. The sample thickness is estimated to be 1.5mm. The
accelerator is set to 1.65MeV Energy and a current of 50mA. The dimensions of the setup are

shown in Fig. 3.2. The targeted doses for this experiment are 0.5, 1, 1.5, 2, 3,5, and 7kGy.

Q=2000 e- 1.65MeV

neg st |l

8m ZWKGY

17em

Fig. 3-3 Experimental Set-Up for irradiation of aqueous samples at ILUG6 accelerator

3.4.2. Determination of Dose

Radiation processing requires the determination of applied doses and dose rates in different
media of varying chemical composition and properties (Generalova et al., 1988, 1985).
Absorbed dose rate, absorbed dose, the energy of electrons, type of radiation (B-particles, and
photons), flux density, and fluence are important quantities for radiation characterization.
Radiation-induced reduction of dichromate ions in dilute acid has previously been applied for
high-dose radiation dosimetry (Hoang Hoa Mai and Nguyen Dinh Duong, 1994;

INTERNATIONAL ATOMIC ENERGY AGENCY, 2002). The methods used for the
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preparation, measurement, and calculation of results are essentially as described in ISO/ASTM
51401:2013(E). Commercial low-range dichromate dosimeters are composed of 0.35mM
Ag>Cr207 in 0.1M aqueous perchloric acid calibrated over the range 0.5-5 kGy. High-range
dosimeters contain 2 mM potassium dichromate and 0.5 mM silver dichromate in 0.1 M
aqueous perchloric acid. The 0.0005M potassium dichromate solutions were prepared in dilute
perchloric acid (0.1M). Silver nitrate was added to the dosimeter solution to improve the dose-
response and net absorbance. precision, stability, and independence of response upon dose rate.
Potassium dichromate (0.5mM), silver nitrate (0.25mM), in perchloric acid (0.1M) were used
to perform dosimetry evaluation. The potassium dichromate dosimeter is based on the
reduction of Cr®" (in [Cr207]?) to Cr** in acidified solution. The absorbed dose (Gy) is

calculated using the expression;

AAbsorbance(OD)

D=
peGl

(3.11)

Where;

¢ 1s the extinction coefficient

I is the length of the cuvette (1cm for Jasco UV-Vis/1.4cm for Nanocolor VIS I1)
p is the density of the solution (=1.004 g/cm?® at 25°C)

G is the G value of production of Cr3* 0.382uM

The optical maximum absorption peak for dichromate solutions is 350nm with a lower peak at
440nm dependent on the concentrations of dichromate ions in the solution. The radiation yield,
G-value denotes the number of species of one type changed by the absorption of 100eV
radiation energy. The G-value for the reduction of dichromate ions to chromic ions can be

evaluated as;
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No.of Dichromate ion reduced
—_ = X .
G( Cr207) Radiation E absorbed (eV) 100 ( 3 12)

Radiation energy absorbed in the dosimeter solution is given in D (kGy), and reduced
dichromate concentration is presented in C (mol L™). The number of dichromate ions reduced

per cubic centimeter of the dosimeter solution is

AC XN
1000

(3.13)

Where; N - Avogadro's number = 6.023x103

A radiation dose of D kGy in the dosimeter solution equal to Dx6.242x10'® eV per gram of
dosimeter solution. If the density of the dosimeter solution is p gram per cubic meter, then we

can write the following statement:

Dx6.242x10'8 eV per cm? of dosimeter solution

AC x N X100 _ AC X 9649
Dxpx6242x1018x1000 Dxd

G(—Cr,0,) = (3.14)

If the reduction in dichromate concentration, AC, is determined by spectrophotometry

measurement, then AC can be evaluated from the absorbance

AA = ACE1 (3.15)

AA is the decrease in absorbance of the irradiated solution compared with the unirradiated

_ DA X9649

atlp kGy (3.16)

The irradiation of the dosimeter solution results in a flurry of reaction processes that generate

radiolysis products
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Hydrogen atoms (He) and hydrogen peroxide (H-0-) reduce Cr(VI) to Cr(lll) whereas «OH

radicals (*OH) re-oxidize Cr(111) back to Cr(\V1).

H* + Cr®* - Cr®> + H (3.18)
H202 + Crzog_ - Cl‘zOg + 202 + 20H™ (319)
‘OH + Cr(V) - Cr(VI) + HO™ (3.20)

When radiolytic hydrogen (H-) is allowed to build up in the solution (in case of high dose rate
for example), the reaction converts the oxidizing *OH radical into a reducing hydrogen atom

therefore reducing the radiation yield of Cr(VI), G(-Cr.0y).

‘OH + H, -» H* + H,0 k=3.4xI0"M's?  (3.21)
Silver ion (Ag") is an efficient scavenger of *OH radicals by reaction

‘OH + Ag* - Ag?" + OH- k=1.5xI0""M1st (3.22)

This reaction stabilizes the G(-Cr.07). The presence of Ag* in the solution keeps the dosimeter

solution from severe dose rate effects due to Eq. (2.23).
‘OH + °OH - H,0, k = 6x10° M st (3.23)

Solutions not containing Ag* are not recommended as dosimeters. Silver dichromate can be

obtained from the chemical process
chr207 + 2AgN03 — AgZCr207 + 2KN03 (324)

The G-value of dichromate reduction caused by gamma radiation is around 0.38- 0.397. 0.5mM

Ag,Cr,0, in 0.1 M HCIO was applied to a dose range of 0.5 to 7 kGy and solutions were
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saturated with air by bubbling. 35mL of these solutions were filled into an LDPE sleeve bag

corresponding to the desired dimensions of the experiment.

3.4.3. Radiation chemical yield

The radiation chemical yield (G-value), G-value defined as the number of reactive molecules

per 100 eV absorbed energy was calculated using the following equation

AC X Nu

G(CQ or HCQ) = D x6.241x1016

(3.25)

G is G-value (umol J ),

D is the absorbed dose (Gy),

AC is the pollutant concentration (mol L™") at D,

N,= 6.023x10% is the Avogadro’s number

6.24x10%® the conversion factor from Gy to 100 eV L.

3.7. Mathematical modeling of radiation-induced degradation of CQ and HCQ

CHEMSIMUL is a computer program adapted for the simulation of chemical kinetics by
incorporating complex reactions such as those in radiolytic processes with pulse trains, or
radiolysis from nuclear waste. The reaction system is translated into a series of ordinary
differential equations to be solved by the program. Additionally, it incorporates the principles

of mass and stoichiometric balance to ensure adherence to scientific principles.

The chemistry of water radiolysis and H-O: in aqueous systems is extensively researched and
the rate constants for the reactions are derived. In chapter 2, water radiolysis resulting in the

generation of reactive species was discussed. Reactions of Fe?* with H.O. generate <OH

radicals in Fenton’s oxidation, Reactions of Fe** and Fe3* in aqueous solutions are also
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considered in this kinetic model (Appendix 4). In this kinetic model, *OH radicals produced
bring about the degradation of organics. Additionally, reactions of hydrated electrons and their
influence on the Fenton reaction and the degradation of organic pollutants are also considered.
The degradation of target compounds was simulated in a constant volume batch reactor
observing mass balance. The concentration of species i (Ci) in the solution at any time (t) is

described by the following ordinary differential equation:

ac;
o (3.26)

where ri is the rate of formation of species i per unit volume. Equations derived for each species
are presented as ordinary differential equations and numerically solved in CHEMSIMUL to

describe the change in concentrations of each species with respect to time.

The batch system simulation conditions were performed in a 35 mL volume of water. The
oxygen concentration was 8mg/L as is in natural water and at an initial pH of 7. The
concentration of CQ was adjusted between 25 to 125mg/L during the simulation. Additionally,
pH was varied between 2 and 12 to show the effect of pH on the degradation process. Fenton-
assisted degradation was also simulated under different concentrations of Fe?" and H.O- at

different molar ratios. The results were compared to experimental results.

3.8. Ecotoxicity Analysis

Vertebrate testing is discouraged for the Registration, Evaluation, Authorisation, and
Restriction of Chemical substances (REACH) under the European Union’s regulation.
Alternative non-testing approaches are more preferred and encouraged such as the quantitative
structure-activity relationships (QSARs) (Melnikov et al., 2016). The ECOlogical Structure-
Activity Relationship Model (ECOSAR) is used to analyze ecotoxicity where there is a lack of
data for risk assessment. Quantitative structure-activity relationships (QSARSs) predict the

aquatic toxicity of new industrial chemicals in the absence of test data and ECOSAR offers a
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pragmatic approach to QSARs. The similarity of structure and similarity in measured effect
levels from aquatic toxicity data of chemicals are used to develop QSARs. QSAR models
adhere to the Organisation for Economic Co-operation and Development (OECD) validation
principles i.e. defined end points, unambiguous algorithm, a defined domain of applicability,
appropriate measures of goodness-of-fit, robustness, and predictivity, and a mechanistic
interpretation. QSARSs estimate ecotoxicity by relating the potency of chemicals to the central

nervous system and their lipophilicity.

Ecological Structure Activity Relationships (ECOSAR) estimates acute aquatic toxicity via the
Mayer—Overton relationship for chemicals in which the aquatic toxicity has been previously
measured within a structurally similar class and is trained on a large data set of Ecotoxicity
studies from the ECOTOX database that follow OCSPP guideline. ECOSAR is used by the US
EPA to predict aquatic toxicity of chemicals to fish, aquatic invertebrates (daphnids), and green
algae (Reuschenbach et al., 2008). The database is divided into 111 structural classes and linear
regression models between LCs toxicity estimates and log P were developed for substances in
each class. The algorithms used in the SARS reflect a linear regression relating aquatic toxicity
of chemicals and their octanol-to-water ratio (Kow). When chemicals belong to multiple
chemical classes the most conservative (most toxic) estimate is provided based on the principle
of excess toxicity. The SMILES notation, CAS numbers, and log Kow value are primary inputs
and in the absence of Kow, Kow is calculated with the EPISUITE KOWWIN. The KOWWIN
module evaluates the partitioning of neutral compounds only; thus, the toxicity of organic acids
and bases is estimated based on QSARs for non-ionized molecules of the same class. The
program requires SMILES strings or CAS numbers as inputs to estimate LCso thresholds and
can process multiple substances in batch mode. ECOSAR is designed to perform best on
compounds with log P < 5 and molecular weight < 1000 amu. Chemicals that do not meet the

latter two criteria, or are structurally dissimilar from the domain of every QSAR model within
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ECOSAR, are considered outside the applicability domain (Melnikov et al., 2016). ECOSAR
predictions indicate an 87-90% agreement between predictions and measured data for more
than 2000 different chemicals and with <3% false negatives (Sanderson et al., 2003). ECOSAR

is a free computer program used by

ECOSAR can only evaluate organic chemical substances with discrete structures and is not
recommended for inorganic or organometallic chemicals, polymers, and chemicals with MW
>1,000, mixtures, and nanomaterials. Additionally, the estimated aquatic toxicity is for
screening purposes determining the need for further aquatic toxicity testing, and determining
species sensitivity. However, the estimated values do not replace quantitative environmental
risk assessment. Furthermore, for ECOSAR to work, there is a log Kow cut-off; when the log
Kow 1s < 5.0 for fish and daphnid, or < 6.4 for green algae, ECOSAR provides reliable estimates
for acute effects. However, if the log Kow exceeds those limits, empirical data suggests that the
decreased solubility of these lipophilic chemicals results in “no effects at saturation” during a
48-hour to 96-hour test. Similarly, for chronic exposures, the log Kow cut-off is 8.0 or greater
(indicating a poorly soluble chemical), and “no effects at saturation” are expected in saturated
solutions even with long-term exposures. In addition, for solid chemical substances, it is

important to compare the toxicity estimates with the water solubility (US EPA, 2012).
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CHAPTER FOUR

4. Results and Discussion

The results of the degradation of CQ and HCQ are presented in this section, Different
parameters including the effect of the absorbed dose, selective radical generation, initial
pollutant concentration, initial pH of aqueous solutions, and dissolved oxygen were
investigated. Additionally, the influence of different inorganic ions and additives on radiation-
induced degradation of CQ and HCQ is described. Other parameters significant in the
evaluation of wastewater treatment processes have also been applied to describe the

degradation efficiency of CQ and HCQ under electron beam treatment.

4.1. Radiation dose effects on CQ and HCQ degradation

The reactions of water radiolysis products with a wide variety of compounds are described
using pulse radiolysis. Similar studies suggest that CQ and HCQ are susceptible to attacks by
the *OH radicals and the e.q~ generated during the radiolysis water by ionizing radiation. The
rate constants for the reactions of *OH and e.q~ with quinoline, CQ, HCQ, and amodiaquine are
presented in Table 4.1. The *OH and the e.q play important roles in the degradation of CQ
molecules via addition reactions and dissociative electron attachment according to Eq. (4.1)
and Eq. (4.2) respectively. Reaction rate constants of CQ with *OH and e.q at a pH of 8.5 have

been previously evaluated and are shown in Table 4.1(Bors et al., 1991).
e OH + C18H26N3C1 - C18H26N3C1 OH (41)
€aq T C1gH26N3Cl > CigHy6N; + ClI™ (4.2)

Similarly, the corresponding reactions for these reductive and oxidative reactions with HCQ
are provided in Egs. (4.3) and Eq. (4.4) respectively with corresponding reaction rates in Table

4.1 (Rath et al., 2023).
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C16H27N30C + 54 — CigHp,N30 + CI- (4.3)

C,H,7N30Cl + « OH — C,gH,,N50 + HOCI (4.4)

Table 4.1 Rate constants for the reaction of quinoline and its derivatives with «OH radical and

eaq7
*OH €aq
Compound Structure
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___.-N_\_«.___. e =
Quinoline 1.0 x10% [ ke ot
HN/J\’/\"‘“"N“‘V"”
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- o
o

Ao

Cl M
J\/\/ (\OH
N N s
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=
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Under electron beam (EB) irradiation, both CQ and HCQ concentrations reduced with
increasing absorbed dose according to Fig. 4-1a & Fig. 4-1b, respectively. The degradation of
HCQ was proposed to be preceded by the formation of both [HCQ] cation and [HCQ: OH]
adduct as transient intermediates in the reaction between HCQ and *OH radicals with two

absorptions at 330—340 nm (Rath et al., 2023). The cation was further suggested to decay at a
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slower rate compared to the OH adduct. Similar radical adduct formation have been reported

in the degradation of amodiaquine and acetaminophen (Kovacs et al., 2020).
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Fig. 4-1 UV-Vis spectrum for the degradation of 125mg/L of (A) CQ and (B) HCQ under EB

irradiation at dose between 0.5 kGy and 7 kGy.

Mechanistic studies report that *OH is reactive towards aromatic and heterocyclic compounds
and preferentially adds to the aromatic ring leading to the formation of
hydroxycyclohexadienyl radicals (Nicolaescu et al., 2003). However, there is no specificity on
where *OH addition occurs in the aromatic ring but computation studies show that the addition
of *OH to both benzene and pyridine rings of the quinoline molecule is energetically favorable
(see Appendix 3). Similar mathematical abstractions support *OH addition to the quinoline
rings (Sanches-Neto et al., 2023). Additionally, the alkyl chain of CQ and HCQ is susceptible

to *OH attacks leading to the dealkylation of the aromatic ring.

Gamma radiolytic degradation studies propose *OH radical attacks lead to the dealkylation of
the aromatic part of HCQ by breaking the C-N bond in the aliphatic tertiary amine. The studies
proposed the formation of 7-chloro-4-quinolinamine and 1-(N-ethyIN-hydroxy-
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methylenamino)-4-amino pentane as main byproducts (Zaouak et al., 2022). Subsequently, 4-
Amino-7-hydroxy-benzo pyridine is formed after *OH radical attack onto 7-chloro-4-
quinolinamine that breaks the C—Cl bond and releases chloride ions. Similar mechanisms were
proposed in the gamma radiolytic and ferrate degradation of HCQ (Boujelbane et al., 2022;
Dong et al., 2022) These reactions involving OH addition and dissociative electron attachment
lead to the dealkylation, dechlorination, and subsequent degradation of CQ and HCQ. At o =
0.05, the removal of CQ under EB treatment is significantly higher than for HCQ (See

Appendix 5).

4.2. The degradation of CQ and HCQ under *OH, e,q, He, and aerated conditions

The radiolysis of water under certain conditions promotes the selective generation of reactive
species. The contribution of «OH radicals on the degradation of CQ and HCQ was studied by
irradiation of solutions containing CQ and HCQ saturated with N.O gas at a pH >3. In these
conditions, the e.q~ reacts with N.O to form «OH radical (Eq. (4.5)) therefore increasing the

concentration of «OH radicals in the solutions.

N2O + €3 + H.0 — *OH + OH + N k=9.1x10°Ms' (4.5)

The reactions of He radicals were studied in N2O purged solutions spiked with 0.5M tert-
butanol at pH <2. In these conditions, the *OH and eaq Species are scavenged by tert-butanol
and N-O respectively. Additionally, in acidic pH <2, most of the eaq~ react with H* to form He
radicals (Eq. (4.8)). Radicals formed from the reactions of tert-butanol with «OH and He are

considered inert (Eq. (4.6) & (4.7)).

(CH3)3COH ++OH — 'CHz(CH3)2COH + H.0O k=55x108 M!s! ( 4.6 )
(CH3)3COH +H — OCHz(CH3)2COH + H> k=9.0x10* M!s! ( 4.7 )
eaq7+H*—>H' (48)
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The removal efficiency for CQ (Fig. 4-2a) and HCQ (Fig. 4-3b) was higher in the «OH
conditions than under the esq~ . Reactions with He atoms had higher removal efficiencies than
for eaq~ but lower than reactions involving «OH. The removal of CQ and HCQ under aerated
conditions was studied in solutions bubbled with air (N2-80%, 0.-20%). Conversely, oxygen-

free solutions (O2 < 1 mg/L) were obtained by bubbling Ar gas into the solutions.
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- he
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Fig. 4-2 Removal efficiency of (a) CQ and (b) HCQ under different irradiation conditions

The dissolved oxygen in the water reacts with He (EQ. (4.9)), eaq (EQ. (4.10)), and H*. These
reactions lead to the formation of perhydroxyl radical (HO:") which is a slightly weaker
oxidizing species compared to *OH (Kovacs et al., 2020). The HO-" will react with organic
pollutants and potentially increase the pollutant degradation. The removal of CQ and HCQ was

almost similar in aerated and oxygen-free solutions (Fig. 4-2).

He + 0> — HO>" k=1.9x10°M's" (4.9)

e + 02 — O + H* — HO.' k=12x10°M's" (4.10)

4.3. Effect of Initial Pollutant Concentration on the Removal Efficiency
The initial concentrations of CQ and HCQ were varied to study the effect of the initial
concentration on the degradation efficiency. The removal efficiency decreased with increasing
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concentrations of CQ and HCQ at the same absorbed dose as illustrated in Fig. 4-3a & 4-3d,
respectively. Generally, all CQ and HCQ concentrations had degradation efficiencies between
70 and 80% for radiation doses greater than 2kGy. However, for lower concentrations (25mg/L)
> 99% removal efficiency was achieved for CQ and >90% for HCQ at an applied dose of
~7kGy (Fig. 4-3a & Fig. 4-3d). A similar effect was observed at lower doses. The degradation
of CQ and HCQ was further represented using a pseudo-first-order relationship (Eq.

(4.11))(Chen and Wang, 2021; Rehman et al., 2017).

~mm = kD

Col (4.11)

Where C and €, are the final and initial concentrations of the target compound at a dose D
(kGy) with a rate constant of k. The results of the k values at different pollutant concentrations
at 0.5 kGy for CQ and HCQ are shown in Fig. 4-3b & Fig. 4-3e respectively. The reaction rate
k decreased with increasing concentration of CQ and HCQ in the solutions. Furthermore, the
rate constants k for the degradation of CQ were higher than those for HCQ (Table 4.2). At a =
0.05, the removal efficiency at lower concentrations was significantly higher for both CQ and
HCQ (Appendix 7 & Appendix 8). However, for the concentration of 75 to 100 mg/L of HCQ,

the difference was insignificant (Appendix 8).

Table 4.2 Rate constant k for different concentrations of CQ and HCQ and corresponding R?

values
CQ HCQ
Conc. k(kGy™) R? k (kGy™") R?
75 1.6567  0.9935 1.1287 0.9974
100 1.3603  0.9982 1.0706 0.9887
125 1.1224  0.9891 0.898 0.9443
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Fig. 4-3 Effect of the initial concentration of CQ and HCQ on the removal efficiency
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4.4. Effect of Initial Solution pH on the Removal Efficiency

The solvent pH influences the different radicals generated during the radiolysis of the water.
Under alkaline conditions, ‘OH readily reacts with OH™ to generate O™ (Eq. (4.12)) thereby
reducing the concentration of *OH hence the degradation efficiency. Additionally, the O™ is a
less powerful oxidant and its formation reduces the concentration of *OH. O™ also reacts at a
much slower rate thereby affecting the degradation efficiency (Chu and Wang, 2022; Wang and

Chu, 2016; N. Wang et al., 2016).

"'OH + OH — 0" + H:0 (4.12)

Conversely, in acidic media, the e.q~ reacts with H' to produce H' according to Eq. (4.13). The
H’ radicals are less powerful reductants compared to e.q~ towards most pollutants. However,
according to the reactions in Fig. 4-3 in N2O saturated solutions containing 0.5M tert-butanol

in pH < 2, H" had higher removal efficiency compared to e.q~ for both CQ and HCQ removal.
egqtH - H (4.13)

Under EB irradiation, pH enhances or inhibits the production of reactive oxidizing or reducing
species and affects the degradation process. In this study, the degradation of CQ was observed
to increase with increasing pH. At absorbed doses between 0.5 to 2kGy, the acidic pH of 2 to
neutral pH of 7 had relatively lower removal efficiencies for CQ. This could be attributed to
reactions involving the *OH radical and He radicals formed in acidic conditions (Eq (4.14)) that

reduce the concentration of *OH radicals.
-OH+H — H,0 (4.14)

In alkaline pH, a corresponding increase in CQ removal efficiency was observed (Fig. 4-4a).
According to Eq. (4.1) to Eq. (4.4), reactions with the e, have a higher reaction rate compared

to *OH radical reactions with CQ. More e.q are produced in alkaline conditions according to
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Eq. (4.15) which leads to a higher degradation of CQ. However, at higher production of e.q
(pH>10), recombination reactions occur which reduce degradation as observed in Fig. 4-4a and
4-4b at pH 12. Even though e.q had lower removal efficiency for HCQ compared to *OH, its

removal under different pH was comparatively like CQ.

H + OH™ — ejq + H,0 (4.15)

At low pH, e.q is consumed which would result in lower removal efficiency for CQ and HCQ.
Additionally, *OH radicals are known to have a higher reduction potential (2.72V) at acidic pH
compared to alkaline conditions (1.89V) therefore their role in CQ and HCQ degradation would
be affected at different pH (Dey, 2011). Neutral or acidic media are preferable for the
degradation of HCQ under gamma irradiation (Boujelbane et al., 2022; Zaouak et al., 2022).
From Fig. 4-4b, more than 80% of the initial HCQ concentration was removed at a maximum
dose of 7kGy. However, electrochemical oxidation with boron-doped diamond anodes
achieved about 60% removal efficiencies for HCQ at similar pH ranges (Bensalah et al., 2020).
An acidic pH of 2 favored the decomposition of HCQ but decomposition reduced in alkaline

conditions.

The pH value also affects the reaction pathways by changing the structure and characteristics
of contaminants such as their solubility. Certain compounds retain their molecular form when
the pH is less than their pKa. However, when the pH > pK. the compound loses a proton and
becomes negatively charged. Compounds such as diclofenac are insoluble at low pH values
(around 3), which is a favorable condition for electron beam irradiation (Cuccarese et al.,
2021). Therefore, the optimization of pH may influence the solubility and degradation of some
pollutants (Mirzaei et al., 2017). Acidic pH has been reported to favor electron Fenton
oxidation, sulfate radical AOPs, and Fe (VI) oxidation (K2FeO4) of CQ. The pH of wastewater

is a vital component before and after treatment for the eventual discharge of wastewater.
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The pKa of CQ is 8.76 and it is a weak acid with a tendency to donate electrons. Therefore, at
pH < pKa (between pH 2 and 7), CQ is in its non-ionic form (protonated). CQ is triply charged
at pH 4.7 (Fig. 4-4d) but at pH >7 the divalent form of CQ (CQH2") is dominant alongside
lesser concentrations of the monovalent and neutral CQ (Schroeder et al., 2015). HCQ is
similarly deprotonated at higher pH because of the hydroxyl group (-OH) which has pKa values
in the range of 8.2 to 9.5 (Kamble Arun .D et al., 2011). HCQ is a basic substance, completely
protonated at acidic pH values, as H-HCQ?*. At neutral values of pH, two protonated forms of
HCQ are formed: H.HCQ?*" and HHCQ"(Klouda and Stone, 2020). In alkaline media, the ratio
between the protonated form HHCQ': HCQ is 1 to 6, meaning that the HCQ is mostly
deprotonated. Similar to CQ at different pH, pH influences the molecular properties of HCQ
which has three functional groups with pKa values of <4.0, 8.3, and 9.7. In acidic and neutral
conditions, two of the functional groups exist in protonated forms (Rath et al., 2023; Warhurst
et al., 2003) which facilitate the rupture of C-N bonds by *OH radicals attack and lead to the

release of the branched group (Bensalah et al., 2020).

Other studies have observed faster HCQ degradation at higher pH values. Higher degradation
in alkaline solution (pH 8 to 10) would indicate that deprotonation increases the electron
density on HCQ and favors the electrophilic attack by reactive oxygen species, such as *OH
radicals. This implies that the quinoline ring is more susceptible to the attack of *OH radicals
at pH 9 than at pH 4 (Dabic et al., 2019). Regarding the half-life times (t1/2), the values increase
from a slightly acidic pH to a neutral one and then decrease once again. During gamma
irradiation, the favorable range for pH values was from slightly acidic to neutral (Catrinel Ion
et al., 2022). However, the HCQ elimination percentage as a function of the irradiation dose
was found higher at pH 6.2 and pH 10 than at acidic pH for Experimental conditions:
[HCQJ=100 ppm, dose rate=26.31 Gy min_' gamma irradiation (Zaouak et al., 2022). Kovacs

et al., while studying the degradation of amodiaquine under gamma irradiation observed that
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the rate constants for the triethylamine part of amodiaquine were higher in its deprotonated
state (pH=6.8) compared to the protonated form. Therefore, the latter form had a lower

contribution to the overall degradation (Kovécs et al., 2020).

The increasing concentration of solvated electrons at high pH leads to a decrease in the
concentration of *OH radicals so the redox reaction is extremely rapid. At pH = 6.2, the best
efficiency is obtained since all reactive species are free and are not involved in other reactions.
Gamma radiolysis of 20ppm HCQ at pH of 4, 6.8, and 9 showed an overlap in removal
efficiency in acidic to neutral conditions (Boujelbane et al., 2022). A similar observation is
made for pH between 4 and 7 under EB treatment (Fig. 4-4a & Fig. 4-4b). However, in basic
conditions, the removal efficiency increased with dose. The dose constant k (kGy™) is observed
to decrease with increasing pH for both CQ and HCQ (Fig. 4-4c). However, at pH between 4
and 8 for HCQ there is little difference in the calculated k (kGy™') therefore showing an overlap
in the removal efficiency. A similar overlap between pH 6 and 7 is observed for CQ. Under
electrochemical oxidation, >60% of initial HCQ concentration was eliminated for pH between
2 and 12 like what is reported in this work. However, the efficiency decreased with increasing

pH(Bensalah et al., 2020).
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Fig. 4-5 Changes in pH of the solution with dose during the degradation of 125mg/L CQ
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Photolysis of HCQ is influenced by the pH and its degradation was faster at higher pH with
complete degradation achieved at pH 9 after 40 min and after 22 h at pH 7. At a lower pH 4
complete degradation of HCQ was not obtained even after 52 h of radiation (Dabi¢ et al., 2019).
The pH between 4 to 10 is significant for producing the priority reactive species e,,, He, and
*OH and influences the production of reactive species after electron beam radiolysis. Therefore,
pH can be a tool for increasing the efficiency of electron beam treatment (Siwek and Edgecock,

2020). The changes in pH during the irradiation process are presented in Fig. 4-5.

During the radiolysis of the aqueous solution of CQ and HCQ, the pH was observed to decrease
with increasing dose. For pH between 4 and 8, the pH decreased with increasing applied
radiation dose and stabilized at a pH of about 3.5 (Fig. 4-5a & Fig.4-5b). Similar observations
were made under gamma irradiation of HCQ at pH between 4 and 8 (Boujelbane et al., 2022).
The solution at an initial pH of 2 remained constant throughout the irradiation process.
However, the solutions at initial pH of 10 and 12 dropped to values of 6.5 and 11.5 respectively.
It has been proposed that the decrease in the pH alludes to the formation of acidic or less basic

intermediates during the degradation of CQ and HCQ.

4.5.Effect of inorganic ions, humic acid, and H20: on the removal efficiency of CQ and
HCQ

Raw water contains dissolved O, chloride ions, carbonate, bicarbonate ions, and different
organic molecules (Wojnarovits and Takacs, 2016). Most of the natural constituents of water
are scavengers or enhancers that influence the overall efficiency of EB processing of water
(Capodaglio, 2017). Both organic and inorganic species influence the radiolysis of water and
therefore the application of radiation-induced processes in the removal of wastewater
contaminants (Duarte et al., 2002; Wojnarovits and Takacs, 2016). These constituents include
0., HCO3, CO%~, CI-, NO;, NO3, dissolved organic carbon (DOC), and heavy metal (HM)

ions (Capodaglio, 2019; Dabi¢ et al., 2019; Wang and Chu, 2016). The rate constants of the
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inorganic anions commonly present in the environmental samples with "OH or ey, are in the
same range as those of some persistent organic pollutants (POPs) and pesticides (Trojanowicz,
2020). Humic acids (dissolved organic matter) and nitrate ions act as photosensitizers,
scavengers of radicals, or irradiation filters. Halides, bicarbonate, and iron (I11) can generate or
consume the reactive species. Similarly, these constituents in sewage sludge, wastewater, or
natural water scavenge the reactive chemical species during EB irradiation thereby decreasing
or increasing the overall process efficiency. Siwek and Edgecok (2020) described the actions
of various natural constituents of water in scavenging water radiolysis reactive species (Siwek

and Edgecock, 2020).

Atrazine degradation under gamma-ray irradiation decreased in the presence of | mM of NO3,
NO;,Br, 5,027, HCO3 and CO2~ due to their competition for reactive radicals (Khan et al.,
2015). Similar moieties in addition to fulvic acid have been shown to influence the degradation
of capecitabine under electron beam irradiation (Huo et al., 2020) and indomethacin (IDM) in
aqueous solution where additionally HCO3, SO+*", and humic acid had a deleterious effect on
efficiency (Duan et al., 2022). The presence of antioxidants like ascorbic acid and gallic acid
slows down the degradation of HCQ under gamma radiolysis (Rath et al., 2023). Bicarbonate
(HCO3) scavenges *OH radicals’ and affects the photodegradation rates of HCQ by the
formation of carbonate radicals CO." while also creating alkaline conditions (Dabi¢ et al.,
2019). The effects of some common naturally occurring ions such as CO2~, HCO3, NO3, and
Fe?*, dissolved organic matter in the form of humic acid, and molecules of interest i.e., S, 05‘,

and H20: on the degradation of CQ and HCQ under electron beam irradiation was investigated.

During the radiolysis of water, H20: is produced from reactions of the ‘OH radicals within the
non-homogeneous track (Eq. (4.16)). The H20: reacts with the eg, (Eq. (4.17)), "OH radicals

(Eq. (4.18)), and H" atoms (Eq. (4.19)). It suggested that, at higher initial concentrations of
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H20., the reaction of H.O2 with ‘'OH influences degradation efficiency than that with eg,

(Iwamatsu et al., 2018).

*OH + *OH - H,0, k=9.7x10°Ms?  (4.16)

e;q + H,0, > OH™ + "OH k=1.1 x 10° M st (4.17)
*OH + H,0, > H,0 + HO; k=2.7x10"M7Ist  (4.18)
H' + H,0, - H,0 + "OH k=9x10°Mis?  (4.19)

In wastewater, H.O: is consumed in Fenton-like processes with metal ions present in the
wastewater. Additional *OH radicals generated in the Fenton-like processes propagate the
degradation of organic pollutants present in the water. HO- and Fe*" salts are the primary
Fenton reagents. The effect of the respective Fenton reagents on the removal efficiency of CQ
under electron beam irradiation was evaluated. The removal efficiency for CQ (Fig. 4-7a) and
HCQ (Fig. 4-7b) was observed to slightly decrease with increasing concentrations of both H.O-
and Fe?". In the presence of excess H202, HO3 radical is generated which is a less powerful
oxidant than *OH radical (Eq. (4.18)). Additionally, ferrous salts participating in Fenton-like
processes may compete with the organic pollutants for the reactive water radiolysis products.
Higher Fe?** concentrations also increase the turbidity of water. However, unlike UV processes,
the electron beam can penetrate turbid water. These factors collectively or exclusively affect
the removal efficiency. Similar inhibition by H-O: is reported for atrazine degradation (Khan

etal., 2015).
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Fig. 4-6 Effect of different ions and additives on the EB-initiated degradation of (a) CQ, and

(b) HCQ solution.

Persulfate (S20s?) is applied for in situ chemical oxidation of organic contaminants in water.
Persulfate is converted into reactive sulfate radicals (S0;7) and *OH catalytically by ferrous,
zero-valent iron, manganate, cobalt salts, UV irradiation, electrochemically, base activation,
sonication, or thermal degradation. However, ultraviolet light in subsurface remediation is
impractical, cobalt is a toxic metal, Fe (II) salts are rapidly oxidized to insoluble Fe(III)-oxides
in the presence of persulfate, and thermal activation is energy intensive (H. Liu et al., 2014).
The activation of the persulfate is an integral part of the process (Sonawane et al., 2022).
Electron beam irradiation was used to achieve this conversion. The reaction of the eg,with
S»0s®" in aqueous solutions produces the SO, radicals (Eq. (4.20)). Enhanced degradation
was observed in EB persulfate activation for the treatment of benzotriazole (Roshani and
Karpel Vel Leitner, 2011), and perfluorooctane sulfonate (PFOS) (Kim et al., 2019) as observed
in the present study (Fig. 4-6a & Fig. 4-6b). Other reaction involving SO;~ produce *OH

radicals that would further enhance degradation (Eq. (4.21) & (4.22)).

S,0%™ + ez — SO; +S0%~ k=12x10°M"'s'  (4.20)
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SO, + H,0 - 'OH + H* + S0%~ k=6.5x10"M7*st  (4.21)

SO;” + OH™ — °OH + S0%~ k=6.5x10"M7's™ (4.22)

Dissolved organic carbon (DOC) is the fraction of organic substances that pass through a
0.45um filter and in high concentrations indicates anthropogenic influences. However, DOC
is mostly of natural origin from the decomposition processes of plants or organisms living in
water. Humic substances (fulvic and humic acids) are the dominant DOC fractions in
freshwater and coastal seawater. In photo-irradiation of surface lake water and nitrate-rich
groundwater samples by sunlight, dissolved organic matter (DOM) was observed to be a
possible source and sink of *OH radicals through photoexcitation in the presence of NOs™ and
dissolved iron (Vione et al., 2006). Humic acid (HA) has been found to have synergistic effects
on atrazine degradation (Khan et al., 2015). Similar enhancement is observed for humic acid
(HA) at 0.5mM concentrations in this study for CQ (see Appendix 1 Fig. 5.1d) but not for HCQ
(Fig. 4-6a & Fig. 4-6b). However, with increasing concentrations of HA, degradation of CQ
was inhibited. Similar suppression of the degradation of diclofenac after gamma irradiation at
1 kGy in the presence of 0.1mM of humic acid has been observed (Zhuan and Wang, 2020a).
The decline can be attributed to the increasing turbidity and the energy of the electron beam
being expended in interactions with the HA solutes and reducing the production of *OH

radicals.

Wastewater contains nitrogen-containing compounds that contribute to the presence of nitrate
and nitrite ions. Nitrate ions scavenge eggand are reduced to nitrite ions (NO3 ) that react with
the *OH and promote the addition of NO: to aromatic solutes (Marussi and Vione, 2021; Wu et
al., 2020). The nitrate anion reacts very rapidly with the eg, (Eq. (4.23)) but much more slowly

with the He atom (Eq. (4.24)) but is sufficient to compete with H>O. at reasonable
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concentrations of solute (Hiroki et al., 2002). Therefore, nitrate concentrations above a few

millimolar are sufficient to shield H-O: from reactions with eg, (Eq. (4.11)).
NO3 + e;q —» NO3'~ k=9.7x10°MIst  (4.23)
NO3 + H* - HNO3™ k=1.4x10°MIst  (4.24)

At higher concentrations, the nitrate scavenges the precursor to the ey, thereby influencing
H-0O: formation and the generation of ‘OH diminishes. Experimentally, sodium nitrate or
sodium selenate minimizes the attack of H.O2 by the e;, and He atom. Furthermore, NO;
generated from the reduction of NO3 scavenges both the "OH (k = 4.1x10° M's!) and the €aq
(k = 1.4x10° M!s!) though it’s a less efficient scavenger of the latter compared to NO3
(Chappuis et al., 2023; Yamamoto and Suzuki, 2020). The degradation of CQ and HCQ
declined with increasing nitrate concentration at 2kGy dose (Fig. 4-6a & Fig. 4-6b). Nitrate in
addition to bicarbonate influenced the radiolytic degradation of 2,4-dichlorophenol.
Furthermore, dehalogenation and degradation products were found dependent on the pH,

applied dose, and scavengers present (Drzewicz et al., 1999).

Other reactions of *OH radicals with inorganic salts can generate different inorganic radicals
of lower reactivity and different reduction potentials (Buxton et al., 1988). Bicarbonate
scavenges both the e, (k=1.0x10°M"s 1) and "OH (Eq. (4.26)). Divalent carbonate is a much
stronger scavenger for ‘OH radical radicals than for eg, (Eq. (4.25)). The CO;™ radicals
resulting from these reactions are generally unreactive towards halogenated organic
compounds and therefore don’t promote degradation (Bettoli et al., 1998). The removal
efficiency of CQ and HCQ decreased with increasing CO32~/HCO3 concentration (Fig. 4-6a &
Fig. 4-6b). However, the inhibitory effect of the CO%~ was more pronounced than for HCO3

due to its higher affinity for "OH radicals. In contrast, the removal of HCQ decreased at 0.1mM
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CO3~ then increased with increasing concentration of CO%~ (Fig. 4-6b see also Appendix 2
Fig. 5.2b). In studies on the photodegradation of HCQ, similar enhanced removal was

attributed to the pH effects rather than reactions of CO3~ (Dabi¢ et al., 2019).
CO3™ + "OH > CO3™ + OH~- k=38x10°M st (4.25)
HCO3 + "OH - CO3 + H,0 k=8.5x10° Ms?  (4.26)

4.6. Electron Beam Coupled with Catalytic Oxidation

Electron beam treatment (EB) is versatile, adaptive, and capable of incorporating other
treatment processes to complement it. Pretreatment and posttreatment using EB have been
shown to enhance the biological treatment of refractory organic pollutants (Bojanowska-
Czajka, 2021b, 2021a). Different catalytic methods were used to promote the degradation of

CQ and HCQ under EB treatment of the aqueous solutions.

4.6.1. Electron Beam-Fenton assisted degradation of CQ and HCQ

Fenton (Fe?*/H:20: ), photo-Fenton (Fe?*/H20: /UV/sunlight), and ozonation (Os/UV) processes
are the most widely used AOPs in the treatment of industrial wastewater. However, the harsh
operational conditions (e.g. pH of about 3) of the Fenton process limits its practical application.
Moreover, large amounts of H2O: and Fe (II) (>50-80ppm) are required in the Fenton process,
resulting in the generation of iron-containing sludge, which necessitates further treatment,
removal, and disposal. Similarly, in the ozonation process, the low solubility and low mass
transfer of ozone, and high operation cost, limit its practical application (S. Wang et al., 2022).
However, synergistic effects in the simultaneous applications of two or more AOPs show
improved efficiency in the removal of pollutants. Fenton-like processes were chosen in the
context of this study utilizing the generation of highly reactive *OH radicals from the

decomposition of H20: in the presence of Fe*" (Eq.(4.27)) in addition to the *OH radicals
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generated during water radiolysis. The back reaction (Eq (4.28)) is slower and limits the

number of ferrous ions in the solution.
Fe?™ + H.O. —Fe* + OH™ + OH (4.27)
Fe** + H.0. — Fe?* + HO, + H' (4.28)

As already described under section 4.4.1, the removal efficiency of CQ and HCQ was lower in
solutions containing either H.O: or Fe* compared to the solutions without any additives. The
reduced efficiency was pronounced with increasing concentrations of Fe**. Radiolysis in the
presence of excess H2O: generates the perhydroxyl radical (HO,) which is a weaker oxidant
compared to the *OH radical. Additionally, higher concentrations of Fe?" cause turbidity while
also increasing the scavenging of reactive species and reducing efficiency. Competition
between these additives and the target pollutant for the reactive species impacts the overall
efficiency. The H20: produced during radiolysis of water reacts with e.q~ to form *OH (Eq.
(4.17)). It also participates in Fenton/Fenton-like processes with Fe?" present in the solution.
Other studies using Fe** concentrations of between 0.1 and 0.6 mM indicate enhanced
degradation of 20mg/L solution of sulfamethazine by gamma irradiation at a dose of 1kGy (Y.

Liu et al., 2014).

4.6.1.1. Degradation of CQ and HCQ under Fenton Oxidation

Fenton and Fenton-like processes generate *OH radicals that are non-specific and highly
reactive oxidants. The molar ratios of H.02:Fe** influence the Fenton reaction and degradation
of organic contaminants. Furthermore, Fenton oxidation provides high performance, non-
toxicity, and simplicity with the convenience of operating at room temperature and atmospheric
pressure to achieve the desired oxidation of organics (N. Wang et al., 2016). The Fenton-type
reactions generate reactive *OH radicals (E°=2.80 V) that react with organic pollutants present

in wastewater. The slow back reaction (Eq. (4.28)) gives the *OH time to interact with
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pollutants in wastewater (Mirzaei et al., 2017). Additionally, perhydroxyl radicals (HO) are
produced in excess H:0: but are weaker oxidants (E°=1.65V). The efficiency of Fenton
oxidation in the removal of CQ (Fig. 4-7a) and HCQ (Fig. 4-7¢) from aqueous solution was
determined. The concentrations of H-O: ranged from 0.1 to 2 mM. For each of these H.O:
concentrations, ferrous salt (Fe*) was added such that the concentration of H>O> was between

20 and 0.2 times the concentration of Fe?".

The removal efficiency of CQ and HCQ solution during the Fenton process after 3 hours of
reaction time improved with increasing H-O: concentration for all the molar ratios. The H20-
concentration 2mM achieved the highest overall removal efficiency for all molar ratios of
H20::Fe?**. When H:0: concentration was five times that of Fe** (5x), the highest removal
efficiency for CQ (57%) was observed after 3 hours. However, for HCQ at 2mM H-O:
concentration, the removal efficiency was high even at H.O: concentrations that were double
the Fe** (Fig. 4-7c¢). Fig. 4-7b and 4.7d show the reduction in absorption spectrum for CQ and
HCQ respectively at 343nm. Similar increments in the removal of Rhodamine B dye with
increasing peroxide concentration under Fenton oxidation have been reported (Wang and
Wang, 2022). During the Fenton process, Fe?* is the catalyst, and H202 (H20:) is the oxidant
and dominant source of *OH. Therefore, insufficient H.O. decreases the efficiency due to a

deficiency of *OH generated by H.O> decomposition.

HCQ had a higher removal efficiency (>70%) under the Fenton oxidation at the same Hz0:
concentrations and molar ratios compared with CQ. When the concentration of Fe** was higher
than H202(0.5x and 0.2x), a deleterious effect on the removal efficiency was recorded for both
HCQ and CQ. Similarly, when the peroxide proportion was much higher (10x and 20x%), the

removal efficiency for CQ and HCQ was suppressed.
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Fig. 4-7 Efficiency of Fenton process for (a) CQ and (c) HCQ, (b) Fenton degradation of CQ
at 5x molar ratio with 2mM H:0O:. (d) Fenton degradation of HCQ at 5% molar ratio with 2mM

H20:.

High H:0: concentration leads to the scavenging of the *OH radical by the H20: (Eq. (4.12)).
The resulting perhydroxyl radical is a less powerful oxidant compared to *OH radicals.
Additionally, excess H20: has negative implications on COD, BOD, and microorganisms
present in biological treatment while inadvertently increasing cost. Similarly, when Fe*" are in
higher proportions they scavenge the *OH radicals. The control experiments for H-O- and Fe**

showed no removal of CQ and HCQ even after 3 hours. Having established the efficiency of
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the Fenton process in the removal of CQ and HCQ, the effect of Fenton-assisted electron beam

irradiation on the process was evaluated.

4.6.1.2. Degradation of CQ and HCQ under Fenton-assisted Electron Beam process

The generation of *OH radicals is accelerated by utilizing UV radiation in photo Fenton
processes. Alternatively, the generation of *OH radicals is achieved simultaneously by the
radiolysis of water (Eq. (2.1)) and the H202 decomposition in the Fenton process (Eq. (4.27))
using Fenton-assisted EB (EB-F) treatment. Additionally, the e, generated in the radiolysis of
water provides a synergistic route for increasing the rate of conversion of Fe*" to Fe?" (Eq.
(4.28)) which is the main catalyst in the Fenton process. Results of the Fenton process showed
that 2mM H:0: at five times the Fe** concentration (5%), gave the highest degradation
efficiency of 56% and 75% for CQ and HCQ respectively, after 3 hours. Similar concentrations
and molar ratios of Fenton reagents were applied in evaluating the Fenton-assisted electron

beam treatment of CQ and HCQ (Fig. 4-8).

Contrary to the Fenton oxidation (Fig. 4-7), the highest removal efficiency; 90% for 94% for
CQ and HCQ respectively, was attained when the hydrogen peroxide concentration was 20
times that of Fe*" (20x) in the EB-F process at 1mM and 2mM H:0: concentrations,
respectively (Fig. 4-8). Additionally, 0.5mM and 2mM H:0: concentrations gave 85 %
removal efficiency for CQ while 0.5mM and ImM H:0O: concentration attained 80% and 85%

HCQ removal, respectively.
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Fig. 4-8 EB-F degradation of (A) 125mg/L CQ and (B) 125mg/L HCQ solution. Results are
presented for the different concentrations of H.O. with different H.O2:Fe** molar ratios at

2kGy.

Higher CQ removal was achieved at a lower H202 concentration at 20x molar ratio compared
to HCQ. Furthermore, for all concentrations of excess H20., there was an increased
improvement in removal efficiency at all molar ratios compared to the EB process. The
suppression of removal efficiency observed at excess H2O. molar ratios in Fenton oxidation
was not observed. However, this suppression was still observed at high concentrations of Fe?*.
The CQ removal efficiencies under EB-F were higher compared to HCQ at corresponding
molar ratios and concentrations of Fenton reagents (Fig. 4-9). At a = 0.05, the removal
efficiencies for CQ and HCQ under EB-F were significantly higher compared to EB (Appendix

5).
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Fig. 4-9 Chromatograms for the degradation of CQ and HCQ under EB irradiation and under
EB- Fenton process (a) Degradation of CQ under EB treatment (b) Degradation of CQ under
EB-F. (¢) Degradation of HCQ under EB (d) Degradation of HCQ under EB-F. H20.=2mM,

Fe**=0.ImM.

The initial concentration of CQ was reduced by 82+1% and 71+1% under EB-F and EB
irradiation respectively at an applied dose of = 2kGy. This shows a =10% improvement in the
removal of CQ under the EB-F process compared to EB treatment. Similarly, under EB and

EB-F processes, HCQ had 68+2% and 78+4% removal efficiency respectively with = 10 %
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improvement at 2 kGy absorbed dose (Fig. 4-10a). Fig. 4-10b shows the decreasing G-Value
with increasing dose for 125mg/L of CQ and HCQ under EB and EB-F. Therefore, the EB-F
process improves the removal efficiency of CQ and HCQ. It is observed that CQ has a higher
removal efficiency under EB irradiation and EB-F processes compared to HCQ. This could be
attributed to the variation in structural properties. Furthermore, CQ has comparatively higher
reaction rate constants with *OH and e.q~ compared to HCQ. Additionally, the contribution of

the e.q~ to HCQ degradation is lower due to its lower reaction rate with e.q~ compared to CQ

(Table 4.1).
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Fig. 4-10 (A) The removal efficiency for 125mg/L CQ and HCQ under EB irradiation and EB-

Fenton assisted process (B) Calculated G- values for CQ and HCQ under EB, and EB-F

Homogeneous Fenton reactions are limited by the high Fe™" concentration (50-80 ppm) needed
for the effective removal of contaminants. The limit for Fe?*" for water treatment effluent is
2ppm. Considering that higher concentrations of both Fe* and H>O. were used in these
experiments, it’s probable that similarly high concentrations would be in the final solutions
after treatment (Mirzaei et al., 2017; N. Wang et al., 2016). The unconverted H-O2 must be

eliminated before discharging the final effluent due to potential toxicity in biotreatment in
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addition to reducing COD removal efficiency. From the results of the Fenton oxidation and
EB-F process, the H.O2:Fe?" molar ratio is an important factor and in practical wastewater
treatment, depends upon the water matrix to be oxidized. Experimentally, it was observed that
removal efficiency was lowered at H202:Fe?" molar ratios higher than 10x in Fenton oxidation
due to the scavenging of *OH radicals (Eq. (4.30)). The excess H20: concentration leads to the
production of a less powerful oxidant HO;. However, this scavenging is minimal in the EB-F
process probably due to the reaction of the continuously reconstituted Fe** (Eq. (4.29)) with

the excess peroxide.

Fe*" + eyq — Fe* (4.29)

‘OH + Fe?' — Fe3" + OH™ (4.30)

Higher than optimal concentrations of Fe*" limit degradation by acting as a scavenger (Eq.
(4.31)) and additionally causing turbidity. The removal of HCQ under the EB-F process was
higher compared to EB at doses between 0.5 and 2kGy. The self-quenching of reactive species,
such as *OH radicals and e.q, decreased due to the reaction between e.q and H2O: (Eq. (4.31)).
The ey reacts with H.O> (~10"°M's™!) to produce *OH radicals which increase the

concentration of *OH radicals.

e;q + H.0> — «OH + OH™ (431 )

An advantage of EB processes is the capability to penetrate turbid solutions which is not
possible in UV-based processes. However, turbidity also increases competition for the reactive
species. Higher concentrations of solid catalysts provide higher surface area and active sites
but inadvertently increase the concentration of dissolved iron in the solution. The Heterogenous

Fenton process is believed to circumvent issues related to ferric sludge generated in Fenton

105



processes as well as broaden the limited operational pH range of the Fenton process (Mirzaei

etal., 2017).

4.6.2. Electron Beam coupled with g-CsN. catalyst

Photocatalysts operational in the visible-light spectrum are deemed environmentally friendly
and effective in the degradation of persistent organic pollutants. By utilizing the abundant solar
energy, they convert organic pollutants into biodegradable compounds, CO:, H-O, and
inorganic ions. However, the applications of photocatalysis are fraught with challenges such as
their low solar energy conversion efficiency, instability in an aqueous environment,
agglomeration, and photo corrosion. 1D/2D MnWOs nanorods anchored on g-CsN4 nanosheets
(MnWO4@g-C3N4) are better than MnWOs; or g-C3Ns nanosheets in photocatalytic
degradation of ofloxacin under visible light irradiation with first-order kinetics 4.8 and 3.5
times higher than that of pure MnWO4 or g-C3Ng, respectively (S. et al., 2019). Metal-organic
frameworks (MOFs) can serve as light-sensitive semiconductors under solar illumination, are
porous with infinite three-dimensional networks, stable crystalline structures, high pore
volume, and large specific surface area, which are promising in overcoming the shortfalls of
conventional photocatalysts including poor adsorption performance (Cao et al., 2020).
Materials of Institute Lavoisier (MILs) are some of the most popular MOFs due to their high
stability, permanent porosity, and extremely large specific surface area ideal for water treatment
adsorbents (Zhang et al., 2022). These properties make them ideal in photocatalytic
applications. MIL-68(In)-NH> possesses excellent visible-light response with high
photocatalytic activity. However, its visible-light absorption edges and separation efficiency of
photogenerated electrons and holes limit its application in the photocatalytic degradation of
persistent organic pollutants. Heterojunction systems seek to circumvent these challenges by

incorporating semiconductors with well-matched band structures within the MOFs.
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Graphitic carbon nitride (g-C3N3) is an n-type semiconductor photocatalyst with a band gap of
about 2.7 eV, non-toxic, thermally stable, chemically stable due to the strong C-N covalent
bonds, low cost, with a relatively simple preparation process. Graphite carbon nitride (g-C3N4)
has applications in photocatalytic reactions though it is limited by poor photoexcited charge
separation, limited range of visible light absorption, and low surface areas (Luo et al., 2023).
The g-CsN4 provides a convenient route for the synthesis of metal-free semiconductor-based
catalysts (Biswas and Pal, 2023). Several methods including the construction of
heterojunctions enhance its photocatalytic activity by reducing electron-hole pair
recombination, small surface area, and low reusability that limits its applications. MOFs with
g-CsN4 are promising in the development of efficient heterojunction photocatalysts for
wastewater treatment. Doping g-CsN. is considered an excellent way to improve photocatalytic
activity. Magnetic CuFe.04/g-CsNa (CFO/g) photocatalyst demonstrated excellent photo-
Fenton performance in the degradation of tetracycline with minimal loss in efficiency (8%)
after ten cycles showing excellent stability. The CFO/g heterojunction enhanced the separation
of photogenerated electron-hole pairs and visible light absorption range while its magnetic
properties made it more easily recycled than traditional catalysts (Sun et al., 2022). Magnetic
g-C3Ny/Fe-MCM-48 prepared by uniformly doping the MCM-48 framework with Fe atoms,
and then wrapping it with g-CsNa nanosheet showed a synergistic effect, activity (100% in 11
min), and stability in photocatalytic ozonation of azithromycin (AZY) (Ling et al., 2023). In
the present study, 4 catalysts were prepared based on the methods outlined in chapter 3.3. The
CQ and HCQ solutions containing the catalysts were then irradiated under the electron beam
at different doses between 0.5 and 4kGy. The results for EB combined with catalyst I-IV are
presented in Fig. 4-11. Four types of catalysts were investigated namely, MCN (II), MIL-
Mn(Fe)-NH: (IIT), g-CsN+/MIL-Mn(Fe)-NH: (IV), and MCN/MIL-Mn(Fe)-NH: (V). Catalyst

IT and IV gave results that were comparable to EB without catalyst
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Fig. 4-11 Electron beam coupled with catalytic degradation of (a) CQ and (b) HCQ at catalyst
loading of 0.2g/L. Cat 1I-MCN, Cat Il1I-MIL-Fe(Mn)-NH, Cat 1V-g-CsN+/MIL-Mn(Fe)-NHz,

Cat V-MCN/MIL-Mn(Fe)-NH.

4.6.3. Electron Beam coupled with TiO: catalyst

Semiconductors such as TiO- utilize light energy by absorbing photon energy. When the photon
energy exceeds its bandgap, an excited electron (e") is transferred from the valance band to the
conduction band thereby creating a hole (h*). The electron-hole pair has a high activity state
acting as a reductant and oxidant. The holes can either react directly with organic molecules or
form *OH radicals that subsequently oxidize organic molecules. TiO: is an inexpensive, safe,
strong oxidant, and chemically stable catalyst popular in the photocatalytic degradation of
organic pollutants. TiO2 has an amphoteric property, and its surface charge is directly dependent
on its pH. Its point of zero charge is about pH 6.7. Therefore, its surface charge in alkaline
conditions (pH >6.7) is negative and has a positive charge for acidic situations (pH < 6.7). the
ionic nature of the antibiotic causes an electrostatic interaction between the catalyst and
pollutant. The degradation of the pollutants decreased by increasing the TiO: concentration. the
accumulation of catalysts in the solutions and prevention of light penetration leads to a decrease

in the degradation of pollutants (Hajiani et al., 2022). titanium dioxide (TiO:) containing
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materials have been favored because of their anticipated combination of unique electronic
structure, impressive light absorption properties, prolonged excited-state lifetimes, and

enhanced charge transport features (Paumo et al., 2021).

Photocatalytic degradation mainly occurs on the surface of TiO: therefore prevalent limitations
in the transfer of electron and hole pairs inhibit TiO- photocatalytic efficiency. Additionally,
the recombination of electrons and hole charge carriers leads to the suppression of
photocatalytic activity. Furthermore, TiO: photocatalysts may have a poor affinity towards
organic pollutants (i.e. Hydrophobic organic pollutants) causing low adsorption and slow
degradation. The instability of the nanosized particle has also been linked to the aggregation of
TiO: nanoparticles which may prevent the active centers from receiving the light radiation and
consequently hamper photocatalytic activities of TiO.. Higher scattering conditions of
particles, inefficient recovery of the nanosized TiO: particles from the treated water, and High
band energy of initial TiO: photocatalysts also affect applications (Cao et al., 2020). Electron
beams have conventionally been used to modify the surfaces of TiO: to improve their optical
properties (Li et al., 2023; Seo et al., 2012). In this study, electron beam irradiation was

performed in the presence of TiOx.

Under EB/TiO-, the degradation of CQ was observed to have no substantial change compared
to samples that were only degraded under EB at TiO: concentration of 0.1mg/L (Fig. 4-12a).
However, with increasing the concentration of TiO- the removal efficiency was observed to
decrease. A similar observation was made for HCQ with increasing concentration of TiO..
However, for HCQ removal, TiO: of 0.15mg/L gave the highest removal efficiency. The order

of removal was 0.15mg/L>0.1 mg/L >0.2 mg/L >0.25 mg/L >EB (Fig. 4-12b).

109



90% - 100%

80% | ° _——a 90% | b
£70% - _/;{,,n =V | g 80%7
Z60% - /‘/ e = 194
@ b1 -
E50% - E' —4-0mg/L g 60% s
= o S = 50% - , -4-0mg/L
%‘4 ° ' Amg/ 240% . W/ 4-0.1mg/L
30% - 0.15mg/L |
5 6 > /g( £ 30% - / 0.15mg/L
. .Zm [
20% - / s g : % 20% | 0.2mg/L
Y/ .25m
10% -/ 8/ 10% -/ ®-0.25mg/L
0% ‘ T T T 1 o% ﬂ T T T 1
0 1 2 3 4 0 1 2 3 4
Dose (kGy) Dose (kGy)

Fig. 4-12 Degradation of (a) CQ and (b) HCQ under electron beam irradiation with varying

concentrations of TiO: as a catalyst

Increasing concentrations of TiO. caused visible turbidity. 1 mmol L' 4-chlorophenol
solutions showed a decrease in absorption peak at 198nm with increasing TiO: contents from
0to 0.5 gL' At a dose of 12kGy, a marked decrease was observed in the concentration of 4
Chlorophenol in solutions containing TiO: catalysts. Increasing the concentrations of TiO2 from
0.5to 5 g L ™! led to further reduction in the absorption peak at 198nm showing that TiO had a

positive effect on degradation (Yang et al., 2007).

4.7. Degradation monitoring

The results for the degradation byproducts are based on the degradation of 125mg/L of CQ and
HCQ solutions under EB and EB-F processes. The aqueous solutions were irradiated at
absorbed doses between 0.5 and 7kGy. Additionally, parameters used in wastewater treatment
such as TOC, COD, and nitrogen content were used to evaluate the effectiveness of CQ and
HCQ treatment under EB and EB-F processes. The degradation byproducts discussed in this
section are based on the degradation of 125mg/L of CQ & HCQ under EB and EB-F irradiation

at neutral pH.
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4.7.1. Change in solution pH

During the radiolysis of the CQ and HCQ solutions, the pH was observed to reduce from 6.5
before irradiation to 3.2 at 7kGy as shown in Fig. 4-13a. A similar decrease in pH has been
observed in the degradation of ciprofloxacin where pH decreased from 7. to 4 at 5.0 kGy,
consistent with the formation of lower molecular weight organic acids and dissolved ions
resulting from EB treatment (Kiyoshi Tominaga et al., 2023; Mirzaei et al., 2017). Similar
changes in pH during the degradation of diuron by gamma radiolysis, CQ, and HCQ by gamma
and electro-Fenton oxidation have been attributed to the formation of lower molecular-weight
carboxylic acids, ions, ketones, and aldehydes (Bensalah et al., 2020; Kovacs et al., 2015;

Midassi et al., 2020; Tominaga et al., 2018a).
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Fig. 4-13 (a) Changes in pH during EB irradiation of 125mg/L. CQ and HCQ. (b) Generation
of organic acids during degradation of 125mg/LL CQ and HCQ under EB and EB-F (EBF)

Processes

At the lower pH degradation of CQ and HCQ was diminished according to Fig. 4-1 and Fig. 4-
2. Additionally, degradation byproducts may compete for the reactive radiolysis species and

therefore cause a reduction in the removal efficiency of CQ and HCQ. The reduction in pH in
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the degradation of CQ and HCQ was attributed to the formation of organic acids whose

concentration increased with increasing irradiation dose (Fig. 4-13b). The initial pH for

solutions containing Fenton reagents was also recorded with increasing irradiation dose. The

pH of solutions containing H-O: or ferrous salt dropped with increasing concentrations of either

additive before irradiation (Fig. 4-14A, B, C, D).

iA t—0mM
\ 5 0.1mM
2 l\‘\ —&- 0.5mM
\\
« 1mM
o4 _Z\k\ _ & -2mM
B W i ts LR
3 |
2 : T T T
0 1 2 4 5
Dose(kGy)
6
: c ——0mM
| = 0.1mM
: ‘}‘\ —+ 0.5mM
&\ 1mM
. S E
b ‘\ -o-2mM
3
2 : J T T T T T
0 1 2 3 4 5
Dose(kGy)

6
‘B —0mM
| = 0.1mM
\v
> F\ . 0.2mM
E —-—0.4mM
L B
54 -‘\N* —&—1mM
N~ e le—e
o —
3 1
2 T T T T T T
0 1 2 3 4 5 6 7
Dose(kGy)
6
‘D —+—0mM
b
% 2 0.1mM
2 ) 0.2mM
.\\ .2m
: ‘\ —-—0.4mM
54 + N ——1mM
u'\\;'\*f—-f.n.,ﬁmﬁ‘
i e i ity e
=
2 T T 1 1 1 T

O 1 2 3 4 5 6 7
Dose(kGy)

Fig. 4-14 Changes in pH during the electron beam-initiated degradation of CQ and HCQ

solution (A) & (C) at different initial H>O. concentrations for CQ and HCQ respectively (B) &

(D) at different initial concentrations of Fe** for CQ and HCQ respectively
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For the H2O: concentrations, the pH was slightly acidic between 5 to 6 (Fig. 4-14A) and
progressively decreased with dose to pH 3.5 at 7kGy with about 80% removal efficiency for
125mg/L of CQ solution. Similar observations were made for HCQ solutions with different
H20: concentrations (Fig. 4-14C). Alternatively, irradiation with the addition of Fe?*" was
performed under acidic conditions between a pH of 3.5 to 4.5. The pH was observed to decrease
with increasing concentration of Fe?* (FeSOs) in the degradation of CQ (Fig. 4-14B) as well as
in the degradation of HCQ (Fig. 4-14D). It is characteristic for the Fenton process to occur

under acidic conditions owing to the Fenton reagents (Jung et al., 2009).

The important parameters pH, H-O2 dosage, catalyst dosage, and temperature affect Fenton and
Fenton-like processes. The heterogeneous Fenton-like processes are found more effective at a
pH of 3. However, neutral conditions (even alkaline conditions) could still achieve better
treatment efficiency. These observations are mainly due to the different solubilities of a metal
ion (such as the Fe ion) on the surface of a catalyst and the different activities of active sites on
the catalyst surface. Conversely, there exists an optimum pH from 2.5 to 3.0 for the degradation
of most organic compounds under homogeneous Fenton-like processes. At pH <2.5, the
scavenging effect of the *OH radicals by H" (Eq (4.32)) becomes stronger (N. Wang et al.,
2016; Wang and Wang, 2022) whereas at pH > 3.0 the hydrolysis and precipitation of Fe** in

the solution can reduce the catalytic capacity (Mirzaei et al., 2017).
*OH+H"+e — H20 (4.32)

Generally, the pH influences the performance of the homogeneous Fenton reactions. A pH of
around 2 to 3 is considered optimal for Fenton reactions while at values over 5, poorly soluble
ferrous hydroxide is formed (Eq. (4.33)) and its precipitation consumes ferrous ions, inhibits
the Fenton reaction, and reduces the penetration of radiation by increasing turbidity (Wang and

Wang, 2022).

113



Fe?* + 20H™ — Fe(OH), (4.33)

Additionally, the oxidation potential of ‘OH changes at different pH values (E®=2.8 V at pH 0
and E®=1.59 V at pH 14). At pH > 4, the low rate of H.0> decomposition leads to a decrease
in the production of ‘OH, and H:0: is preferentially decomposed into H-O and O.. In basic
media (Eq. (4.34) & (4.35)), H20: is decomposed to oxygen without generating *OH radicals

(Jung et al., 2009).
OH™ + H,0, — H,0 + HO; (4.34)
HO; + H,0, — 0, + H,0 + OH™ (4.35)

Similarly, strongly acidic media reduce the formation of *OH radicals by forming complexes
that react slowly with H20. thus generating lower amounts of *OH radicals. Additionally, the

abundant H' can scavenge the *OH radical (Eq. (4.36)).
‘OH+ H*+ e~ — H,0 (4.36)

At strongly acidic media (pH about 1), H2O2> molecules cannot be decomposed to produce “‘OH
radicals because, under these conditions, H.O- will solvate an H" to form an oxonium ion which

is electrophilic and has reduced reactivity with ferrous ions.

4.7.2. CI generation

Elevated chloride levels in water are associated with oil and gas drilling, saltwater intrusion,
landfill leachate, fertilizers, septic system effluent, road salt storage, salt mining, deicing
agents, and saline/brine water deposits. High chloride levels attack and weaken metallic piping
and fixtures and promote corrosion. It also inhibits the growth of vegetation, alters the aesthetic
taste of water, and corrodes household appliances and boilers. Fresh water contains < 500 mg\L
of dissolved salts and saline water 3-5% of dissolved salts. Generally, chloride is not considered

a health risk at low concentrations but at high levels, it can cause hyperchloremia in the human
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bloodstream and an off-taste in water at concentrations between 200-300mg/L. Chloride is
regulated in drinking water because of the aesthetic, cosmetic, and technical effects it has on
the body, plumbing, and appliances. Drinking water standard is at 250mg/L and water is

considered undrinkable at >1000mg/L.

During the radiolysis of organic compounds with good leaving groups such as halogenated
compounds, dissociative electron attachment as shown in Eq. (4.2) & Eq. (4.3) is the most
preferred reaction process of the hydrated electron (McAllister et al., 2019; Wang et al., 2017).
This is due to the high electron affinity of halogens (Wu et al., 2009). The CI” ions present in
CQ and HCQ were released with increasing applied radiation doses (Fig. 4-15A).
Dechlorination was higher in *OH conditions compared to eaq~ for both CQ and HCQ (Fig, 4-
15B). The chlorine group is presumed to be responsible for the toxicity of organic compounds.
Therefore, de-chlorination implies a decrease in the toxicity of the aqueous solution (Makarov

and Ponomarev, 2018). At a = 0.05, the CI release was faster under EB-F compared to the EB

process (Appendix 9).
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Fig. 4-15 (A) Release of Cl~ with increasing dose during radiolysis of 125mg/L of CQ and
HCAQ solution under the EB and EB-F processes. (B) Release of CI- under conditions promoting

*OH generation (presence of N20) or eaq~ generation (presence of 0.5M tBuOH)
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Similar dechlorination has been reported while using gamma radiation (Zaouak et al., 2022).
The evaluated rate constants for this reaction have been provided in Table 4.1. In the
degradation of diuron, chloride release occurred both under ‘OH radical reactions and eaq-
reactions. In agreement with reactions of the ‘OH radicals, addition to the aromatic ring is
expected. Studies of diuron and diclofenac proposed that the addition of OH to the carbon atom

bearing the CI atom would lead to the release of HCI (Kovacs et al., 2015).

Chloride release is an important indicator for the degradation of chlorinated molecules and
facilitates the understanding of the attack of reactive radicals on special sites of the molecule
studied (Kovécs et al., 2015). A similar release is observed in the degradation of CQ and its
variant HCQ under electron Fenton oxidation (Bensalah et al., 2020; Midassi et al., 2020), as
well as in diuron degradation, p-chlorophenol p-CP, and tetrachloroethylene (TCE) under
irradiation with increasing dose (Bettoli et al., 1998). Most polychlorinated cyclic compounds
are stable, lipophilic, and tend to bioaccumulate in the environment with slow degradation.
Chlorinated compounds i.e., pesticides, biphenyls, dibenzodioxins, and dibenzofurans are
genotoxic (mutagenic and carcinogenic) and therefore pose a risk to living organisms

(Henschler, 1994; Jayaraj et al., 2016).

4.7.3. Nitrogen

Nitrogen is the highest-supplied nutrient in plants found in fertilizers and naturally in decaying
plants and animal residues. Bacteria in soil convert various forms of nitrogen into nitrate that
is absorbed by plants. Nitrate is highly leachable and can move through the soil profile during
rainfall or irrigation and reach groundwater. Nitrogen-containing organic wastewater poses a
challenge in wastewater treatment. The nitrogen atom incorporated in the cyclic ring of
quinoline increases hydrophilicity, good solubility, and low biodegradation (Babi¢ et al., 2017;

Dabi¢ et al., 2019). Nitrate is essential to maintain agricultural productivity. However, leaching
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of excess nitrate from agricultural land into freshwater can cause significant issues such as
eutrophication. Eutrophication causes an increase in plant and algal growth, which decreases
the dissolved oxygen in the water, often leaving the water uninhabitable to organisms. Organic
nitrogen decomposes into ammonia, and then it is oxidized to nitrite and finally into nitrate.
Nitrate and nitrite water could be from sewage disposal, fertilizer, livestock facilities, or
naturally occurring nitrogen sources (Mook et al., 2012). The primary health risk in humans
occurs when nitrate is converted into nitrite in the digestive system. Nitrite oxidizes
hemoglobin in the red blood cells and forms methemoglobin that lacks the oxygen-carrying
ability of hemoglobin thereby creating a condition known as methemoglobinemia (blue baby
syndrome) prevalent in infants who don’t have sufficient enzyme systems to convert the

methemoglobin back to oxyhemoglobin.

The generation of NOs~ and NO:™ in the aqueous phase in the presence of ionizing radiation is
normal when dealing with nitrogen-containing compounds (Dey, 2011). The oxidative
degradation of nitrogen-containing compounds releases nitrate, nitrite, and ammonium ions
(Maletzky and Bauer, 1998; Rayaroth et al., 2022). The ammonium, organic nitrogen, nitrate,
and nitrite concentrations are the most relevant for the determination of nitrogen in water and
wastewater. The total Kjeldahl nitrogen (TKN) was reduced with increasing irradiation dose
both under EB and EB-F processing of CQ and HCQ (Fig. 4-16a). The formation of inorganic
NOs~ (Fig. 4-16b) and NH4" (Fig. 4-16c) increased with increasing applied irradiation doses
alluding to the nitrification process. About 75% nitrification was achieved during the EB and
EB-processing of 125 mg/L solution of CQ and HCQ. The formation of NOs~ was higher under
EB-F processing compared to EB for both CQ and HCQ. Additionally, the decrease in TKN
and the formation of NOs~ was higher in HCQ solutions compared to CQ solutions under both

treatment processes. There was a very marked difference in the formation of NHa4" under the
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EB and EB-F processes. At o = 0.05 (Appendix 9), EB-F processes had a significantly higher

formation of NH4" (Fig. 4-16c¢).
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Fig. 4-16 (a) Reduction in Total Kjeldahl nitrogen (b) Formation of NOs™ and (c) Generation
of NHf in the degradation of 125mg/L of CQ and HCQ solutions under electron beam and

electron beam Fenton irradiation

Inorganic nitrogen is predominantly present at the end of the water treatment process compared
to freshly polluted water where nitrogen exists as organic nitrogen and ammonia (TKN + NH3).
Therefore, completely nitrified water has little or no organic nitrogen. However, secondary

reactions of mineralized nitrogen species (nitrate and nitrite ions) with the parent or
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intermediate compound generate nitrogenous disinfection by-products that are also a concern

(Rayaroth et al., 2022).

The formation of NOs~ and NO:™ leads to competition for the e.q~ and *OH radicals leading to
the reduced removal efficiency, and nitrification of CQ and HCQ with increasing applied

irradiation dose. At higher NOs™ concentrations, more eg, are scavenged which impinges the

production of H2O: hence *OH production. In addition, NO; is also produced by the reduction
of NOs™ and scavenges available *OH radicals. As was shown in Figures 4-6a & Figures 4-6b,
the presence of NOs~ substantially affects the removal efficiency of CQ and HCQ respectively.
This can account for the reduction in removal efficiency of CQ and HCQ with increasing

applied irradiation dose.

4.7.4. Changes in Oxygen demand

Dissolved oxygen (DO) reflects the amount of oxygen dissolved in water and is available to
living aquatic organisms. The decay of organic matter consumes the dissolved oxygen and the
presence of excess organic material, BOD, or COD in lakes and rivers causes eutrophication
(oxygen deficiency). A large amount of DO is consumed by aerobic microorganisms to
decompose the organic matter. The DO is affected by the water temperature, salt concentration,
and atmospheric pressure, and the saturation level decreases with increases in water
temperature. During the radiolysis processing of wastewater, the dissolved oxygen reacts with
*OH and He radicals formed as previously explained in irradiation of aerated solutions. This
may significantly reduce O: concentrations while also increasing the removal of organic
pollutants via reactions of the resulting HO:'. From the EB processing of CQ and HCQ
solutions, the dissolved O: varied from 5.5mg/L before irradiation to 4.7mg/L at 7kGy as shown

in Fig. 4-17. Similar slight reductions in the dissolved oxygen were made during the EB-F
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assisted radiolysis of 125mg/L solutions of CQ and HCQ at 2mM H:0O: concentrations and

molar ratios of 20%, 5x, 1%, and 0.2% times the Fe?" concentration.
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Fig. 4-17 Changes in dissolved O: concentration during EB and EB-F irradiation of 125mg/L

(A) CQ and (B) HCQ. 2mM H:0: and different ratios of Fe**

Several reactions (Eq. (4.37)-(4.40)) have been proposed for this increase in the concentration

of molecular oxygen in Fenton reactions (Santos-Juanes et al., 2011; Zhao et al., 2018).

HO:" + H20: — 0 + H20 + «OH “(4.37)
Fe** + HO, — Fe?* + 0, + H (4.38)
HO.' + «OH — O + Hz0 (4.39)

2HO:" — 02 + H:0: (4.40)

High dissolved O: influences the mineralization of azo dyes under an electron beam by
improving the cleavage of the aromatic rings and promoting the reduction of TOC (Hosono et
al., 1993). The dissolved O: needed to be maintained at optimal concentrations during EB
radiolysis for the destruction of substituted aromatic rings in the dye (Suzuki et al., 1978).

However, dissolved oxygen scavenges e.q and He therefore reducing the equilibrium
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concentration of these species and their reactions with target pollutants (Lee et al., 2023).
However, in the results of aerated solutions, the removal efficiency was higher than in solutions

with dissolved O: (Fig. 4-3a & Fig. 4-3b).

The Oxygen demand can also be determined using the biochemical oxygen demand (BOD),
chemical oxygen demand (COD), and total organic carbon (TOC). There was a slight decrease
in the COD (Fig. 4-18a) and TOC (Fig. 4-18b) with increasing radiation doses and the

decreasing concentration of CQ and HCQ.
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Fig. 4-18 Variation in (a) COD and (b)TOC during EB and EB-F degradation of 125mg/L

solutions of CQ and HCQ

The observations in TOC and COD reduction indicate the formation of other organic
byproducts that are slowly degraded in the present conditions (Paul et al., 2011). In other
studies, with an apparent insignificant reduction in COD and TOC, the resulting degradation
products exhibited a higher biological oxygen demand and, therefore, were more susceptible
to biological degradation. HCQ is observed to have higher COD and TOC compared to CQ.
Similar TOC elimination has been reported under electrochemical oxidation and the slower

removal efficiency is attributed to the production of more refractory carboxylic acids and
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aliphatic chains (Bensalah et al., 2020). Radiolytic decomposition of HCQ under gamma
irradiation showed an increase in COD and TOC elimination with increasing applied irradiation
dose with the removal efficiency >90% at doses up to 8kGy (Zaouak et al., 2022). Complete
mineralization of 20ppm HCQ was similarly achieved under gamma irradiation at 3kGy with
no intermediates being detected (Boujelbane et al., 2022). The level of mineralization is
dependent on the initial pollutant concentration possibly due to the generation of higher
degradation intermediate concentrations that scavenge the reactive radicals. Zaouak et al.
(2022) also demonstrated that higher dose rates gave higher removal efficiency under gamma
irradiation. However, residence time in most treatment methods for mineralization is between

3 to 8hrs whereas in the current EB and EB-F process, the treatment time was <5 minutes.

4.8. Mathematical simulation of radiation-induced degradation of CQ and HCQ

The radiation chemistry of water and aqueous solutions attracts attention as a convenient way
to investigate the interaction of ionizing radiation with condensed matter. Mathematical models
provide ideal ways to study interactions of interest as most constants that lead to the formation
of radiolysis products have been determined. Additionally, the development of time-resolved
analytical techniques contributed to the development of machine-based models to passively
study chemical processes. Models describing the data on the formation of stable products of
water radiolysis, H.02, Oz, and Hz, were reported in several publications (Jenks, 1965; Jenks

and Griess, 1967; Boyd et al., 1980; Burns et al., 1983).

For simulation, 110 reactions (Appendix 4) based on radiolysis of aqueous systems were used
to simulate the degradation of CQ and HCQ solutions under EB irradiation (Buxton et al.,
1988). Aminoquinoline compounds are theoretically susceptible to oxidation by *OH radical,
the azide (N3), and reduction by the egq. Studies on quinoline derivatives i.e., amodiaquine,
and primaquine have yielded results to support this premise (Kovacs et al., 2020). However,

quinoline (the parent compound) is not reactive with the azide radical (Nicolaescu et al., 2003).
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CQ and HCQ have been shown to decompose in aqueous and organic solvents under irradiation

and generate degradation products (Tennesen et al., 2007).

The degradation of CQ and HCQ in aqueous solutions under EB was investigated using
simulations based on water radiolysis. The reactions of the highly oxidizing *OH radicals and
the reductive e.q  generated during the radiolysis of water aided the removal of CQ and HCQ
(Bors et al., 1991; Rath et al., 2023). The corresponding rate constants for the reactions were
provided in Table 4.1 and Eq. (4.1) to Eq. (4.4). The rate constants (M!s!) suggest that the
reactions of CQ with the e.q~ are faster compared to the *OH radicals while the *OH has a higher
reaction rate for HCQ compared to the e,q . The simulated removal of CQ and HCQ were 70%
and 50% at 0.5kGy respectively (Fig. 4-19). However, in the experimental set-up, at 0.5kGy,

only 40% and 36% degradation were attained for CQ and HCQ), respectively.
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Fig. 4-19 Simulated and experimental degradation of 125mg/L of CQ and HCQ in aqueous

solution under electron beam irradiation

Oxidative transformation of quinoline and HCQ using pulse radiolysis suggests the addition of

the «OH molecule to both the pyridine and benzene rings of quinoline to form OH-adducts as
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shown in Fig. 4-20b for HCQ (Nicolaescu et al., 2003; Rath et al., 2023). By convention,

similar addition is expected on the CQ molecule due to similarity in structure (Fig. 4-20a).
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Fig. 4-20 Simulated degradation of (a) CQ and (b) HCQ under electron beam irradiation and

formation of intermediate products under action of *OH and eaq.

The formation of the hydroxycyclohexadienyl radicals is a common observation. Phenoxyl
radicals and aminyl radicals may form after the release of HCIl from the *OH adducts or H-
abstraction from the N-H group respectively (Kovacs et al., 2015). The addition of OH to the
CQ and HCQ molecule leads to the formation of OH adducts (CisH2sCINsOH and CisH26CINsO
respectively). Reactions with *OH radicals had the highest contribution to the degradation of
CQ and HCQ (Fig. 4-20). Compared to HCQ, CQ (Fig. 4-20a) had a higher rate of degradation
with eaq (=50%) against <10% for HCQ (Fig. 4-20b). The higher contribution of esq to CQ
degradation is due to the higher reaction rate it has compared to HCQ. Additionally, these
reactions impact the rate of formation of CI~ primarily from dissociative electron attachment
with eyq (EQ. (4.2) & EQ. (4.3)). The rate of formation of CI~ was higher for CQ than HCQ
(Fig. 4-21). However, the Cl~ concentrations are much lower than those obtained in the
experimental conditions (Fig. 4-15a). Kovacs et. al. proposed the direct substitution of the Cl

atom on diuron by *OH resulting in the release of the CI". However, in the simulation, only the
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reaction for the dissociative electron attachment is accounted for therefore can contribute to the
lower CI™ concentration. In the experimental results (Fig. 4-15b), the C1 release occurred both
under *OH and eaq~ conditions and the *OH conditions had a much higher CI™ release compared

to the eaq~ conditions.
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Fig. 4-21 Formation of Cl- and reduction in dissolved O: concentration with the degradation

of CQ and HCQ.

Additionally, the dissolved O: decreased with increasing irradiation. As explained in Chapter
4.2., in aerated conditions, dissolved O: reacts with He and eaq to form perhydroxyl radical
(HO>") that is a less powerful oxidant than *OH, and this accounts for the reduction in O2. The
perhydroxyl radicals could promote the degradation of organic pollutants. However, the current
simulation does not account for perhydroxyl reactions. Similar to experimental results, the

dissolved oxygen was only partially consumed (Fig. 4-21).
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4.8.1. Changes in pH

The pH under irradiation influences the generation of reactive species in water radiolysis and
therefore the reactions of these species with pollutants. Additionally, changes in the pH of
aqueous solutions containing organic pollutants during degradation are associated with the
formation of carboxylic acids, aldehydes, and ketones as has been discussed in Chapter 4.6.1.
The pH of the aqueous solutions dropped from 6 to 3.8 with increasing irradiation and reducing
CQ and HCQ concentration. A similar reduction in pH was observed in the experimental

conditions which was attributed to the formation of organic acids (Fig. 4-13).
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Fig. 4-22 Changes in pH during simulated degradation of aqueous solutions of CQ and HCQ

4.8.2. Effect of different initial pH in the degradation of CQ and HCQ

The effect of different initial pH on the radiolytic degradation of CQ and HCQ was
experimentally evaluated (Fig. 4-5). The pH of the aqueous solutions changes with increasing
dose and simultaneous reduction in CQ and HCQ concentrations both experimentally (Fig. 4-

13) and during the simulated degradation (Fig. 4-23).
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Fig. 4-23 Changes in initial pH of solutions with irradiation during simulated degradation of

(A) CQ and (B) HCQ

The simulation’s initial pH was varied between 2 to 12 to see the effects (Fig. 4-23). For pH
>4, the pH reduced with increasing dose when starting irradiation at different initial pH. These
changes in pH are attributed to the formation of organic acids. The effect of pH on the
generation of water radiolysis products and the subsequent effect on the reactions of these
species with target chemical pollutants is of interest. The reactions of the *OH radical with CQ
and HCQ based on Eq. (4.1) and Eq. (4.4) respectively were simulated at different initial pH
in Fig. 4-24a and Fig. 4-24c. Additionally, reactions of the e,~ were also evaluated for both CQ

and HCQ in Fig. 4-24b and Fig. 4-24d respectively.

From Fig. 4-20, the reactions of *OH and eaq~ with CQ and HCQ led to the formation of OH
adducts and the release of CI™ respectively. Based on the formation of these products, the
reactions of *OH and eaq~ under different pH were evaluated during the simulation. The
concentration of the OH adducts was observed to decrease with increasing pH (Fig. 4-24a and
Fig. 4-24c). As explained in chapter 4.3, *OH readily reacts with OH in alkaline conditions to

generate the less powerful and slow reacting O (Eq. (4.12)). This reduces the *OH radicals in
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the system and the degradation efficiency (Chu and Wang, 2022; Wang and Chu, 2016; N.

Wang et al., 2016).
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Fig. 4-24 Effect of different initial solution pH on the simulated degradation of aqueous
solutions. (a) reactions of «OH radical with CQ (b) reactions of e,q~ with CQ (c) reactions of

*OH radical with HCQ (d) reactions of e,q with HCQ

At pH 2 the formation of the OH adducts was favored (Fig. 4-24a & c). In acidic media, the
€aq reacts with H" to produce He radicals that are less powerful reductants compared to €.q-

(EQ. (4.13)). He reacts with H.0O: to form *OH radicals therefore enhancing the efficiency. In
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the experimental phase, in acidic conditions pH< 2, in the presence of 0.5M tert butanol, and
N:20 purged solutions where He reactions dominate, the removal of CQ and HCQ was higher
compared to conditions involving eaq~ (Fig. 4-3). The reactions of the esq are favored in
alkaline conditions compared to acidic conditions (Fig. 4-24b and Fig. 4-24d). In alkaline
conditions, more e,q~ are generated via the reactions of He with OH™ (Eq. (4.15)). However, in
strongly alkaline conditions recombination of e, dominates and may lead to decreased

removal as was observed in the experiment (Fig. 4-5).

4.8.3. Effect of initial pollutant concentration on the simulated degradation of CQ and

HCQ

In Chapter 4.2, the initial pollutant concentration was observed to influence the degradation of
CQ and HCQ under EB irradiation. With increasing pollutant concentration, the removal
efficiency and rate constant also decreased (Fig. 4-4). The degradation of CQ and HCQ was
reported to follow pseudo-first-order kinetics according to Eq. (4.11). In the simulated
degradation of CQ and HCQ in Fig. 4-25a and 4.25b, respectively, similar results were obtained
with the removal efficiency as well as the rate constant (Fig. 4-25¢) reducing with increasing

concentration of the target pollutants.
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Fig. 4-25 Effect of initial pollutant concentration on the degradation of (A) CQ and (B) HCQ

and their respective dose constants (C)

4.8.4. The effect of inorganic ions, and H:O: on the simulated degradation of CQ and

HCQ

As demonstrated in Chapter 4.4, some naturally occurring inorganic ions are scavengers for the
reactive water radiolysis products. Scavenging may lead to the generation of other reactive
species while also depleting the available reactive species. These actions will affect the
degradation process. In the experimental setup, the presence of CO5~, HCO3, NO3, and Fe**

with increasing concentration caused a reduction in the removal efficiency of CQ and HCQ

0.2
Concentration {mM)
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(Fig. 4-7). Similar effects were obtained in the simulated degradation of CQ (Fig. 4-26a) and
HCQ (Fig. 4-26b). These inorganic ions are in direct competition for the *OH and eaq

generated in water radiolysis.
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Fig. 4-26 Effects of selected inorganic ions on the simulated degradation of (a) CQ and (b)

HCQ under electron beam irradiation at 0.5 kGy

4.8.5. Simulation of EB-F process for degradation of CQ and HCQ from aqueous

solutions

The effect of H202 and Fe** on the experimental degradation of aqueous solution of CQ and
HCQ was previously presented (Fig. 4-6). The presence of H.O: and Fe?** did not significantly
change the degradation of CQ and HCQ. However, slight reductions in the removal efficiency
were observed with increasing concentrations of H-O2 and Fe?* from 0.1 to 2mM. In the current
simulation (Fig.4.27), the removal of CQ and HCQ increased with increasing the concentration
of H20: likely from the formation of more *OH radicals (Fig. 4-26b). In the simulation, there
was an improved removal efficiency for CQ and HCQ in the presence of Fenton reagents with
H20: concentration >0.1M under irradiation compared to irradiation only (EB). The removal

efficiency also increased with increased concentration of H:O. at all the molar ratios
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investigated. A similar observation was made in the experimental condition under Chapter
4.5.1.2. However, unlike in the experiment where high concentrations of Fe** led to a decrease
in efficiency, this effect was lower in the simulation (Fig. 4-27). Therefore EB-F shows a

marked improvement in the removal of CQ and HCQ compared to EB.
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Fig. 4-27 Simulated degradation of (a) CQ and (b) HCQ under EB-F process at 0.5kGy

Mathematical abstractions were able to predict the degradation of CQ and HCQ under EB
irradiation. Even though the simulations showed a greater removal efficiency compared to the
experimental results, this could be attributed to the matrix effects of actual aqueous solutions
that were not accounted for in the simulation. However, it has been shown that the presence of
certain inorganic ions affects the removal efficiency of CQ and HCQ under EB processing. The
formation of NOs~ in the degradation of CQ and HCQ would be a major contributor to the
observed decline in removal efficiency in experimental conditions. Additionally, the effects of
different inorganic ions H20. showed almost similar results to those obtained in the
experiment. The effect of pH from the simulation provided insight into how the *OH and eaq

contribute to the degradation of CQ and HCQ.
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4.9. Degradation products of CQ

LC-MS analysis of the CQ samples at different irradiation doses was performed to determine
the degradation products and the mechanism of CQ degradation following the EB-F process.
The molecular ion peak for CQ was recorded at m/z = 320 ([M + H]"), with other fragments at
m/z= 247 and 74 as illustrated in the MS spectrograph in Fig 12B (Boonprasert et al., 2012;
Singhal et al., 2007). The m/z 74 fragment represents the N-C4Hi2 removed during the B-
elimination of the aliphatic chain of the parent ion. The intermediates following CQ
degradation were identified at m/z =370, 158, 159, 279, and 292 (Fig. 4-27 A, C, D, E, & F).
These intermediates are similar to those observed for CQ degradation by other methods and
their formation suggests almost similar degradation kinetics (Doddaga and Peddakonda, 2013;

Dong et al., 2022).

The degradation of CQ involves primarily OH additions to the aromatic ring that leads to the
formation of m/z = 370 (Fig. 4-27A). Alternatively, Doddaga and Peddakonda proposed the
formation of the chloroquine N-oxide via the attack of *OH at the tertiary amine nitrogen
instead of the pyridine nitrogen in the oxidation of CQ (Doddaga and Peddakonda, 2013). In
the work of Dong et al. (2022), this oxide was determined to be an intermediate to the formation
of desethylchloroquinolone (m/z = 292 Figs. 4.28F & 4.29). The m/z of 292 is consistent with
the loss of neutral ethylene (—C2H4) molecules from CQ. The B-elimination of the aliphatic
chain of the parent CQ leads to m/z 247 and further addition of OH to the aromatic ring leads
to the formation of m/z 279. The direct addition of OH to the carbon bearing the Cl atom leads
to the elimination of the Cl atom as described in chapter 4.6.2. The *OH radicals are highly
reactive towards aromatic and heterocyclic rings and preferentially add to the aromatic ring.
No specificity in OH addition is reported and it can add to both the aromatic and pyridine rings

of the quinoline (Nicolaescu et al., 2003; Sanches-Neto et al., 2023).

133



0.932 - 0.94 (2023-11-22 13-02-42+08-00-08. dx)

120 0,915 - 0,907 (2023-11-22 12-46-39+08-00-07. dx)
2914 120
2 Max : 806212. 00 =
1104 A . 22 1o = Max : 689253.00
- I ,./ 2 )
1004 "',‘_..- AP 1004 v CH, (
w— .
s P \c/ N 907 HN)\/\/N \/CH
807 : 1 SO
S LN
¥ L 701 = om/z=320
601 ®
& 607 ; N/
501 504
404 404
301 ] 30H a8
g = g
2 = 2 <
g o g s =588 s
3 g 2
0-
500 800

g, 268 = 0.875 (2023-11-22 13-50-55+08-00-11. dx) 0.851 = 0.843 (2023-11-22 13-34-53+08-00-10, éx)
- -
° Max : $11570.00 27
n{ C = TV el D = A
100+ 2 CH 8
3 100 T
CH, |/
90 901
'J\/\/N\/CH (
50 HN 801 N
01 m/z=158 704 Oon
P o m/z = 159
504 501
0+ i e
g »
304 < 304
201 201
8RR 8 S S8 8 &
= 55 % 2 4“-3 o |g| E335 ¢ x 3
dadde 52 2 3 I W | P S22 2 8
100 200 3@ m y Sw (m 700 $00 100 .m m m )m m 7&) 330
a/z a/z
2.667 - 2.673 (2023-11-22 11-568-33406-00-04. dx) 0.891 - 0.891 (2023-11-22 12-14-35+08-00-05, dx)
12075 - 120
nq S E Max : 251430.00| o] 5 Max : 517601. 00
1001 7 b J\/\ wd F =
; CH,
904 =3 . 901
B 1 N/l\/\/N CH,
9] "~ 279 o B L d
701 ; N - 709 g
3
60- 54 W 5 e w/z = 292
501 a N 504
107 o ot =
304
301 .
2 o
ol|| 8g =2 gs 22 sz| Y=l | :gl, &8 882 & 8
1] G = =g =g o g S o o _2!.-IL S 1 g‘ E_%_I_'.r_‘;_g g
1 e ISR T - & = s 0 T T Y T
o : - - ‘-‘LHL%—S-E— 100 200 300 400 500 600 700 800
100 200 300 400 500 600 700 800 o/

n/

N

Fig. 4-28 LC-MS mass spectra for CQ showing mass fragmentation of the degradation

products of CQ under EB irradiation
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It also suggested the N atoms in the pyridine ring and alkyl side chain are susceptible to
electrophilic attack by species such as *OH, SO4", 02", '02, and h*. Fig. 4-29 proposes a scheme
for the degradation of CQ and HCQ under EB and EB-F processes. Attacks to the alky side
chains lead to dealkylation which is the major contributor to the formation of m/z= 292, 158,
159, 247, and 297 via attacks on the N. The carbon atoms in the CQ structure are susceptible
to nucleophilic attacks as they easily accept electrons. The radicals and nonradical species are
likely to attack the CQ side chain resulting in continuous deamination and ethylation processes
(Yi et al., 2021). The o dealkylation and dealkylation of the CQ molecule at the secondary

nitrogen results in m/z 159 and m/z 158 respectively (Fig. 4-29).
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Fig. 4-29 Proposed degradation scheme of CQ under EB process
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The degradation of CQ under electron beam irradiation can be attributed to a series of OH
additions to the aromatic ring, dealkylation, and chloride ion substitution by OH molecule or
dissociative electron attachment as previously discussed. Similar dealkylation with oxidation
has been reported in the presence of H>O: (Dong et al., 2022). Additionally, under
photochemical degradation (240-600nm light) in aqueous solutions (pH 7.4), N-dealkylation
of CQ is proposed to be the major reaction leading to several products (Ahmad et al., 2016).
Under electro-Fenton oxidation, the degradation of CQ is proposed to begin with the N-
dealkylation of the aromatic ring leading to the formation of 7-chloro-4-quinolinamine
followed by the release of chloride ions by attack of *OH radical on the C bearing the Cl atom
(Midassi et al., 2020). Similar dealkylation with subsequent substitution of Cl atom by OH

leading to the formation m/z = 158 is proposed.

The aromatic intermediates formed in the degradation of CQ undergo subsequent oxidative
ring opening to form aliphatic carboxylic acids, with the nitrification of organic nitrogen in the
form of nitrates and ammonium ions. Such a mechanism would be supported by the formation
of m/z = 159 which has been proposed as the CQ degradation products formed in the presence
of H20: (Coelho et al., 2017). Similar products have also been observed and confirmed by MS
and NMR in other works (Ahmad et al., 2016; Nord et al., 1991). In the photodegradation
process, the Cl attached to the benzene ring is substituted by OH and additional OH substitutes
the ortho-carbon hydrogen (Xiang et al., 2023). This mechanism can also be proposed with the
formation of m/z = 247. The dehydration of OH on two ortho-carbons would lead to the
formation of the -COOH followed by decarboxylation and *OH substitution. Further proof of
degradation of the products of CQ degradation is observed through the formation of inorganic
ions that represent the mineralization of CQ. Similarly, in this experiment chlorides, nitrates,
carboxylic acids, and ammonium ions are released similar to those reported in electro-Fenton

oxidation (Midassi et al., 2020).
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4.10. Degradation products of HCQ

LC-MS analysis was performed to determine the degradation products following the electron
beam irradiation of HCQ. The [M+H]" peak for HCQ was observed at m/z =336 with mass
fragments at m/z =292, m/z= 247, and m/z =74 (Fig. 4-30A). Other additional mass fragments
were identified and recorded in similar analyses (Boujelbane et al., 2022; Saim and Behira,
2021; Zaouak et al., 2022). The formation of new peaks with increasing irradiation from
0.5kGy to 2kGy is shown from the chromatograms in Fig. 4-31. Photodegradation products of
HCQ have previously been reported as N-dehydroxyethyl-7-dechloro-7-hydroxy HCQ (m/z
274), dechlorinated HCQ (m/z 302), N-dealkylated HCQ (m/z 179), HCQ N-oxide (m/z 352),
and desethylhydroxychloroquine (m/z 308) (Saini and Bansal, 2013). Under gamma
irradiation, degradation products such as HCQ N-oxide (m/z 352), m/z 174, and m/z 262 were
reported (Boujelbane et al., 2022). Furthermore, products with m/z 179, and m/z 161 have been
reported also under gamma radiolysis of aqueous solutions of HCQ (Zaouak et al., 2022).
Similarly, Bensalah et al. obtained m/z =179, and 175 following o dealkylation of HCQ under

electrochemical oxidation.

Mathematical abstractions propose multiple sites of attack of *OH on HCQ molecule. However,
*OH addition to the aromatic ring is the most thermodynamically favored degradation channel
by *OH attack on the neutral form of HCQ based on Gibbs free energy (Sanches-Neto et al.,
2023). Similar computations have suggested that the addition reactions of *OH to both the
benzene and pyridine rings of quinoline are energetically favorable with reaction energies
ranging from 18.6 t0-23.9 kcal/mol to form *OH adducts in water (Nicolaescu et al., 2003).
The formation of similar OH adducts has been reported in gamma radiolysis of HCQ (Zaouak

et al., 2022).
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Fig. 4-31 LC-MS chromatogram of the degradation of HCQ at different doses under (A) EB

irradiation and (B) EB-F process.

Therefore, the degradation of HCQ is proposed to proceed via OH addition to the aromatic ring
that leads to the formation of m/z 370, 352, 279, and 334 as shown in the degradation scheme
in Fig. 4-32. Additionally, a dealkylation of the aromatic ring leads to the formation of m/z 179
and 175. Dealkylation at the tertiary nitrogen is likely to lead to the formation of several
products with m/z 308, 292, and 279. Dehalogenation is additionally one of the prominent
features of most halogenated organic species as has been previously discussed (Makarov and
Ponomarev, 2018). Dechlorination occurs either through dissociative electron attachment
reactions involving the e.q~ or direct substitution of the Cl atom by the OH atom in addition to

reactions to the aromatic ring (Kovacs et al., 2015). Eventually, the aromatic intermediates
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undergo an oxidative ring opening to form aliphatic carboxylic acids (i.e., oxalic and oxamic
acids), and inorganic nitrogen such as nitrates and ammonium ions (Bensalah et al., 2020).
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Fig. 4-32 Proposed degradation scheme of HCQ in aqueous solution

[rradiation of HCQ in water or isopropanol identified desethyl-chloroquine (m/z 292),
desethanolhydroxychloroquine (m/z 308), and a third product which is HCQ without the N-
C4H 100 at the tertiary amine (Tonnesen et al., 1988). Chonker et al., also identified compounds
m/z 292, m/z 308, m/z =263, and 339 as metabolites of HCQ. Three degradation products m/z
292, m/z 324, and m/z =364 with lower retention times than HCQ have also been reported in
photodegradation studies of HCQ. The formation of compounds m/z 292, and m/z 324 detected
during irradiation experiments result from the shortening of the side chain on the nitrogen atom,
by the loss of ethene from HCQ to yield desethylhydroxychloroquine, or by primary double
shortening of the side chain on the nitrogen (Xu et al., 2022). The main products that were
detected in the current study are m/z 370, 292, 308, 352, 175, and 334 alongside the inorganic

nitrates, ammonium, and chloride species. All organic by-products can undergo further
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oxidative decomposition through *OH radical attack opening aromatic rings to carboxylic acids
(among them oxamic and oxalic acids) and releasing inorganic nitrogen species predominantly
in the form of NOs and NH4'(Zaouak et al., 2022). The carboxylic acids are slowly

mineralized to CO: (Bensalah et al., 2020).

4.11. Toxicity Analysis

In this study, Ecological Structure Activity Relationships (ECOSAR) available from the US
Environmental Protection Agency were used to predict the biotoxicity of CQ, HCQ, and their
predicted degradation products based on the Quantitative Structure-Activity Relationship
(QSAR) model. The acute and chronic toxicity in fish, daphnia, and green algae were evaluated.
The Acute toxicity was assessed using LCso values (the concentration causing 50% mortality
in fish after 96 hours of exposure and in daphnia after 48 hours), ECso values (the concentration
causing 50% inhibition of green algae growth after 96 hours of exposure), along with chronic
toxicity value (ChV). Acute toxicity was based on the EU-Directive 93/67/EEC. Additionally,
the "Guidelines for Evaluation of Hazardous Chemicals in China" (HJ/TI 154-2004), offers

comparable standards for assessing toxicity (Table 4.3.).

Table 4.3 Toxicity classification based on ECOSAR (Reuschenbach et al., 2008)

Classification Concentration (mg/L) EU Concentration (mg/L) Ch

EU-Directive 93/67/EEC HIJ/TI 154-2004

highly toxic LCs0/ECso < 1 LCs0/ECs0 < 0.1
Toxic 1< LCs¢/ECs0 < 10 0.1<LCs0/ECso < 1
Harmful 10< LCs0/ECs0 < 100 1< LCs0o/ECs0 < 10

Harmless LCs0/ECs0 >100 LCs0/ECs0 >10

Generally, according to ECOSAR, HCQ is less toxic compared to CQ on the three organisms
(Fig. 4-33 and Fig. 4.34). HCQ 1s predicted with reference to acute toxicity to be harmful to
fish (13.5mg/L), toxic to daphnia (1.82mg/L) and green algae (1.18mg/L). However, CQ was
predicted to be toxic to fish (1.14mg/L) and highly toxic to daphnia (0.224mg/L) and green
algae (0.104mg/L) according to the less conservative EU-Directive 93/67/EEC. The chronic
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toxicity of HCQ was predicted to be much lower than for CQ. However, both CQ and HCQ are

predicted to be highly
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All the degradation products were predicted to be generally less toxic compared to the parent
chemical compound. However, HCQ degradation byproducts were generally less toxic
compared to the CQ degradation products. Other than m/z 292 and 247 in CQ degradation,
other degradation products were predicted to be harmful (10-100mg/L) based on the EU-
Directive 93/67/EEC on acute toxicity to fish and toxic to daphnia, and green algae. Although
m/z m/z 292 was toxic to fish, it was predicted to be highly toxic to daphnia and green algae
(<Img/L). Chronic toxicity of m/z 158, 370, and 159 was categorized to be highly toxic
(<1mg/L) to daphnia. The m/z 247 and 292 were categorized as highly toxic to fish, daphnia,
and green algae with regard to chronic toxicity. The byproducts of HCQ degradation were
predicted to have generally lower toxicity with m/z 179, 175, and 334 categorized as harmless
(>100mg/L) to fish with regards to acute toxicity but harmful to daphnia and green algae (10-
100mg/L). However, m/z 175 and 334 were categorized as being toxic to daphnia when
concerning chronic toxicity. ECOSAR, generally predicts the baseline or the minimum toxicity
and often underestimates the ecotoxicity of pharmaceuticals because of their modes of action

(Buetal., 2021; US EPA, 2012).
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CHAPTER FIVE

S. Conclusion

CQ and HCQ solutions of 125mg/L concentration were degraded with an efficiency of >75%
under an electron beam process at a dose of 2 to 7kGy in ambient conditions. The initial
concentration of CQ and HCQ solutions affected the degradation efficiencies under EB
treatment. Lower concentrations of CQ and HCQ had higher removal efficiencies and
efficiency decreased with increasing the initial concentration of CQ and HCQ. The degradation
of CQ and HCQ followed pseudo-first-order degradation kinetics and the dose constant
decreased with increased concentration of CQ and HCQ in the solutions at selected absorbed
doses. Both the *OH radical and the e.q played roles in the decomposition of CQ and HCQ
from the solutions. However, the role of the e,q~ was more prominent in the degradation of CQ
compared to HCQ. This was attributed to previously reported rate constants where the rate of
€.q reaction with CQ is much higher compared to reaction with HCQ molecules. These
observations were further elaborated based on mathematical simulations the contribution of
€.q to HCQ degradations was lower. Furthermore, irradiation in N>O saturated solutions or
0.5M tert butanol showed that *OH radicals had a higher contribution to CQ and HCQ

degradation compared to €.q .

The pH of the CQ and HCQ solutions progressively dropped from the initial pH of 6 to a pH
of 3.5 with increasing absorbed dose. This was attributed to the formation of carboxylic acids
as has been reported in other studies. Increased concentrations of organic acids in the solutions
with increasing absorbed doses were observed. In addition to the change in pH, the effect of
the initial pH on the degradation of CQ and HCQ was reported. At lower pH, the removal
efficiency was higher but progressively decreased with increasing pH from 2 to 8. However,

further increments in pH to 10 and 12 decreased the removal efficiency. The effects of pH were
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attributed to the state of the CQ and HCQ molecules at different pH. Additionally, the affects

the radiolysis products (*OH and eg,) therefore affecting the degradation processes.

The presence of CO2~, HCO3, NO3, Fe*, humic acid, S$,03~, and H.O. affected the
degradation of CQ and HCQ under EB irradiation. The presence of COs*", HCOs~, NOs~, Fe*",
H202, and humic acid suppressed the degradation of CQ and HCQ with increasing
concentration by scavenging the available reactive radicals. Increasing the concentration of
Fe** and humic acid also caused turbidity and affected the overall removal efficiency. However,
the presence of S20s*” with increasing concentration caused the enhancement in the removal
efficiency by generating the strongly oxidizing SO+ by reactions with e.q~. Additionally, *OH
radicals formed further promote degradation. Experiments in 0.5M tert butanol showed SO4™
that SO4" contributed to the degradation of CQ and HCQ even in the absence of *OH radicals.
However, the removal efficiency was lower than for EB treatment and selective *OH

generation. Therefore, SO4™ driven processes can enhance the EB process.

Fenton-assisted EB (EB-F), EB/g-CsNa based catalysts, and EB/TiO: catalysts were further
investigated to improve the removal efficiency for CQ and HCQ. The Fenton-assisted EB
process gave an improvement in the removal efficiency of CQ compared to EB/g-CsNs-MIL
and EB/TiO: catalysts. However, the EB/TiO: process positively affected HCQ degradation at
0.15g/L catalyst loading but increasing catalyst concentration resulted in degradation decline.
In Fenton-assisted EB (EB-F), the molar ratios of the Fenton reagents were a key determinant
in the removal efficiency of CQ and HCQ. In excess H20-, the removal of CQ and HCQ was
higher in the EB-F compared to the EB process. However, when the Fe** concentrations were
higher, the removal efficiency was reduced. The H20- is the main source of *OH radicals in the
Fenton process. Therefore, higher concentrations generate more *OH radicals. However, higher
Fe?* concentrations lead to the scavenging of *OH radicals as well as causing turbidity. Excess

H20: in the Fenton processes was shown to have lower removal efficiency attributed to the
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scavenging of *OH radicals. However, this was not observed in the Fenton-assisted EB (EB-F)
process. Additionally, in the Fenton-assisted EB (EB-F) process, the rate of conversion of Fe**
to Fe?* is accelerated through the reactions with e,q~. This ensures the Fenton reactions are
sustained during the irradiation causing further improvement to the degradation of CQ and
HCQ. The degradation of CQ and HCQ under EB and Fenton-assisted EB (EB-F) processes
did not lead to complete mineralization which was evident from the insignificant COD and
TOC reduction. The formation of organic compounds with slower degradation is proposed to
contribute to the lower mineralization. However, the TOC and COD removal was higher in the
Fenton-assisted EB (EB-F) process compared to the EB process. Additionally, the degradation
efficiency, dechlorination, and nitrification of CQ and HCQ were higher in Fenton-assisted EB
(EB-F) compared to EB treatment. Therefore, the Fenton-assisted EB (EB-F) treatment

improved the overall EB process.

The radiation-induced degradation of CQ and HCQ led to the formation of several by-products
that were identified using the liquid chromatography-mass spectrometry method. Similar
oxidative decomposition byproducts have been observed in gamma radiolysis,
photodegradation, and electrochemical oxidation. From these products, a degradation
mechanism was proposed for the degradation of CQ and HCQ under the EB and EB-F
processes. The *OH radicals and e,q attacks on the target molecules were the primary reactions
leading to the degradation of CQ and HCQ. It’s proposed that further *OH attacks lead to
aromatic rings opening and the production of carboxylic acids (among them oxamic and oxalic
acids) in addition to the release of inorganic species in the form of CI, NO3, and NH; . The
carboxylic acids are slowly oxidized and require the consumption of a high irradiation dose to
be slowly mineralized into carbon dioxide and water (Bensalah et al., 2020). Therefore,
Electron beam treatment effectively degraded CQ and HCQ in aqueous solutions. However,

based on the TOC and COD results, complete mineralization was not achieved. Additionally,
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the degradation of CQ was faster compared to HCQ. Furthermore, it has been shown that the
Fenton-assisted EB (EB-F) process is a suitable way to improve the process efficiency. Based
on ECOSAR analysis of the degradation byproducts, the degradation byproducts of CQ and

HCQ were predicted to be less toxic than the parent compounds.
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APPENDICES
Appendix 1 The effect of (a) HCOs~, (b) COs*, (¢) NOs™, (d) humic acid, and (e) SO+~ on CQ

removal efficiency under electron beam irradiation
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Appendix 2 The effect of (a) HCOs™, (b) COs*, (¢) NOs~, (d) humic acid, and (e) SO+~ on HCQ

removal efficiency under electron beam irradiation
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Appendix 3 Proposed *OH radical addition and hydrogen atom transfer reactions

16
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un~ 10 I3 18 “OH
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z

*OH addition to the Hydrogen atom

Carbon Number aromatic ring transfer to *OH
kcal mol! kcal mol!
AG°® =-18.37
C10
Eo=2.80
1 AG=-19.01 AG° =293
Eo=-4.21 Eo=-18.86
AG =-17.93 AG° =-1.05
C4
Eo=9.19 Eo=4.94
AG =-15.96
C2
Eo=1.13
AG° =-11.21
C9
Eo=13.97
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Appendix 4 Reactions for the simulated degradation of CQ and HCQ using CHEMSIMUL

Number Chemical reactions K=M"'s"!
REI H*+OH=H-0 A=1.4E11
RE2 H-O=H"*+OH~ A=1.4E01
RE3 H20-=H*+HO:2" A=1.17E01
RE4 H*+HO:=H20:2 A=5.0E10
RES5 H20+OH=HO> +H20 A=1.3E10
RE6 HO2+H20=H:20-+OH" A=1.17E01
RE7 e +H.O=H+OH~ A=1.90E-01
RE8 H+OH=E+H20 A=2.2E07
RE9 H=E+H" A=9.77
RE10 e+H'=H A=2.30E10
REI1 OH+OH=0"+H-0 A=1.30E10
REI12 O +H:0=OH+OH" A=1.19E01
REI13 OH=0O+H" A=119
RE14 O+H"=0OH A=1.00E11
REI15 HO.=0,+H* A=4.57
RE16 O, +H*=HO: A=5.00E10
RE17 HO-+OH=0-"+H-0 A=5.00E10
RE18 O2+H20=HO+OH" A=457
REI19 e +OH=0OH" A=3.00E10
RE20 e +H20-=OH+OH"~ A=1.10E10
RE21 e +HO2=HO2" A=2.00E10
RE22 e +0:=0>" A=1.90E10
RE23 e +HO, =0+OH" A=3.50E09
RE24 H+H0=H>+OH A=1.10E01
RE25 H+O—=0OH~ A=1.00E10
RE26 H+HO.=OH+OH" A=9.00E07
RE27 H+H=H- A=7.80E09
RE28 H+OH=H20 A=7.00E09
RE29 H+H20-=0OH+H-0 A=9.00E07
RE30 H+0O2=HO: A=2.10E10
RE31 H+HO2>=H-0- A=1.80E10
RE32 H+O.=HO-" A=1.80E10
RE33 2*OH=H:0: A=3.6E10
RE34 OH+HO2:=H20+02 A=6.00E09
RE35 OH+0O>,=0H +0: A=8.20E09
RE36 OH+H.=H+H20 A=4.30E07
RE37 OH+H20.=HO»+H-0 A=2.70EQ07
RE38 OH+O =HO:" A=2.50E10
RE39 OH+HO: =HO>+OH" A=7.50E09
RE40 HO:+0:=HO: +0: A=8.00E07
RE41 2*HO2>=H>0:+0- A=7.00E05
RE42 HOx+O=0.+OH" A=6.00E09
RE43 HO:+H20.=OH+0O>+H20 A=5.00E-01

174



Number Chemical reactions K=M7s!
RE44 HO>+HO>, =0H+0>+OH" A=5.00E-01
REA45 02 +H20.=OH+0O.+OH" A=1.30E-01
RE46 O2+HO>=0"+0+OH" A=1.30E-01
RE47 O+H>=H+OH~ A=8.00E07
RE48 O +H20.=0,+H-0O A=5.00E08
RE49 O+HO2=02+0OH" A=4.00E08
RES0 H.0-=H.0+0O A=1.00E-03
RES1 0+0=0: A=1.00E09
RES52 OH+CIl=CIOH~ A=4.300E+09
RES3 OH+HC10=CIO+H-0 A=9.000E+09
RE54 e +Cl=CI~ A=1.000E+10
RES5 e +ClL=CI+CI" A=1.000E+10
RE56 e +CIOH=CI"+OH"~ A=1.000E+10
RES57 e+HCIO=CIOH" A=5.300E+10
RES8 e +CL=Cl>~ A=1.000E+10
RES9 H+CI=ClI"+H" A=1.000E+10
RE60 H+Cl.=CI"+HCl A=8.000E+09
RE61 H+CIOH =CIl+H20 A=1.000E+10
RE62 H+CL=Cl.+H* A=7.000E+09
RE63 H+HCIO=CIOH +H* A=1.000E+10
RE64 H+Cl;=Cl.~+HCI A=1.000E+10
RE65 HO:+CL=CI"+HCI+O- A=4.000E+09
RE66 HCI=CI+H* A=5.000E+05
RE67 HO>+Cl=Cl, +H"+O> A=1.000E+09
REG68 HO:+Cl3=Cl.+HCI+O- A=1.000E+09
RE69 O +CL=CI+CI™+02 A=1.200E+10
RE70 O +HCIO=CIOH +0O:2 A=7.500E+06
RE71 H20:+Cl,=HCI+HCI+0O2 A=1.400E+05
RE72 H20:+Cl.=HO:+CL:+H"* A=1.900E+02
RE73 H20-+HCIO=HCI+H20+0:> A=1.700E+05
RE74 OH+Cl.=CIOH+CI~ A=7.300E+06
RE75 OH +CL=HCIO+CI~ A=1.000E+10
RE76 H*+CIOH=CI+H20 A=2.100E+10
RE77 H20+Cl20=HCIO+CIlO>+H~* A=2.000E+02
RE78 H20+C1>0:=0,+HCIO+HCI A=0.000E+00
RE79 H20+Cl.O=HCIO+HCIO A=1.000E+02
RES&0 H>0+Cl.04=CIlO>+CIlOs+H"+H* A=1.000E+02
RESg1 H.0+Cl.04=HCIO+HCI+04 A=1.000E+02
RES2 04=0,10- A=1.000E+05
RES3 ClI+CI=Cl>" A=2.100E+10
RE&4 CI+CIOH=CL-+OH~ A=9.000E+04
RES85 CI'+HCIO=Cl,+OH" A=6.000E-02
RE&6 ClI+CL=Cls~ A=1.000E+04
RER7 CIOH=OH+CI~ A=6.100E+09
RES8S8 Cl=CI+CI” A=1.100E+05
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Number Chemical reactions K=M7s!
RES89 Cl;+CL=Cls+CI~ A=7.000E+09
RE90 Cli=CL+CI~ A=5.000E+04
RE91 Cl1O+CIO=CI202 A=1.500E+10
RE92 ClO2+C10.=C1.04 A=1.000E+02
RE93 CLO:+Cl0,=ClOs+CLO A=1.000E+02
RE9%4 HCIO+HCIO=CI+CIlO, +H*+H* A=6.000E-09
RE95 ClOz+HCIO=CI+CIOs+H* A=9.000E-07
RE96 HCIO+HCIO=0>+HCI+HCI A=3.000E-10
RE97 Fe**+OH=Fe**+OH~ A=4.300E+08
RE98 Fe**+Cl=Fe*+CI~ A=1.300E+10
RE99 Fe*+Cly=Fe**+CI+Cl~ A=3.100E+07
RE100 Fe?*+ClO2=ClO2+Fe** A=3.000E+03
RE101 Fe3*+HO=Fe**+H*+0- A=3.100E+05
RE102 Fe**+E=Fe?" A=6.000E+10
RE103 Fe3+H=Fe*+H" A=1.200E+09
RE104 Fe*+H.O>=Fe*+OH+OH" A=7.000E+01
RE105 OH-+HCI10.=Cl02+H-0 A=6.3E09
RE106 e +HClO.=CIO+OH~ A=4.5E10
RE107 e~+HCIOs=ClO2+OH~ A=4.0E6
RE108 H>0+Cl.0,=HCIO+HCIO- A=2.0E02
RE109 H20+Cl.04=HCIO,+HClOs3 A=1.0E2
RE110 Cl.02+HC10.=HCIOs+CL>O A=1.0E2
REI111 H*+CO3*=HCOs" A=5.00E10
REI112 CO2+H20=H"+HCOs5 A=7.00E01
RE113 H*+HCO3=CO2+H,0 A=1.00E10
RE114 HCO3=CO3*+H" A=2.00E00
RE115 CO2+e=CO2 A=7.70E09
REL116 HCO3z+OH=CO3+H20 A=8.50E06
RE117 CO3*+0OH=CO3+0OH" A=3.90E08
RE118 HCO3+H=H2+CO3" A=4.4E04
RE119 CO3%+e=COy+20H+H20 A=3.90E05
RE120 2C03=C,0¢* A=1.40E07
REI121 2C03=C02+C0O4* A=7.00E06
RE122 CO3+H20,=C0O3*+02-+2H* A=9.80E05
RE123 CO3+HO,=C0O3*+0, +H* A=1.00E07
REI24  CO3+0;=C03*+0; A=4.00E08
RE125 CO3+C0O2=C0Os%+CO0> A=3.00E08
RE126 CO2+e=HCO2+OH+H20 A=1.00E09
RE127 CO2+C0O2=C204* A=6.50E08
RE128 CO2+02=C0O2+02 A=2.00E09
RE129 CO2+H20,=C0O,+OH+0OH A=7.30E05
RE130 CO2+HCO3=HCO2+CO3" A=1.00E03
RE131 C206%=C204>+0> A=1.00E00
RE132 C206>=HO,+OH-+2C0,+H,0 A=2.00E02
RE133 CO3+C2047=C204+CO3* A=3.00E03
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Number Chemical reactions K=M7's!
RE134 C2047+e'=C204*> A=3.10E07
RE135  Cy04#+0OH=C,04+0H" A=7.70E06
RE136 C204+C204=C204+2CO0> A=4.80E08
RE137 C204+02=02+2C0O> A=5.00E09
RE138 C204=C0O2+COy A=0
REI139 CO3+HCO2=HCO3+CO2 A=1.5E05
RE140 HCO2+OH=H,0+CO2 A=3.2E09
RE141 HCOy;+H=H>+CO> A=2.10E08
RE142 OH+HCO3=C03*+H,0 A=1.00E09
RE143 CO3%+H20=0H+HCO3 A=3.60E03
RE144 CO3+C03=C04*+CO> A=7.00E06
RE145 H20+C042=HO,+CO+0OH" A=2.00E-01
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Appendix 5 Statistical Analysis of Removal Efficiency

CQ HCQ CQ HCQ EB EB-F
Dose
(KGy) EB  EB-F EB EB-F | EB-EBF EB-EBF | CQ-HCQ CQ-HCQ
0 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00
0.50 40.17 70.13 | 34.18 74.94 29.96 5.99 4.81 40.75
0.92 58.88 82.32 | 51.29 81.57 23.44 7.59 -0.75 30.28
1.52 67.03 85.04 | 58.19 84.07 18.01 8.84 -0.97 25.88
2.01 71.60 86.52 | 66.21 85.44 14.92 5.39 -1.08 19.23
3.05 7496 87.34 | 72.99 94.26 12.38 1.97 6.92 21.27
5.04 78.59 89.73 | 75.90 94.81 11.13 2.69 5.08 18.91
6.95 82.01 91.00 | 79.73 94.89 8.99 2.28 3.89 15.16
sum 118.84 34.75 17.90 171.48
d 14.85 4.34 2.24 21.44
SD 9.16 3.07 3.26 11.84
83.83 9.43 10.66 140.18
o 0.05 0.05 0.05 0.05
df 7.00 7.00 7.00 7.00
cv 1.895 1.895 1.895 1.895
t 4.589 4.001 1.938 5.121
significant significant | significant significant
difference  difference difference difference
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Appendix 6 Statistical analysis of dosimetry using silver dichromate, alanine pellets, and

alanine solution
Dose Ag:Cr207 A-Sol A-
(kGy) (kGy) (kGy) Pell
(kGy)
d1 d2 d3 d4 di-d2 di-d3 di-d4 d2-d3 d2-d4 d3-d4
0 0.000 0.000 0.000 | 0.000 0.000 0.000 0.000 0.000 0.000
0.5 0.500 0.269 0.590 | 0.000 0.231 -0.090 0.231 -0.090 -0.321
1 0.922 0.833 1.140 | 0.078 0.167 -0.140 0.089 -0.218 -0.307
1.5 1.524 1.471 1.695 | -0.024 0.029 -0.195 0.053 -0.171 -0.224
2 2.013 2.099 2300 | -0.013 -0.099 -0.300 -0.086 -0.287 -0.201
3 3.048 3.157 3.340 | -0.048 -0.157 -0.340 -0.110 -0.292 -0.183
5 5.044 5359 5450 | -0.044 -0.359 -0.450 -0.315 -0.406 -0.091
7 6.953 7.895 7.710 | 0.047 -0.895 -0.710 -0.942 -0.757 0.185
sum | -0.005 -1.084 -2.225 -1.079 -2.220 -1.141
d -0.001 -0.135 -0.278 -0.135 -0.278 -0.143
SD 0.043 0.358 0.226 0.363 0.231  0.169
\% 0.002 1.156 4.383 1.151 4.367 1.168
o 0.050 0.050 0.050 0.050 0.050 0.050
df 7.000 7.000 7.000 7.000 7.000 7.000
cv 1.895 1.895 1.895 1.895 1.895 1.895
t -0.034 -0.926 -3.008 -0.910 -2.942 -2.064
8-
7 -

< Lo}
1 1

()

Experimental dose (kGy)
N IS

—&— Ag,Cr,0,
—&— Alanine-Solution

—h— Alanine-Pellet

3
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Appendix 7 Statistical analysis of removal efficiency with regard to the initial concentration of CQ

25 50 75 100 125
mg/l. mg/lL. mg/. mg/L mg/L
:l)((();sy(; d1 d2 d3 d4 ds di-d2 d1-d3 di-d4 d1-d5 d2-d3 d2-d4 d2-d5 d3-d4 d3-d5 d4-dS
0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00
0.50 77.82 63.10 59091 51.59 47.97 14.73 17.91 26.23 29.85 3.18 11.50 15.13 8.32 11.95 3.62
0.92 84.68 7599 71.57 65.75 59.55 8.69 13.11 18.93 25.13 4.43 10.24 16.45 5.82 12.02 6.20
201 9435 84.72 77.26 75.40 73.63 9.63 17.09 18.95 20.73 7.46 9.32 11.09 1.86 3.63 1.77
4.01 9597 91.67 88.40 83.37 78.39 4.30 7.57 12.59 17.58 3.27 8.29 13.28 5.03 10.01 4.99
695 99.19 9444 92.67 87.32 84.47 4.75 6.53 11.88 14.73 1.78 7.13 9.98 5.35 8.20 2.85
sum 42.10 62.21 88.58 108.02  20.11 46.49 65.92 26.38 45.81 19.43
d 7.02 10.37 14.76 18.00 3.35 7.75 10.99 4.40 7.64 3.24
SD 5.12 6.92 8.91 10.33 2.52 4.09 5.90 2.98 4.86 2.23
v 26.17 47.94 79.48 106.73 6.36 16.70 34.79 8.90 23.62 24.78
o 0.05 0.05 0.05 0.05 0.05 0.05 0.05 0.05 0.05 0.05
df 5.00 5.00 5.00 5.00 5.00 5.00 5.00 5.00 5.00 5.00
cv 2.01 2.01 2.01 2.01 2.01 2.01 2.01 2.01 2.01 2.01
t 3.36 3.67 4.06 4.27 3.26 4.64 4.56 3.61 3.85 3.56
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Appendix 8 Statistical analysis of removal efficiency with regard to the initial concentration of HCQ

25 50 75 100 125
mg/LL.  mg/LL.  mg/L mg/L mg/L
g‘(’;sy‘; d1 d2 d3 d4 d5 |di-d2 d1-d3 di-d4 d1-d5 d2-d3 d2-d4 d2-d5 d3-d4 d3-d5  d4-d5
0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00
0.50 68.02 50.10 39.28 45.60 43.82 17.92 28.74 22.42 24.20 10.82 4.50 6.28 -6.32 -4.54 1.78
0.92 78.95 70.42 61.57 56.73 57.49 8.52 17.38 22.21 21.45 8.85 13.69 12.93 4.84 4.08 -0.76
2.01 90.28 77.87 77.86 76.01 72.51 12.42 12.42 14.27 17.77 0.01 1.85 5.36 1.84 5.35 3.51
4.01 93.93 85.31 80.67 78.10 74.43 8.62 13.26 15.83 19.49 4.65 7.21 10.88 2.57 6.23 3.67
6.95 92.71 89.94 86.27 83.00 79.21 2.77 6.45 9.71 13.51 3.67 6.94 10.73 3.27 7.06 3.79
sum 50.24 78.25 84.44 96.42 28.00 34.20 46.18 6.20 18.18 11.98
J 8.37 13.04 14.07 16.07 4.67 5.70 7.70 1.03 3.03 2.00
SD 6.46 9.79 8.44 8.65 4.47 4.82 476 3.94 4.46 2.00
A% 41.79 95.83 71.22 74.90 19.97 23.27 22.69 15.51 19.89 -19.92
o 0.05 0.05 0.05 0.05 0.05 0.05 0.05 0.05 0.05 0.05
df 5.00 5.00 5.00 5.00 5.00 5.00 5.00 5.00 5.00 5.00
CcVv 2.02 2.02 2.02 2.02 2.02 2.02 2.02 2.02 2.02 2.02
t 3.17 3.26 4.08 4,55 2.56 2.89 3.96 0.64 1.66 2.45
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Appendix 9 Statistical analysis of removal efficiency with regard to COD, TOC, chloride, and nitrogen

COD TOC NH.' Cl
Dose | CQ HCQ | CQ HCQ | cQ HCQ | cQ HCQ
(kGy) (d) (d) (d) (d) (d) (d) (d) (d)
000 | 000 000 | 000 000 | 000 000 [ 000  0.00
050 | 967 3367 | 050 575 | 233 180 | 0.0  1.50
092 | 1733 3700 | 650 667 | 248 224 | 1.10  1.50
201 | 1667 2933 | 550 638 | 264 219 | 160  1.70
401 | 1700 3100 | 11.00 930 | 233 217 - -
695 | 1733 3333 | 950 925 | 195 174 - -
sum | 78.00 16433 | 33.00 3734 [ 1172  10.14 | 2.80  4.70
d 13.00 2739 | 550 622 | 195 169 | 070  1.18
SD 703 1367 | 453 340 | 098 085 | 078 079
v 4942 186.82 | 2050 1156 | 097 073 | 056  0.93
a 005 005 [ 005 005 | 005 005 | 005 005
df 500 500 | 500 500 | 500 500 | 400  4.00
v 202 202 | 202 202 | 202 202 | 213 213
t 453 491 | 298 448 | 486 485 | 220  3.65
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Appendix 10 Toxicity analysis of CQ and degradations products

Acute toxicity

Chronic toxicity

) ) . . Qreen . . Qreen
m/z chemical structure Organism | Fish  Daphnia Algac Fish  Daphnia Algac
Duration | 96-hr 48-hr 96-hr
End Pt LCso LCso ECso ChV ChV ChV
m/z chemical structure Class mg/L mg/LL. mg/L | mg/L mg/L mg/L
T,
)Ci/\/Nr
‘_CH, . .
i e Aliphatic [ 000 0104 | 0034 0024 0.043
320 o Amines
N/
CH,
oot Aliphatic s 00 g sas 0008 | 0114 0055 0.115
292 m Amines
|
W
N oH, Aliphatic
247 Amines 1.73 1.21 2.18 0.217 0.214 0919
S
|/
N
CH, (CH’ Aliphatic | 05 6 595 743 | 503 061 235
158 J\/\/N CH Amines ’ ’ ’ ’ ’ )
H.N N~ 8
B\ A al
o
370 m_\T_,_.\H_,.L\:] on Aliphatic 63.4 7.62 6.19 3.6 0.631 2.07
NN Amines
Aliphatic
50 J\/\/( PHte ] 706 79 74 5 0.609 234
OH NS
ﬂ/\
N ne Aliphatic |, 9.13 114 | 161 126  3.93
279 HO A OH Amines
|/

N
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Appendix 11 Toxicity analysis of HCQ and degradation products

Acute toxicity Chronic toxicity
m/z chemical structure Organism | Fish ~ Daphnia Green Fish  Daphnia Green
Algae Algae

Duration | 96-hr 48-hr 96-hr

End Pt LC50 LC50 EC50| ChV ChV ChV

m/z chemical structure Class mg/L mg/L  mg/L | mg/L mg/L  mg/L

CH,
A, Aliphatic |5 1.82 118 | 0547 0.168 0.429

336 m Amines
&

— L
NS Aliphatic | 5 20 g ers 9298 | 0114 0055 0.115
292 /dj Amines

|“\.

W

_u)\/\/ng/\ ., Aliphatic

308 Amines
S,
7
Cl

H, ( . .
i, | Aliphatic | o 5 373 271 | 141 0.326 0.942

352 . Amines
N
0

35.9 4.45 3.4 1.86 0.379 1.16

70 IHJ] “ Aliphatic | 834 762 619 | 36 0631 207
I N Amines
HN'
~
P Aliphatic | o, 108 763 | 185 102 195

179 Amines

CH, Neutral

CH, .
175 H[/K/\/E\/\ N Organics

)

385 38.1 45.5 39.7 2.61 13.2
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Acute toxicity Chronic toxicity

. . . . Green . . Green
m/z chemical structure Organism | Fish  Daphnia Algac Fish  Daphnia Algae

Duration | 96-hr 48-hr 96-hr

End Pt LC50 LC50 EC50| ChV ChV ChV

m/z chemical structure Class mg/L mg/LL. mg/L | mg/L mg/LL. mg/L
279 HN H,.C . .
HO P Aliphatic 14.2 9.13 114 1.61 1.26 3.93
| Amines
N
cH rLIII . .
334 S, Aliphatic |, o, 17 16 | 109 131 506

Amines
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Appendix 12 Data sheet of properties of CQ and HCQ

cQ

HCQ

Molecular weight
(g/mol)

Chemical formula

IUPAC name

Solubility

pKa

Log P

Absorption

Bioavailability

Cmax

Imax

Volume of
distribution

Protein Binding

Terminal
elimination half-
life

Excretion

Clearance

320

Ci1sH26CIN3

7-chloro-N-[5-
(diethylamino)pentan-2-
yllquinolin-4-amine

Freely soluble in water as
phosphate and sulfate form

4.0,8.4and 10.2

3.85 (experimental)
4.12 (calculated from Clog P)

89 + 16% (oral, fasting subjects)

52— 102% (mean 78%) as 300 mg
oral solution form

67-114% (mean 89%) as 300 mg
tablets form

122.10-733.52 ng mL™* (oral
150 mg CQ tablets)

14.0-28.0 days (oral 150 mg CQ
tablets)

65,000 L

33-70% (plasma)

20-60 days

40— 60% unchanged or
metabolized drug through kidneys
8-25% unchanged or changed for
in feces

5% sloughed off through skin
25-45% stored long-term in lean
body tissues

0.10 L h™* kg™* from whole blood
and 0.7to 1 L h™* kg™* from plasma

336

Ci1gH26CIN3O

2-({4-[(7-chloroquinolin-4-
yl)amino]pentyl}(ethyl)amino)ethan-1-ol

2.61.10-2 g L™! (in water as sulfate salt)

<4.0,8.3and 9.7

4.72 (experimental)
5.06 (calculated from Clog P)

74 £ 13% (oral, fasting subjects)

Relative bioavailability was 109.5% (according to AUCO—
60d) and 110.7% (according to AUCO—e=) (0.2 g HCQS
tablets)

135-422 ng mL! (oral 200 mg HCQS tablets)

1.5-7.0 h (oral 200 mg HCQS tablets)

47,257 L

33-70% (plasma)

~40 days

40-60% unchanged or metabolized drug through kidneys
8-25% unchanged or changed for in feces

5% sloughed off through skin

25-45% stored long-term in lean body tissues

15.5 L h™* from blood
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